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PROPOSITIONS

1. Geochemical models are an essential tool to explore element mobility during land-
fill waste treatment (this thesis)

2. Understanding the fate of ammonium requires insight in chemical and biological
processes (this thesis)

3. Carbon sequestration strategies are not sustainable in polluted environments
4. Striving for perfectly fitting models compromises their reflection of reality
5. Zoos are essential in the urban age to keep in touch with nature

6. Propositions are to stimulate debate, rather than to be right.
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Chapter 1

General introduction

Frank van Raffe






1.1. SUSTAINABLE LANDFILLING

Global annual generation of municipal solid waste (MSW) reached 2.1 billion tonnes
in 2023, and is estimated to increase to 3.8 billion tonnes by 2050 (United Nations En-
vironment Programme, 2024). The increasing waste production, coupled with a general
shift towards sustainability through policy initiatives such as the European Green Deal
(Fetting, 2020; Paleari, 2022), has steered governments towards more sustainable waste
management options (Scharff, 2014). Governments promote the re-use and recycling of
materials rather than incinerating the waste or disposing the waste in landfills (Das et al.,
2019; European Parliament and Council of the European Union, 2008), striving towards a
circular economy (Pires & Martinho, 2019). Yet problems such as quality degradation (Lee
et al.,, 2014) or concentration of contaminants (lonas et al., 2014) during material recy-
cling, and the existence of untreatable waste and waste residues, means landfills remain
essential as an endpoint for waste. This continuing necessity, and the estimated several
100,000 legacy landfills in Europe alone (J. H. Brand & Spencer, 2024; Nicholls et al., 2021),
highlights the importance of sustainable landfill management.

Landfills are the second highest global emitter of the potent greenhouse gas methane
(EEA, 2024) and produce leachate with a high concentration of contaminants (Kjeldsen
et al,, 2002; Moody & Townsend, 2017). Hence, modern sanitary landfills are required to
be surrounded by impermeable layers (Council of the European Union, 1999). Gases are
thereby captured and either flared or, if of high enough quality, used for energy genera-
tion (Yechiel & Shevah, 2016); landfill leachate is captured and, at a cost, treated off-site (J.
Gao et al., 2015; Renou et al., 2008). This mode of landfill operation minimizes emissions
to the environment, yet the created conditions within the waste body halt waste degra-
dation processes and thereby sustain the environmental threat. Consequently, aftercare
costs, i.e. monitoring, leachate treatment, and replacement of impermeable barriers, are
passed on to future generations (Scharff et al., 2011; Turner et al.,, 2017).

To move towards a more sustainable management of landfills, where future generations
are no longer burdened by presently generated waste, the Dutch government signed
the Green Deal “Sustainable Landfill Management” in 2015 (E. Brand et al., 2016). The
Green Deal resulted in three landfill-scale pilot projects to explore active treatment of
waste through aeration (Ritzkowski & Stegmann, 2012) or leachate recirculation (Bilgili et
al., 2007). Both active treatments aim to accelerate waste stabilization, reducing leachate
contaminant concentrations to a level where they adhere to previously derived emis-
sion testing values (ETV; (E. Brand et al., 2016; Dijkstra et al., 2018)). At this point, costly
aftercare is no longer required, and financial costs are significantly reduced (Berge et al.,
2009). The active treatment of the pilot landfills is evaluated via an extensive monitoring
programme, including continuous analysis of gas, continuous analysis of leachate quality
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and production, and the sampling and characterization of solid waste at the start and
end of active treatment.

Reducing leachate contaminant concentrations in the most effective manner requires an
understanding of the underlying processes steering the fate of contaminants in the land-
fill. Acquiring a full understanding is complicated by the complexity of landfills, which
are highly heterogeneous in waste composition and contain preferential flow paths
(Bareither et al., 2010; Oonk et al., 2013). Consequently, research on landfill-scale active
treatment effects focuses mostly on changes in leachate quality (Benson et al., 2007;
Brandstatter et al., 2020; L. Liu et al.,, 2018; Morris et al., 2003). Mechanistic studies, e.g.
in landfill simulation reactors, instead have a relatively narrow scope and focus on macro
parameters and gas production (Brandstatter et al., 2015a, 2015b; Cerminara et al., 2020;
Erses et al., 2008; Fricko et al., 2021a). Mechanistic research on “trace” contaminants such
as copper, chromium, or lead is thus largely lacking. To better understand the underlying
processes during active treatment, the project “Coupled multi-process research for reduc-
ing landfill emissions” (CURE) was called into life (Figure 1.1). This thesis specifically focuses
on work packages 4 and 5 of CURE, to explore how geochemical models can help better
understand the geochemical behaviour of the different contaminants in landfills. In this
first chapter, a brief review of relevant background knowledge is given, together with an
identification of knowledge gaps that will be further explored in this thesis.

Experimental
field studies WP1 WP2
In-situ stabilization Influence of gas and liquid
Q processes flow paths
&/
Experimental
laboratory studies WP3
.. Biogeochemical Ll e N
? F process studies
Component
Modelling WP4 WP5 WP6

Geochemical > Geochemical - Travel time distribution
multi-surface model reactive transport and storage age
model model

I N

integrated modelling WP7
ﬁ' Prediction of long-term emissions from landfills

Figure 1.1 Outline of the “Coupled multi-process research for reducing landfill emissions” project
which aims to understand the processes underlying reduced landfill emissions via aeration or leach-
ate recirculation of the waste body and in which this thesis is embedded via work package (WP) 4
and 5.



1.2. LANDFILL CONTAMINANTS AND THEIR CHEMICAL
SPECIATION

Waste landfill leachate contains a diverse range of contaminants (Eggen et al., 2010),
ranging from traditional contaminants such as heavy metals (Baun & Christensen, 2004;
Kjeldsen et al., 2002) and well known organic pollutants (Marttinen et al., 2003), to emerg-
ing contaminants such as PFAS (Capozzi et al., 2023; Lang et al., 2017; Sabba et al., 2025),
microplastics (GodvinSharmila et al., 2023; P. He et al., 2019), and pharmaceuticals (Lu et
al., 2016; Masoner et al., 2016). To constrain the scope of this thesis, specific focus will
be placed on inorganic contaminants, of which ammonium (NH,") is considered the con-
taminant of highest concern (Berge et al., 2005; Wijekoon et al,, 2022). This scope aligns
with the focus of the previously derived ETV (Dijkstra et al., 2018).

The fate of contaminants is linked to their environmental speciation, as contaminants
are present in the environment as various chemical species in the dissolved and solid
phase (Figure 1.2; Ure & Davidson, 2008). Dissolved species are more mobile (Hemond &
Fechner, 2022) and bioavailable (Allen et al., 1980; Parker et al., 1995) and hence pose a
larger environmental threat. Knowledge on contaminant speciation additionally provides
insights on the steering factors and most prevalent species behind emissions, which can
be essential to achieve effective reductions in contaminant emissions. Previous research
in soil systems highlighted the importance of pH and the reactive soil surfaces clay,
organic matter (OM), and metal (hydr)oxides (Carter et al., 2009; Hernandez-Soriano &
Jimenez-Lopez, 2012; Maguire et al., 1981). This importance has been further shown in
contaminated matrices, e.g. bottom- and fly ashes (Dijkstra, Van Der Sloot, et al., 2006;
Luo et al.,, 2019; Meima & Comans, 1997, 1998a; Tiwari et al., 2015; H. Zhang et al., 2008),
and slags (Loncnar et al., 2016, 2022; Tiwari et al., 2015). The question is whether the same
holds true for solid landfill waste.

While the large variety of contaminants in contaminated matrices behaves wildly dif-
ferent, contaminants are typically separated into three distinct groups based on their
differences in pH-dependent solubility: non-reactive contaminants, reactive anions, and
reactive cations (Hyks et al., 2009; Luo et al., 2019; Van Der Sloot & Dijkstra, 2004; H. Zhang
et al., 2008). Non-reactive contaminants, as their name implies, do not react with the solid
matrix and hence remain in solution as either a free ion or an inorganic complex. Reactive
anionic contaminants preferentially bind to the positively charged surface of metal (hydr)
oxides (Adegoke et al.,, 2013; Cornelis et al., 2008). The binding decreases with increasing
pH, as the metal(hydr)oxide surface becomes less positively charged and above the high
pH of the point-of-zero charge (~pH 7.5 - 10) turns to an overall negative charge (Kos-
mulski, 2016). For reactive cationic contaminants binding to (hydr)oxides may similarly
be of importance (Dijkstra et al., 2004), yet cations are mostly expected to bind to the pH
dependent negatively charged OM (Benedetti et al., 1996). Additionally, (macro) cations

General introduction

-
-




o ‘ Chapter 1

can bind to clay minerals (Barré et al., 2007; Whitworth, 1998), which have a permanent
negative charge thanks to isomorphic substitution (Q. Wang et al., 2017). Aside from
binding to reactive surfaces, cations and anions are known to form mineral precipitates
when the solution is saturated with respect to specific minerals.

All three above-mentioned groups of contaminants are present in landfills, as are the
three reactive surfaces. The relatively high OM content of landfills (Ostman et al., 2006)
means OM binding is likely of high importance compared to more soil-like matrices.
Metal (hydr)oxide binding can be of additional high importance even for cationic con-
taminants, thanks to the generally high pH of landfills (Kjeldsen et al., 2002; Moody &
Townsend, 2017). This high pH, together with high contaminant concentrations (Kjeldsen
et al,, 2002) and CO, pressures, also favours the formation of mineral precipitates, includ-
ing carbonate- and hydroxide minerals (Dijkstra, Van Der Sloot, et al., 2006; Dijkstra, Van
Zomeren, et al., 2006; Manning, 2001). Finally, the reducing conditions of landfills likely
results in the formation of sulphide minerals (Flyhammar, 1997).
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Figure 1.2 An overview of environmental speciation of a metal compound (represented by the
green circle “Mez*") between different pools. The solution pool is directly available to organisms
and typically considered to pose the biggest environmental threat; the reactive pool contains spe-
cies which can become available with time or different environmental conditions; the total pool
contains species which do not become available.



Landfills often contain high concentrations of NH,*, reaching concentrations over 1000
mg/l. The high amounts of OM in the landfill release NH," upon breakdown (Brandstatter
et al., 2015b), which under anaerobic landfill conditions cannot be nitrified and trans-
formed to nitrate (Sahrawat, 2008) and thus accumulate in the leachate. Ammonium is
known to bind to clay minerals and specifically the frayed edges of 2:1 clays (Alshameri et
al., 2017; Evangelou & Lumbanraja, 2002; Nieder et al., 2011), and to OM (Nommik, 1970;
Yin et al.,, 2022; L. Zhang et al., 2016). The latter may be particularly relevant in the OM
dominated landfills, although the binding potential of NH," to OM is not yet quantified
in ion binding models (see section 1.4). In addition to chemical binding, various other
processes can be of high relevance in the complex matrix of landfills, among which the
precipitation of the mineral struvite (D. Kim et al., 2007; R. Kumar & Pal, 2015), the release
of NH,* from waste breakdown (Brandstatter et al., 2015b), nitrification and denitrification
(Aharoni et al., 2022; Jianlong & Ning, 2004; Yi et al., 2025), and anaerobic ammonium oxi-
dation (M. Kumar & Lin, 2010; Valencia et al., 2011). These processes have been outlined
previously (Berge et al., 2005), but only specific paths have been quantified during active
treatment in reactor studies (Brandstatter et al., 2015b; Fricko et al., 2021a), and as such
the most effective measures for NH,* reduction remain unknown.

1.3. THE PILOT LANDFILLS AND THE EFFECTS OF ACTIVE
TREATMENT

Active treatment of waste landfills has been investigated already for several decades, and
its impact on leachate quality and gas production has shown potential. While different
forms of active treatment exist, the most common forms are to either re-introduce treated
leachate (leachate recirculation) or to introduce air into the landfill (aeration) (Laner et al.,
2012). The specific treatments, particularly those of the pilot landfills, and their intended
effects will be discussed below. Locations of the pilot landfills, their overall composition,
and a graphical depiction of the active treatments are shown in Figure 1.3.

Leachate recirculation is being tested in the Kragge landfill, a landfill containing predomi-
nantly municipal solid waste. Treated leachate is partly discharged and partly treated in
an ANAMMOX water purification system to remove NH," (Liang & Liu, 2008) before being
re-introduced in the landfill together with surrounding groundwater. The system remains
anaerobic, and the degradation of waste, and particularly OM, is stimulated via the mixing
of microbes present in the landfill and via achieving an optimal moisture content (Rein-
hart & Al-Yousfi, 1996). During leachate recirculation, gas production has been observed
to increase and become enriched in methane (Benson et al., 2007; Erses et al., 2008; L. Liu
et al., 2018; Oonk et al., 2013; San & Onay, 2001). The improved gas quality increases the
efficiency of energy generation, while the enhanced degradation potentially results in an
increased reactivity of solid OM and a decrease in dissolved OM concentrations (Olk et al.,
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2019). Leachate recirculation stimulates leachate production, which should result in the
flushing of (non-reactive) contaminants from the waste body (Benson et al., 2007; Bilgili
et al., 2007). While in recirculated landfills NH,* is removed at a more efficient rate due to
increased breakdown (Benson et al., 2007), concentrations likely remain high due to the
prevailing anaerobic conditions (Berge et al., 2005; Bilgili et al., 2007).

Aeration is being tested in the Braambergen landfill (Figure 1.4), a landfill containing
predominantly contaminated soil and soil remediation residue, and in the Wieringermeer
landfill, a landfill containing a mix of commercial, municipal, and construction waste.
Wieringermeer has continuously been subjected to over-extraction, in which landfill gas
is extracted to create a negative pressure and thereby stimulate air entering the landfill;
Braambergen started with 2 years of overextraction, followed by 2 years of combi-aeration
(active gas extraction and ambient air injection), and then continued under overextrac-
tion. In both cases, aeration is intended to create aerobic conditions in the landfill, which
has known benefits (Rich et al., 2008; Ritzkowski et al., 2006; Ritzkowski & Stegmann,
2012). First and foremost, aerobic degradation of
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Figure 1.3 a) Locations of the pilot landfills; b) overview of aeration, as applied at Wieringermeer

and Braambergen; c) overview of leachate recirculation, as applied at Kragge; d) general composi-
tion of the different landfills.



organics is significantly more efficient than anaerobic degradation (Kristensen et al.,
1995). An enhanced gas production is thus expected, which for aeration mainly consists
of CO, instead of methane (Raga et al.,, 2015; Sohoo et al., 2021). Likewise, an increase in
the chemical reactivity of solid OM and a decrease in dissolved OM concentrations can be
expected. The enhanced degradation can result in temperature increases up to 70 °C and
higher (Raga et al.,, 2015), potentially enhancing or reducing most biological, physical,
and chemical processes. The creation of aerobic conditions dissolves sulphide minerals
and thereby releases contaminants into solution, and promotes the formation of metal
(hydr)oxides which provide a new binding surface for contaminants (Caille et al., 2003;
Dewey et al., 2023; Li et al., 2024). Finally, an important benefit of creating aerobic condi-
tions is the potential to transform NH," to nitrate via nitrification (Sahrawat, 2008; Zeng
et al, 2012). This NH," transformation, coupled with denitrification in anaerobic zones to
transform nitrate to nitrogen gas, means aeration is a potentially efficient method of N
removal from landfills (Dang et al., 2023; Hao et al., 2010).

The above effects have been established based either on studies in media other than
landfill waste, i.e. soils and sediments, or based on measurements of only gas production
and leachate quality in treated landfills or, more commonly, landfill simulation reactors.
The exact changes in the solid waste during active treatment therefore remain unknown.
Furthermore, while changes in the chemical environment during active treatment are
hypothesized and, in part, have been measured previously (P. J. He et al., 2006; Ritzkowski
et al.,, 2006; Sanphoti et al., 2006), their exact influence on the geochemical behaviour of
contaminants and their resulting concentrations in landfill leachate is currently unknown.
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Figure 1.4 The aeration infrastructure present at the Braambergen landfill.
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1.4. GEOCHEMICAL MODELLING OF ENVIRONMENTAL
MEDIA

A core component of this thesis is the multi-surface geochemical model (Di Bonito et al.,
2024), which is a tool to calculate the environmental speciation discussed in section 1.2.
Several geochemical models exist, including VISUAL-MINTEQ (Gustafsson, 2022), PHRE-
EQC (US EPA, 2009), and the software used in this thesis: ORCHESTRA (Meeussen, 2003).
Each model has a similar functionality, where separate ion binding models - used to
calculate binding to clay, OM, and metal (hydr)oxides — are combined with an underlying
thermodynamic database to calculate the formation of inorganic complexes and mineral
precipitates.

Various ion binding models exist for each of clay, OM, and metal (hydr)oxides. lon binding
models are typically parameterized by conducting independent adsorption experiments
of elements in the presence of a purified material, e.g. illite for clay (Gu & Evans, 2007),
humic- or fulvic acid for OM (Oste et al., 2002; Otero-Farifia et al., 2023; J. Xu et al., 2016),
and goethite (Antelo et al., 2005) or ferrihydrite (Gustafsson & Antelo, 2022; Mendez &
Hiemstra, 2020) for metal (hydr)oxides. The results of these adsorption experiments are
subsequently used to derive independent binding parameters. As described below, for
most widely studied elements these datasets have typically been combined to derive “ge-
neric” parameters which are universally applicable. Although the models mostly function
on a similar basis, the underlying theory and purified materials from which their param-
eters have been derived vary. Calculations on clay binding often assume characteristics of
the 2:1 clay illite, which is the most common clay mineral in temperate soils (Barré et al.,
2007; Van Der Salm et al., 1998), and binding is often calculated either based on electro-
static interactions using Donnan-type models or via ion-exchange selectivity coefficients
(Evangelou & Phillips, 2018). Metal (hydr)oxide binding calculations commonly assume
binding solely to iron (hydr)oxides, taking characteristics either of the amorphous fer-
rihydrite or more crystalline goethite to calculate binding to (de)protonated (hydr)oxide
groups. Metal (hydr)oxide ion binding models include the generalized two-layer model
(Dzombak & Morel, 1990; Karamalidis & Dzombak, 2010; Mathur & Dzombak, 2006) and
the CD-MUSIC model (Hiemstra & Van Riemsdijk, 1996). Finally, models for calculating
the binding to OM generally use reactive humic substances (HS) as a model compound:
particularly humic acid (HA) and oftentimes fulvic acid (FA). While the existence of HS is a
subject of debate due to their operational definition (Hayes & Swift, 2020; Kleber & Lehm-
ann, 2019; Lehmann & Kleber, 2015), their distinct chemical characteristics have proven
suitable to predict environmental speciation (e.g. Dijkstra et al., 2009; Gustafsson et al.,
2014; Klinkert & Comans, 2020; Otero-Farina et al., 2023; Xiong et al., 2013). lon binding
models for binding to organic matter include the Stockholm Humic Model (Gustafsson,
2001), Model VI/VII (Tipping, 1998; Tipping et al., 2011), and the NICA-Donnan model (Kin-
niburgh et al., 1996). All these models consider the heterogeneity inherent to HS by pa-



rameterizing binding to both carboxylic- and phenolic acids together with the existence
of either multiple sites or a“non-ideality” parameter for each surface group to represent a
distribution in binding affinities.

Multisurface geochemical models have been applied for different environmental media,
including (contaminated) soils (Dijkstra et al., 2004; Uddh-Séderberg et al., 2024; Van
Eynde et al,, 2020; Wiersma et al., 2025), sediments (Canavan et al, 2007), composts
(Klinkert & Comans, 2020), ashes (Dijkstra, Van Zomeren, et al., 2006; Luo et al.,, 2019;
Meima & Comans, 1997; H. Zhang et al., 2008), slags (Loncnar et al., 2022), and solid waste
(Van Der Sloot et al., 2017). These applications were oftentimes successful, yet samples
were characterized ex-situ using select chemical extractions. Underlying processes are
thus likely disturbed, and relevant aspects, such as the prevailing in-situ redox state, are
not always adequately considered. Considering that reducing conditions likely prevail in
landfills and are expected to be of high importance in the overall contaminant behaviour
(section 1.2), the question arises whether in-situ characterisation and subsequent model-
ling is a feasible alternative.

Another important aspect when discussing the quality of geochemical modelling is
the quality of the underlying parameter set, as these are intrinsically linked. For a mul-
titude of inorganic contaminants, the parameters for OM binding have been derived
from several datasets (Milne et al., 2003) and have been thoroughly evaluated. Yet for
two contaminants which currently do not meet the ETV, i.e. NH," and Cr (Dijkstra et al.,
2018), this is not the case. As previously mentioned, NH," is typically assumed to bind
to clay; while binding to HS has been observed this has not yet been quantified. For Cr
HS-binding parameters do exist yet are based on limited or no experimental data; this has
previously resulted in poor model predictions (Koopmans & Groenenberg, 2011). Hence,
these parameters should be improved to better understand the behaviour of NH,* and Cr,
particularly in contaminated systems such as landfill leachates where these contaminants
are not compliant with environmental limit values.

1.5. THESIS OBJECTIVES

This thesis’ objective is to better define the geochemical mechanisms controlling
contaminant leaching from solid waste and how these mechanisms can be used to
further understand the effects of aeration and leachate recirculation on landfill leachate
concentrations. A large knowledge base already exists on mechanisms driving element
solubility, yet knowledge on the most relevant mechanisms within solid waste landfill
bodies is nearly absent. The intention of this thesis is to first develop this knowledge
from controlled laboratory studies, similar to what has been done for other contaminated
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matrices, and subsequently apply this to samples that are representative of actual field

conditions. The objectives of this thesis are thus as follows:

1. Establish the geochemical mechanisms controlling the leaching of relevant inorganic
contaminants, organic matter, and ammonium extracted from solid landfill waste.

2. Improve the binding parameter set of ammonium and chromium, to enable more ac-
curate geochemical modelling and ultimately improve our understanding of underly-
ing processes that control their solubility in landfills.

3. Understand how active treatment of landfill waste via aeration and leachate recircula-
tion affects the mechanisms underlying contaminant solubility and the consequent
leaching of contaminants from solid waste.

4. Determine the vertical heterogeneity of contaminant concentrations in landfill pore
water, and assess the applicability of lab-derived underlying geochemical mecha-
nisms in predicting the field pore water concentrations.

1.6. THESIS STRUCTURE

To achieve the listed objectives, this thesis is divided into 6 chapters. This includes the
current general introduction (chapter 1), four content chapters, and a synthesis chapter.
Each content chapter constitutes part experimental work and part modelling work and
is devoted towards answering one (or several) of the research objectives. An overview of
the different content chapters is given in Figure 1.5.

In chapter 2, the underlying geochemical mechanisms behind contaminant leach-
ing from untreated waste are explored using pH dependent tests in conjunction with
geochemical modelling. Specific focus is placed on the different types of contaminants
mentioned in section 1.2, as well as on dissolved organic matter and ammonium. The
results of this controlled lab experiment address objective 1 and form the basis for all
subsequent chapters

In chapter 3, improved NICA-Donnan binding parameters for Cr are derived to fulfil ob-
jective 2. Adsorption experiments of chromium to humic- and fulvic acid are conducted
and the free ionic chromium species is determined, which was previously discovered to
be significantly underestimated by the commonly used generic parameter set. Fitting
software is used to derive improved binding parameters, which are validated
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Figure 1.5 An overview of the general thesis, which is separated between investigation of geo-
chemical processes (blue) and improvement of the used geochemical model (green). This graphical
overview was created in

against independent data sets of chromium binding to humic acid, free chromium in
water extracts, and water extractable chromium.

In chapter 4, the changes in contaminant leachate concentrations during aeration and
leachate recirculation are investigated in landfill simulation reactors to answer objective
3. Results are modelled by defining a set-up in three steps: 1) modelling pH dependent
tests, similar to chapter 2; 2) modelling water extracts of solid waste sampled from the
reactors during operation; 3) modelling leachate flowing out of the landfill simulation
reactors. The model approach, initially set up in chapter 2, is expanded to better evaluate
how contaminant leachate is affected by aeration and/or leachate recirculation.

In Chapter 5, pore water in the recirculated Kragge landfill is investigated for its chemical
composition, to answer objective 4. A novel pore water monitoring system is installed
to take samples in the saturated and unsaturated zone across a vertical transect. The
geochemical model, set up in chapters 2 and 4, is applied with assumed properties of
the solid waste to establish the relevant geochemical processes of the field situation.
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In Chapter 6, the content of chapters 2 to 5 is synthesized and placed in the context
of reducing contaminant leachate concentrations during active treatment. A reflection is
made of the limitations and implications of the research. Objectives 3 and 4 are further
explored by discussing the trends in leachate concentration from the different actively
treated landfills studied in the CURE project. Objective 2 is completed by discussing an
improved modelling description of ammonium. Finally, this thesis’ results are outlined
against the emission target values (E. Brand et al., 2016; Dijkstra et al., 2018), to evaluate
the previously derived values and the feasibility of adhering to the set limits within the
foreseen project duration.
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ABSTRACT

With the intention of making landfilling more sustainable, three full-scale projects
have been set up to investigate the effects of leachate recirculation and aeration on
the stabilisation of contaminants. Prior to this (an)aerobic stabilisation, solid waste was
sampled from all three landfills to identify the mechanisms behind contaminant leach-
ing and stabilization, as a reference point for evaluation of the treatment effects at a
later stage of the project. Processes underlying the leaching of a wide range of inorganic
contaminants were identified using a combined approach of pH dependent leaching
experiments, organic matter fractionation, and geochemical modelling. We addition-
ally focused on organic matter, being an important surface controlling the leaching of
inorganic elements, and ammonium, for which compliance with intended environmental
limit values for sustainable landfill management is challenging for many landfills. Three
types of pH dependent leaching behaviour could be identified for the investigated
elements: non-reactive behaviour, anionic behaviour, and cationic behaviour. Reactive
elements, including ammonium, showed maximum dissolved concentrations around the
upper and lower ends of the pH range, while leaching of non-reactive elements was pH
independent. Organic matter became increasingly soluble with increasing pH, while its
relative composition became increasingly enriched in fractions reactive for metal bind-
ing, most notably humic acid, only for the most organic landfill. The organic signature
of the waste samples, together with their varying organic matter content, resulted in
distinct differences in leaching behaviour between landfills. These differences result from
the seemingly strong influence of organic matter on the pH at which minimum solubility
of elements occurs, being lower for elements with higher organic matter binding affinity,
an effect being more pronounced for more organic-rich samples. The model, based on
independently determined generic sorption parameters, provided adequate descriptions
of most elements, yet arsenic and ammonium were poorly described due to mechanisms
not captured by the model while chromium was inadequately described due to limita-
tions of the current binding parameters. As the three landfills have been shown to differ
strongly with respect to waste properties (e.g. organic versus. inorganic) an important
outcome of this study is that landfill-specific combinations of proposed treatment strat-
egies (aeration, leachate recirculation) are necessary to reduce the leaching of specific
contaminant groups to below limit values and are anticipated to be most effective for less
mature landfills characterized by a lower ratio of solid to dissolved OM.



2.1 INTRODUCTION

In striving towards more sustainable waste management, many governments are striving
to decrease the fraction of waste ending up in landfills, e.g. the waste hierarchy of the
European Waste Framework directive proclaiming preferring re-use and recycling over
disposal (European Parliament and Council of the European Union, 2008). Nevertheless,
landfills remain necessary for untreatable waste and residues. Landfills are a long-term
environmental threat due to gaseous emissions and the generation of leachate rich in
(in)organic contaminants, which — if not properly managed - can enter the underlying
soil and pollute ground- and surface waters (Kjeldsen et al., 2002; Moody & Townsend,
2017; Powell et al., 2016; Siddiqua et al., 2022). To prevent this pollution, landfill closure
is in many countries followed by legally prescribed “eternal” aftercare, which involves
leachate treatment and the placement of artificial barriers to restrict flow (Laner et al.,
2012; Scharff et al., 2011). Eternal aftercare is perceived an unsustainable practice, which
shifts its associated costs to future generations. In an effort to explore more sustainable
practices in the Netherlands, a so-called “Green Deal” was signed between the Dutch
government, the Dutch Sustainable landfill Foundation, and landfill operators in 2015 (E.
Brand et al., 2016). This agreement instigated three landfill-scale projects in 2016, which
investigate the effects of long-term “active treatment” on existing landfills, i.e. leachate
recirculation (Reinhart & Al-Yousfi, 1996) and/or aeration (Ritzkowski & Stegmann, 2012).
The intended effect of this treatment, which is anticipated to last for 10 years, is to reduce
contaminant concentrations in the leachate through flushing, degradation, or retention
in the solid phase. If effective, the emission potential of the landfill is expected to be
reduced and thus its aftercare period significantly shortened (Berge et al., 2009; Rich et
al., 2008). The embedding of the projects within the Green Deal and a large associated
research programme ensures an extensive monitoring programme of emissions in the
leachate and gas phase, together with sampling and characterization of the solid waste
at the beginning and end of the treatment period. This approach results in the acquisition
of a large data set, with high temporal resolution, over an extended period of active treat-
ment on a landfill scale. Ultimately, leached contaminant concentrations need to comply
with legally derived site-specific emission target values for the projects to be a success
and for the landfills to be released from their aftercare (E. Brand, 2014; E. Brand et al.,
2016; Dijkstra et al., 2018).

Taking effective steps in reducing contaminant leaching, and having a scientific under-
pinning that the thus obtained reductions are sustainable, requires an understanding of
the underlying processes. The determination of leaching behaviour at different pH levels
has proven its value in the identification of leaching processes in both natural materials
(Cappuyns & Swennen, 2008; Carter et al., 2009; Dijkstra et al., 2004, 2009; Uddh-Soder-
berg et al., 2024) and waste materials (Astrup et al., 2006; Cappuyns & Swennen, 2008;
Dijkstra, van der Sloot, et al., 2006; Komonweeraket et al., 2015; Quina et al., 2009; Van
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Der Sloot et al., 2017; H. Zhang et al., 2008). As shown in several of these studies, further
identification of underlying mechanisms can be accomplished through complementary
geochemical modelling to calculate the speciation of targeted elements by taking into
account mineral formation and adsorption to different reactive surfaces. This comple-
mentarity has previously allowed for the distinction of elements showing three different
types of environmental behaviour: non-reactive, anionic, and cationic (Hyks et al., 2009;
Luo et al.,, 2019; Van Der Sloot & Dijkstra, 2004; H. Zhang et al., 2008). While elements with
non-reactive behaviour are characterized by a limited interaction with the solid matrix
and hence no pH dependence, elements with anionic and cationic behaviour both show
a maximum in dissolved concentrations at the upper and lower ends of the pH range;
the minimum solubility occurs around pH 5 for anions and at variable but higher pH for
elements with cationic behaviour. This behaviour is related to the pH dependent charge
and solubility of metal (hydr)oxides and organic matter (OM), protonation and hydrolysis
of the element, and precipitation of mineral forms. Cations and particularly anions can
strongly bind to metal (hydr)oxides (Brandely et al., 2022; Gustafsson & Antelo, 2022;
Tiberg et al., 2020), which shift from a positive net surface charge below the point-of-zero
charge (PZC) to a negative net charge above the PZC (Hiemstra & Van Riemsdijk, 2009;
Kosmulski, 2016), resulting in enhanced cation adsorption and decreased anion adsorp-
tion with increasing pH. The solubility of these metal (hydr)oxides increases below pH 5
and above pH 8 (X. Liu & Millero, 1999), where their (partial) dissolution results in a release
of adsorbed ions into solution. Cations can furthermore strongly bind to OM, which has
a negative charge already at low pH and becomes increasingly negatively charged with
increasing pH (Milne et al., 2001; Van Zomeren et al., 2009). The enhanced solubility of
OM with increasing pH (Dijkstra et al., 2009) results in an increased solubility at higher pH
for cations with an affinity for OM binding. Additionally, protonation of anions at low pH
- reducing their negative charge - and increasing complexation of cations with hydroxyl
ions (OH) at high pH - reducing their positive charge — generally reduces binding for ele-
ments of both groups to these reactive surfaces and partially off-sets the aforementioned
effects of pH on their adsorption. Finally, potentially solubility controlling mineral phases
of several anions typically have a solubility minimum around pH 5, e.g. Wulfenite (Pb-
MoO,; (Conlan et al., 2012; Vlek & Lindsay, 1977)); for cations, the pH at which potentially
solubility controlling minerals are stable varies, yet for common hydroxide and carbonate
minerals is generally above pH 7.

To our knowledge, the combination of pH dependent leaching, detailed organic matter
fractionation as a function of pH, and geochemical modelling has not previously been
applied to landfilled solid waste. The high OM content present in landfill waste (Ostman
et al,, 2006) is expected to result in a high importance of OM solubility. The OM solubil-
ity is known to be strongly affected by pH (Dijkstra et al., 2004, 2009), yet a thorough
investigation of the pH dependent solubility of specific OM fractions relevant for element
binding, i.e. humic acid (HA) and fulvic acid (FA) (Hayes & Swift, 2020), has to our knowl-



edge so far only been published for municipal solid waste incinerator bottom ashes
(Dijkstra, Van Zomeren, et al., 2006). In addition, geochemical modelling calculations
were found to be most sensitive to the description of OM binding properties in soil with
varying organic matter contents, ranging from 0.3 — 12 % (Wiersma et al., 2025). Instead,
oftentimes general assumptions are made regarding the reactive fraction of OM (e.g. 50%
of dissolved OM (DOM) is HA (Dijkstra et al., 2009) or 100% of DOM is FA (Uddh-Soderberg
et al.,, 2024)), while the DOM composition is likely to shift with changing pH considering
the differences in pH-dependent solubility between thehumic fractions (Van Zomeren
& Comans, 2007). Additionally, there have not yet been any published investigations on
the pH dependent solubility of ammonium (NH,") from landfilled waste, despite that it is
considered one of the contaminants of highest concern in landfill waste. Ammonium ac-
cumulates in the leachate due to constant release during waste degradation and the lack
of a removal pathway under anaerobic conditions (Berge et al., 2005). The generally high
NH,* concentrations in the leachate require major reductions to comply with the current
emission target values (E. Brand et al., 2016). Insights into the mechanisms that control
NH," partitioning between the solid waste and leachate are thus of major importance to
enable the development of effective measures to reach the defined target values.

This study explores the underlying geochemical processes governing contaminant re-
lease from solid waste of three different landfills, using the combined methodology of pH
dependent tests with geochemical modelling. Particular focus is placed on the solubility
of OM and its reactive HA and FA subfractions, enabling novel insights in the speciation
of these important fractions and enabling a more complete model parametrization as
opposed to the commonly made assumptions, as well as on NH,". To this end, waste
samples from all three landfills were taken prior to the start of active treatment. Similar
sampling will be conducted at the conclusion of the pilot to investigate the develop-
ment of waste stabilization and improvement of leachate quality. The solid waste was
subjected to pH-dependent tests, where underlying mechanisms were further explored
using geochemical modelling. Ultimately, the insights gained through the results of this
study are linked to prospects of reducing environmental emissions in the three different
landfill pilots based on different treatment strategies.

2.2. MATERIALS AND METHODS

2.2.1. Solid waste samples

The sampling procedure developed for this project is outlined in detail in Lammen et al.
(2019). In short, waste sampling was conducted at the start of the pilot experiments in
2016 and 2017 for all three pilot landfills, a thorough description of which is given by
Yi et al. (2025): Braambergen 11 north (Bra), which was landfilled from 1999 until 2008
with predominantly contaminated soil, soil remediation residues, and construction and
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demolition (C&D) waste, and which was subjected to aeration starting from 2017; Kragge
(Kra), which was landfilled from 1997 until 2007 with predominantly commercial and
domestic waste as well as C&D waste, and which was subjected to leachate recirculation
starting from 2018; Wieringermeer (Wie), which was landfilled from 1992 until 2003 with
predominantly commercial waste, composting waste, and contaminated soils, and which
was subjected to aeration starting from 2017. Due to the large scale of the pilot compart-
ments (4, 5, and 3 ha for Bra, Kra, and Wie, respectively) and the large heterogeneity inher-
ent to landfill waste, large amounts of waste had to be properly sampled, homogenized,
and pre-treated to obtain the highest representativeness that was practically achievable.
Consequently, 12 boreholes were drilled per landfill compartment in vertical steps of 2
metres using a Sonic Samp drill with a diameter of 88 mm. All landfills are covered with
a layer of top soil. For Wie the first two metre drilling was discarded to not include this
top soil, whereas for Kra and Bra this drilling was included as the shallower top soil layer
of these landfills (~1 metre compared to 2 metres for Wie) meant a significant portion of
the first drilling consisted of waste. Inclusion of the cover layer likely slightly “diluted” the
top samples of Kra and Bra, as the cover layer has a relatively lower content of inorganic
elements and reactive surfaces. The samples were mixed at three different depth intervals
(dubbed “top”, “mid", and “bot”), resulting in 9 “mixed” samples total (Table 2.1). Data on
landfill depth and solid waste characteristics are presented in Table 2.1. After mixing,
samples were pre-treated to fulfil experimental criteria — namely a particle size <4 mm
- using sieves and a shredder. Portions of 20 kg of the waste were stored at -18 °C until
waste characterization and leaching tests as described below.

2.2.2. Waste characterization

2.2.2.1. pH static leaching test

The pH static leaching test (NEN-EN 14997, 2015) characterizes the leaching of contami-
nants as a function of pH. In short, fresh samples, conserved for 5 years at -18 °C, were
extracted with ultrapure water (UPW) at a UPW/waste ratio of 10 L/kg in 8 parallel batches
at pre-defined pH values. This was done through continuous automatic addition of acid
(HCI) or base (NaOH) to vary the pH between 2 - 12; one batch was extracted at the
natural pH (i.e. no acid/base addition). Contrary to preliminary experiments (Lammen et
al,, 2019; Van Raffe et al., 2021), HCl was used instead of HNO; in order to not disturb the
speciation of NH," in the leachates (see Results section). Samples were equilibrated for 48
hours under continuous stirring, and subsequently filtered (0.45 pm) before determining
a wide range of inorganic elements using Inductively Coupled Plasma Mass Spectrometry
(ICP-MS) and Optical Emission Spectrometry (ICP-OES) in acidified filtrates. Organic and
inorganic dissolved carbon (Skalar San++ segmented flow analyser), chloride, and am-
monium (Discrete Analyzer) were determined in unacidified filtrates. Dissolved OM was
further fractionated into HA, FA, hydrophilic acid (Hy), and hydrophobic neutrals (HON)
using the rapid batch fractionation method (ISO 12782-5, 2012; Van Zomeren & Comans,



2007). While only HA and FA are assumed to contribute to element binding, Hy and HON
are determined for complete OM characterization.

Table 2.1 Characteristics of the analyzed waste.

Landfill  Layer Depth Natural  SHA® SFA® HFO" DHA® DFA®
pH
[m-sur- [-] [gC/kg]l [gC/kg]l [g/kg] ImgC/ll  [mgC/l]
face]
Braamber- Top 0-4 7.85 2.26 0.02 17.88 0.03 3.01
gen®
Braamber- Mid 4-8 7.5 1.24 0.34 18.75 0.05 10.79
gen
Braamber- Bot 8-12 7.5 0.67 0.36 17.35 0.00 12.08
gen
Kragged Top 0-6 7.5 5.21 0.46 18.75 1.19 15.00
Kragge Mid 6-12 7.5 4.09 0.80 27.72 13.76 51.02
Kragge Bot 12-16 7.45 4.38 1.03 2553 13.61 66.03
Wieringer- Top 2-6 7.75 1.76 0.26 14.12 0.08 5.19
meer
Wieringer- Mid 6-10 7.55 3.80 0.44 15.38 0.42 16.83
meer
Wieringer- Bot 10-14 7.75 2.80 0.46 12.62 0.55 19.85
meer

*Solid humic acid and solid fulvic acid, determined according to (ISO 12782-4, 2012)

®Hydrous ferric oxide, calculated using the amount of amorphous (ISO 12782-1,2012; ISO 12782-3, 2012)
and crystalline (ISO 12782-2, 2012) iron and aluminium (hydr)oxides.

“Dissolved humic acid and dissolved fulvic acid, measured at natural pH according to (ISO 12782-5, 2012)

“Including approximately 1 m of cover soil

2.2.2.2 Solid waste characteristics

The solid phase was further analysed for several parameters required for the geochemical
modelling. Solid HA, FA, Hy, and HON were estimated using the rapid batch fractionation
method (ISO 12782-4, 2012; Van Zomeren & Comans, 2007). Crystalline and amorphous/
nanocrystalline iron (Fe) (hydr)oxides were estimated using a dithionite extraction (DCB)
(ISO 12782-2, 2012). Amorphous/nanocrystalline Fe and aluminium (Al) were estimated
after an ascorbic acid (asc) extraction (ISO 12782-1, 2012) and an ammonium oxalate
(AmOx) extraction (ISO 12782-3, 2012) respectively. Geochemically reactive amounts
of contaminants were estimated using the 0.43 M HNO; extraction (Groenenberg et al.,
2017;1S0O 17586, 2016).
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2.2.3. Geochemical modelling

Geochemical modelling was conducted akin to the modelling approach of Dijkstra et
al. (2004) but with important differences regarding, amongst others, the representation
and parameterization of solid and dissolved organic matter, as described below. Ele-
ment speciation - including binding to DOM, binding to solid reactive surfaces (Fe- and
Al (hydr)oxides, OM, clay), and mineral precipitation/dissolution — was calculated in the
ORCHESTRA framework (Meeussen, 2003). Specifics on the used binding models and
their relevant inputs are outlined below. General inputs consisted of the fixed setpoint
pH, pe (assuming pH + pe = 12, implying overall oxidizing conditions based on prelimi-
nary evaluation of pH-dependent leaching behaviour of the redox sensitive elements Fe
and Mn and the observed absence of sulphidic conditions in most samples), dissolved
concentrations of background solutes, and the total reactive concentration of the to-be-
modelled element. Compared to Dijkstra et al. (2004) a more elaborate approach was
followed in which elements were each modelled in separate model runs, instead of all
elements simultaneously in a single model run. This approach allows for more accurately
taking competition effects into account between the element under study and other
elements competing for sorption sites. To this end, the to-be-modelled element had its
input set to the total reactive amount; the background dissolved concentrations of all
other major elements and competing elements were fixed to their measured dissolved
concentrations.

Adsorption to Fe- and Al (hydr)oxides was modelled using the generalized two-
layer model (Dzombak & Morel, 1990). This approach combines the separately measured
amounts of Fe/Al (hydr)oxides into one proxy: hydrous ferric oxide (HFO). Al is combined
with Fe due to the limited database of binding parameters for Al (hydr)oxides (Meima &
Comans, 1999), and is assumed to behave similarly to Fe oxides (Karamalidis & Dzombak,
2010; Mathur & Dzombak, 2006). As such, amorphous Al and Fe (hydr)oxides (as measured
using the AmOx and asc extraction, respectively) are recalculated assuming a molar ratio
of 95 g Fe/mol HFO and 84 g Al/mol HFO (Hiemstra & Van Riemsdijk, 2009), and assigned
a reactive surface area of 600 m*/g (Dzombak & Morel, 1990). Crystalline oxides are calcu-
lated by subtracting the amorphous/nanocrystalline (hydr)oxides from DCB extractable
(hydr)oxides, and recalculated assuming a molar ratio of 89 g Fe/mol HFO and 78 g Al/
mol HFO, and assigned a reactive surface area of 100 m*/g (Dijkstra et al., 2009; Van Eynde
et al,, 2020). Total HFO was subsequently corrected for binding to SOM and DOM, based
on separate model calculations, and for mineral dissolution, based on dissolved Fe and
Al as measured in the pH dependent test and assuming dissolution of amorphous (hydr)
oxides. Alterations of the binding affinities listed by Dzombak & Morel (1990) are adopted
from the following studies: for the elements lead (Pb) (Meima & Comans, 1998a), anti-
mony (Sb) (Meima & Comans, 1998b), molybdenum (Mo) (Gustafsson, 2003), Fe(ll), and
carbonic acid (Appelo et al., 2002).



Adsorption to OM was modelled using the NICA-Donnan model (Kinniburgh et al., 1996).
Model inputs consisted of solid HA, solid FA, dissolved HA, and dissolved FA according to
their measured concentrations. All fractions were assumed to have a carbon content of
50% (Pribyl, 2010). In general, element binding was calculated using the generic binding
parameters derived by Milne et al. (2003, 2001). Fe binding to FA was calculated using
the binding parameters of Hiemstra and Van Riemsdijk (2006), Tin (Sn) binding to HA was
calculated using the binding parameters of (Dijkstra et al., 2009), and Pb binding to FA
and HA was calculated using the binding parameters of Xiong et al. (2013). Furthermore,
vanadium (V) was set to only form the reduced V(lll), which is known to be prevalent in
organic environments and to bind strongly to OM (Gustafsson, 2019).

Controlling mineral phases were determined based on preliminary modelling calcula-
tions. In a first step, saturation indices (SI) were calculated for all minerals in the MINT-
EQV4 database together with additional potentially solubility controlling minerals (see
Table S2.1 for a list of added minerals, and their reaction equations in ORCHESTRA) with
pH, pe, and dissolved concentrations of elements, HA, and FA as model input. If for at
least one pH value the Sl was between -1 and 1, the mineral was considered potentially
solubility controlling. In a next step, minerals were selected based on their likelihood of
presence and/or formation under landfill conditions. Finally, potentially solubility con-
trolling minerals were individually modelled to test how adequately they explained the
experimentally observed pH dependent behaviour. An overview of ultimately considered
minerals — predominantly carbonate, hydroxide, and silicate minerals - and altered pa-
rameter values are given in Table S2.2.

Preliminary modelling, assuming a significantly overestimated clay content of 20% based
on unpublished data, and using a Donnan approach according to Dijkstra et al. (2009,
2004), showed clay to be of little importance on modelled pH dependent leaching pat-
terns (Figure S2.1), in agreement with previous studies (Dijkstra et al., 2004). Therefore,
electrostatic adsorption to clay was not further taken into account for this study.

2.3. RESULTS & DISCUSSION

2.3.1. Waste homogeneity and vertical heterogeneity

A preliminary experiment, in which pH was adjusted with HNO; instead of HCl (Van Raffe
et al., 2021), showed chloride (Cl) to remain stable for all landfills and layers across the
entire pH range (Figure 2.1). With Cl being a fully mobile element the limited pH depen-
dent effects are expected, yet the relatively invariant concentrations between each of the
parallel batches of the pH dependent test are an indication of the effectiveness of the
sample homogenization strategy. Additionally, the consistently lower Cl concentration
in each landfills’ top layer gives first insights into leaching mechanisms. This lowered
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concentration may be partly due to inclusion of the relatively Cl-poor cover soil, yet as
this soil was discarded for the Wie landfill this is not the sole reason. Presence of older
waste of different composition in the deeper layers can be an alternative explanation,
yet this would also result in different concentrations in deeper layers for other elements,
e.g. Al or Zn, while this is not found. Lower concentrations in the top layers are in some
cases also found for other poorly reactive elements, i.e. potassium (K) for Kra and Wie and
sulphur (S) for Bra (Figure S2.2), as well as DOM and associated elements (as discussed
in the following sections). Based on the above considerations, this feature is interpreted
as a depletion from the top layer due to down flushing and subsequent accumulation in
deeper layers.

2.3.2. pH-dependent leaching behaviour and speciation

The measured pH-dependent leaching is depicted for major and trace elements together
with corresponding modelling predictions (Figures 2.2, 2.6, & S2.3) and for OM frac-
tions (Figure 2.4 & Figure S2.26). The calculated solid- and dissolved phase speciation
of selected elements for the Kra landfill is shown in Figure 2.3; solid phase speciation is
divided between adsorption to the different reactive solid surfaces and mineral forma-
tion; dissolved phase speciation is divided between the free cation or anion in solution,
all inorganic species including protonated forms, and adsorption to dissolved HA and
FA. Detailed speciation graphs for all elements and all three landfills and their different
layers are present in the Sl (Figures 52.4 - S2.25). A thorough evaluation of all measured
substances shows that the three typical types of leaching behaviour, i.e. non-reactive, an-
ionic, and cationic, can also be distinguished for these landfill samples, as further outlined
below.

Bra Kra Wie
- 3e-03 1 o g e, @
=
% 2e-03 B & A layer
£ 2| m & N = = 8 1§
o) (1
g 1emPo 0% o Po ®o o © o 0% o Bot
&)

0e+00 +———————————
0 2 4 6 8 1012140 2 4 6 8 10 12 140 2 4 6 8 10 12 14
pH [-]
Figure 2.1 Concentration of chloride as a function of pH for all three landfills and all three depth
intervals, measured in a preliminary experiment in which HNO; instead of HCl was used as acid for
pH control.



2.3.2.1. Non-reactive behaviour

Elements with non-reactive behaviour are characterized by a pH independent leaching
pattern, which can be observed for Cl (Figure 2.1) and to some extent for K, Li, and S (Fig-
ure S2.2). This pH independence is related to the limited interactions of these elements
with the solid waste matrix, resulting in only limited differences between the landfills and
landfill layers.

2.3.2.2. Anionic behaviour

Anionic behaviour is observed for the elements Mo (Figure 2.2), arsenic (As), phosphorus
(P), and Sb (Figure S2.3). The multi-surface model describes this behaviour adequately
for Mo and Sb, predicting the formation of Wulfenite (PbMoO, (Conlan et al., 2012; Vlek
& Lindsay, 1977)) at low pH and particularly for Bra and Wie which are characterized by a
lower content of reactive surfaces compared to Kra. At higher pH the model predicts the
adsorption to Fe/Al (hydr)oxides for both anions, together with a shift between the free
ion and inorganic complexes of Mo in the dissolved phase (Figures 2.3, S2.4, and S2.12).
The model adequately describes the solubility of P at high pH (Figure S2.3), predicting
the precipitation of Ca-phosphate (Figure S2.13), while the pH dependent solubility is
inadequately described at low pH. Note that P in Kra shows a more pronounced anionic
behaviour compared to Wie and Bra, particularly in the middle and bottom layer. This is
likely related to stronger dynamics of OM for these layers, as described below, enhanc-
ing competition with P for binding sites and solubilizing organic P (Curtin et al., 2016;
McLaren et al.,, 2015; Y. Yan et al., 2023). For As the model inadequately predicts a cationic
behaviour (with a minimum solubility around pH 8) with solely binding to Fe/Al (hydr)
oxides (Figure S2.11), instead of the observed anionic behaviour. This cationic behaviour
was previously ascribed to the possibly incomplete description of competitive adsorption
by other ions such as phosphate and fulvic acids (Dijkstra et al., 2009), the latter being
even more likely in these highly organic landfill environments with correspondingly high
fulvic acid concentrations, as described below.

2.3.2.3. Cationic behaviour

Cationic behaviour can be observed for Al, barium (Ba), calcium (Ca), cadmium (Cd), cobalt
(Co), chromium (Cr), copper (Cu), Fe, magnesium (Mg), manganese (Mn), nickel (Ni), Pb,
silicon (Si), Sn, Strontium (Sr), V, and zinc (Zn) (Figures 2.2 and S2.3). The pH at which the
concentration minimum occurs is variable; the cationic contaminants in Figures 2.2 and
S2.3 are ordered from top to bottom based on the pH at which the solubility minimum
is observed. The position of this minimum is the net result of the affinity of the metal for
OM, tending to push the solubility minimum to lower pH to follow the pH-dependent
solubility of OM (Figure 2.4), as described below, and its tendency to form metal hydroxyl
species and (hydr)oxide minerals, pushing the solubility minimum to a higher pH. This ap-
parent interplay is supported by the geochemical model (Figure 2.3), where for example
the higher pH solubility minimum of Mg compared to Cu corresponds with a predicted
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reduced binding of Mg to OM and a higher prevalence of inorganic hydroxy and carbon-
ate species in the dissolved phase. The influence of OM is further corroborated when
comparing the different landfills; the solubility minimum occurs for most elements at sig-
nificantly lower pH for the Kra landfill compared to the other landfills (e.g. for Cu: pH 7 for
Kra, pH 8 for Wie and Bra), related to the relatively high content of OM in the Kra. The Bra
landfill, which has a relatively low content of reactive surfaces, instead shows a relatively
large importance of mineral dissolution/precipitation, e.g. for Cu (Figure $2.6), which is
reflected in the solubility minimum occurring at relatively high pH. The large variation in
OM content and OM solubility between the samples in this study allows for a distinction
between elements based on their relative OM binding affinity and hydrolysing potential
within the cationic group.

The geochemical model mostly predicts the pH dependent leaching behaviour of the
elements showing cationic behaviour adequately (Figures 2.2 and 52.3), including the
corresponding shift in solubility minimum with changing OM affinity. Chromium, known
to strongly bind to OM when present as Cr(lll) (Fukushima et al., 1995; Gustafsson et al.,
2014; Milne et al,, 2003; Wen et al., 2018), i.e. the expected form in the reduced condi-
tions and high OM contents of a landfill (Choppala et al., 2018; Jardine et al., 2011, 2013;
Rai et al., 1989), has a solubility minimum around pH 6 (Figure 2.2). The pH dependent
behaviour of Cr is, however, poorly predicted by the model. Poor model descriptions
for Cr(lll) have been observed previously and have been attributed to inadequate OM
binding parameters (Koopmans & Groenenberg, 2011). These currently available bind-
ing parameters have been derived by linear free energy relationships based on the first
hydrolysis constant of Cr, rather than from actual binding experiments (Carbonaro & Di
Toro, 2007; Milne et al., 2003) and are currently considered to overestimate the binding
affinity (Koopmans & Groenenberg, 2011). While improved binding parameters have
been derived for the Stockholm Humic Model (Gustafsson et al., 2014), an adequate Cr
binding parameter set for NICA-Donnan does not yet exist. Dijkstra et al. (2009) found
an adequate model description of Cr leaching from soil samples, by assuming 50% of
DOM consisted of reactive humic substances and assuming that both reactive DOM and
particulate OM could be represented by “generic” HA in the model. Contrary to the work
of Dijkstra et al. (2009), in the current study the reactivity of DOM is based on measured
concentrations of HA and FA. Introducing both HA and FA was previously found to result
in an overestimated Cr binding dominated by FA (Koopmans & Groenenberg, 2011). This
may also explain our poorer model description compared to Dijkstra et al. (2009). The
adequate modelling of other elements preferentially binding to OM, as discussed later,
further emphasizes the specific inadequacy of the used Cr-FA binding parameters.
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Figure 2.2 Concentration of selected major and trace elements as a function of pH for each land-
fill and depth interval, measured experimentally (markers) and as calculated through multi-surface
geochemical modelling (lines). Samples without pH adjustment are coloured dark grey.
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Cu shows a concentration minimum at a pH of around 7, slightly higher than for Cr, which
is adequately predicted for Bra and Wie by the model yet slightly overestimated for Kra
(Figure 2.2). The predicted solid phase speciation shifts from solely binding to solid OM
(SOM) towards binding to metal (hydr)oxides around neutral pH and the precipitation of
mineral forms (Cu(OH),) at high pH (Figures 2.3 & S2.6). The relative contribution of SOM is
highest for Wie; while the SOM content is higher for Kra than Wie, the higher reactive Cu
concentration of Kra has likely resulted in a higher SOM site occupancy and shift towards
lower-affinity sites, which, together with the relatively higher oxide content of Kra, result
in the increased contribution of metal (hydr)oxides. Further modelling with a 10 times
lower Cu concentration for Kra resulted in a shift toward a higher contribution of SOM
binding (data not shown), confirming the significant effect of Cu loading to the relative
contribution of these two reactive surfaces. In the dissolved phase, binding to DOM pre-
vails above pH 6 for all landfills (Figures 2.3 & $2.6), and remains key in controlling the pH
dependent solubility.

A concentration minimum around pH 8 can be observed for Fe, which in the solid phase
is predicted to be predominantly present in the mineral form ferrihydrite and in the dis-
solved phase predicted to be bound to DOM with inorganic hydroxide species dominat-
ing >pH 10 (Figure S2.7). The previously described shift of minimum solubility towards
lower pH for Kra is well-pronounced for Fe, owing to its high binding affinity

specifically for FA (Hiemstra & van Riemsdijk, 2006). Ni binds to Fe/Al (hydr)oxides across
the pH range in the solid phase, while in solution DOM binding is only of importance for
Kra and the other landfills show predominantly inorganic hydroxide species formation
(Figure 52.8). In the presence of the higher amounts of DOM and SOM in Kra, the predic-
tion of Ni at high pH is substantially better than in Wie and Bra. Mg shows only limited
binding to the solid phase, instead precipitating as the mineral magnesite above pH 8
and brucite above pH 9; in the dissolved phase Mg is predominantly present as free ion
(Figure S2.9), except above pH 9-10 where inorganic hydroxide, carbonate, and sulphate
species are becoming more important, as well as binding to dissolved HA and FA for Kra.
The decreasing binding affinity to OM of these elements again fully reflects the shift in
the solubility minimum in Figure 2.2.

2.3.2.4. Organic matter

The pH dependent solubility of OM and its reactive fractions also show anionic behav-
jour (Figures 2.4 and S2.26). With the reactive fractions of OM having a variable negative
charge, the charging behaviour of metal (hydr)oxides and (de)protonation of OM, result-
ing in decreasing binding with increasing pH, largely explain the observed behaviour.
The deprotonation of OM at high pH further results in an increased repulsion between
constituent molecules in particulate OM and consequently an increased solubility (Weng,
Temminghoff, & Van Riemsdijk, 2002b), while the low calcium (Ca) concentrations at high



pH (Figure S2.3) reduce OM coagulation rates (Kloster et al., 2013; Wall & Choppin, 2003).
The increased solubility at high pH is paired with an absolute increase in the “reactive”
components of the DOM (Hayes & Swift, 2020; Olk et al., 2019) for Kra, becoming par-
ticularly enriched in HA. For Bra and Wie the relative composition of DOM remains rather
invariant across the entire pH range except at pH 2, with a slight enrichment in dissolved
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Figure 2.3 A) Model calculated solid and dissolved phase speciation of molybdenum (Mo), copper
(Cu), and magnesium (Mg) as a function of pH for the different layers of the Kragge landfill. Mea-
sured dissolved concentrations are represented by the black circles; B) Dissolved phase speciation of
Mo, Cu, and Mg as a function of pH for the different layers of the Kragge landfill. Solid colours repre-
sent solid species, white-dotted colours represent dissolved species. Shown mineral precipitates are
PbMo0O4 (Mo), Cu(OH)2 (Cu), Magnesite (Mg; pH 9 — 10), and Brucite (Mg; above pH 10).
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HA at high pH for Wie. The relative enrichment in HA at high pH is related to its lower
charge density compared to FA (Milne et al., 2001; Van Zomeren & Comans, 2009) and its
higher susceptibility to Ca-induced coagulation relative to FA, Hy, and HON (Kloster et
al., 2013; Weng, Temminghoff, & Van Riemsdijk, 2002b). The increasing concentration of
DOM from pH 4 to pH 2 are associated with metal (hydr)oxide dissolution for which HA
and FA have a strong binding affinity (Bao et al., 2022; Y. Xu et al., 2020). All landfills show
significantly lower DOM concentrations in the top layer, again an indication of potential
down-flushing and/or enhanced degradation due to air intrusion.

The observed pH-dependent solubility of OM fractions allows further insight into the
validity of often used assumptions for geochemical modelling, e.g. 50% of DOM being HA
(Dijkstra et al., 2009) or 100% of DOM being FA (Gustafsson et al., 2014; Uddh-Soéderberg
et al.,, 2024). The relatively constant amount of reactive fractions across all pH levels of
40% (Bra) or 50% (Wie) closely follows the assumption of 50% of DOM being reactive, yet
considering this reactive fraction to be HA leads to the application of erroneous param-
eter values as FA was found to be the most prevalent

reactive fraction (Milne et al., 2003). Assuming 100% of DOM to consist of FA would attri-
bute correct parameter values yet instead overestimate DOM reactivity for these samples.
Furthermore, the share of reactive fractions is significantly lower for all samples at pH 2,
while for Kra at higher pH the share of reactive fractions is significantly higher and domi-
nated by HA. Hence, assuming an invariant reactivity percentage of DOM when modelling
across such an extensive pH range is invalid, particularly for more organic rich samples.
The implications of using these simplified assumptions are further investigated through
two additional modelling scenarios: 1) assuming measured reactive SOM is all HA, and
assuming 50% of measured DOM is HA; 2) assuming measured reactive SOM is all HA, and
assuming 50% of measured DOM is FA. Results for Cr, Cu, and Pb are highlighted in Figure
2.5, with results for all elements listed in Figure $S2.27. The assumption of 50% HA, without
consideration of Cr binding to FA, significantly improved predictions of Cr solubility (Fig-
ure 2.5), consistent with the observed overestimated Cr binding to FA discussed above.
Nevertheless, predictions remain poor relative to Dijkstra et al. (2009), which may be
related to the different nature of HA in these waste samples relative to HA in soils. Limited
effects were found for Cu (Figure 2.5), and for most other elements (Figure $S2.27). Assum-
ing 50% of DOM to be HA resulted in a lower Cu solubility at high pH; assuming 50% of
DOM to be FA instead resulted in overestimations. Finally an assumption of 50% of DOM
being HA resulted in significantly worsened predictions for Pb (Figure 2.5), as is also the
case for Cd and Zn (Figure $2.27); assuming 50% of DOM to be FA instead showed little
effects. While the often used assumptions are thus shown to have limited effects only for
most elements, for specific elements considerate impacts can be observed. Additionally,
assumptions can have consequences on the calculated speciation, e.g. a predicted larger



portion of Cu being bound to reactive surfaces around neutral pH when assuming 50% of
DOM is HA compared to assuming 50% of DOM is FA (Figure S2.28).
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Figure 2.4 Concentration of dissolved organic matter (upper panels) and of its subfractions (as a
percentage of total DOC) as a function of pH for each landfill and each depth interval. Note the dif-
ference in y-axis scale in the upper panels for total DOC concentrations in the three landfills. Also
note that the sum of all DOC subfractions for some samples exceeds 100% relative to separately

measured total DOC, or in certain cases is considerably less than 100%; in both cases this is likely
due to analytical uncertainty.

2.3.2.5. Ammonium

The pH dependent leaching of NH," is akin to that of a reactive cation and shows a con-
centration minimum of generally around pH 7, and around pH 10 for the middle and bot-
tom layer of Kra (Figure 2.6). The most organic layers, i.e. the middle and bottom layer of
Kra, have significantly higher NH," concentrations than Bra and Wie. The top layers of all
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three landfills have consistently lower concentrations, a sign of down flushing of NH," or
nitrification due to air intrusion. While a clear pH dependence is observed experimentally,
the model predicts non-reactive behaviour (Figure 2.6). Monovalent ions such as NH," in
soils are predominantly associated with clay minerals (Alshameri et al., 2017; Nieder et al.,
2011; Nommik & Ahtras, 1982). While electrostatic binding to clay mineral surfaces is not
taken into account in the present model, a hypothetical clay content of 20% was found to
have little effect on the predicted pH dependent behaviour of NH," in preliminary model
calculations that included electrostatic binding to clay minerals (Figure S2.1).
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Figure 2.5. Concentrations of chromium, copper, and nickel as a function of pH for each landfill and
each depth interval, measured experimentally (markers) and as calculated through multi-surface
geochemical modelling using measured dissolved and solid HA and FA as input (solid lines), or as-
suming 50% of dissolved OM is HA (dashed lines) or FA (dotted lines). Samples without pH adjust-
ment are coloured dark grey.

The discrepancy between model and experiment indicates that processes explaining
the NH," behaviour are not sufficiently incorporated in the model. This can particularly
concern potential binding to OM (Nommik, 1970; Nommik & Ahtras, 1982; L. Zhang et al.,
2016), selective binding to the frayed edges of 2:1 clay minerals such as vermiculite or llite
(Bruggenwert & Kamphorst, 1979; Evangelou & Lumbanraja, 2002; Nieder et al., 2011), or
precipitation of minerals other than struvite which was already considered in the current
modelling approach (D. Kim et al., 2007; R. Kumar & Pal, 2015). Furthermore, nitrification
may play a role, as this process has a maximum potential around pH 8 in soils (Sahrawat,
2008; Shammas, 1986) coinciding with the observed concentration minimum (Figure
2.6). Nevertheless, NOs; + NO, concentrations remained constant over the entire pH range
(data not shown), suggesting that nitrification during the leaching test is unlikely. The



potential role of nitrification was further investigated through a time-dependent leach-
ing test (section SM2.1 in the SI) of which the results form a further indication that the
experimentally observed pH dependent leaching pattern is more likely to be the result
of sorption processes than of nitrification (Figure 2.7). If nitrification is the cause of the
pH-dependent behaviour, constantly decreasing concentrations with time are expected
at neutral pH while concentrations are expected remain constant at high and low pH
where nitrification is inhibited. Instead, NH,* concentrations significantly increased at
the upper and lower ends of the pH range, and remained relatively unchanged around
neutral pH (Figure 2.7). This observation may indicate that rather than nitrification, sorp-
tion processes control the pH dependent solubility of NH,* and are currently significantly
underestimated by the model. Desorption from the solid phase is observed at conditions
unfavourable for sorption, i.e. low and high pH, and the observed increase is consistent
with time-dependent concentration patterns previously observed by Dijkstra, Van Der
Sloot, et al. (2006).
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Figure 2.6 Concentration of ammonium as a function of pH for each landfill and each depth inter-
val, measured experimentally (markers) and as calculated through multi-surface geochemical mod-
elling (lines). Clay was not considered in the modelling calculations.

2.3.3. Implications for active treatment of landfill waste

The elaborate characterization of in-situ sampled waste from three different depth
intervals in the three pilot landfills of this study was conducted to explain observed dif-
ferences in leaching behaviour between landfills, and identify underlying mechanisms
controlling leaching of individual elements. As such, this study is meant to provide a
baseline that can give direction on how active treatment can be most effectively used
to decrease contaminant concentrations in the leachate. The three categories previously
identified in different environmental media, i.e. non-reactive behaviour, anionic behav-
iour, and cationic behaviour, were also identified here for landfill waste. In general, the
two treatment approaches, i.e. active treatment by leachate recirculation or aeration,
are expected to affect these three contaminant categories differently. Leachate recircu-
lation promotes the throughflow of water and flushing of non-reactive salts and DOM
with associated cations from the major flow paths in the waste body. Observable lower
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concentrations in the top layer of these elements (Figure 2.1) already seem to confirm this
flushing effect through decades of rainwater infiltration prior to sampling and the start
of active treatment. Furthermore, both aeration and leachate recirculation are expected
to stimulate degradation of particularly easily degradable OM, being most effective dur-
ing aeration (Ritzkowski & Stegmann, 2012), and ultimately resulting in more stable and
humic-like OM with a relative enrichment in FA and particularly HA and a consequently
enhanced reactivity of SOM towards metal binding and reduced DOM concentrations
(Olk et al., 2019). Additionally, the enhanced aerobic conditions of the aeration treatment
likely result in further Fe(ll) oxidation and (neo-)formation of Fe/Al (hydr)oxides (Schwab
& Lindsay, 1983). Consequently, both treatments are expected to increasingly stimulate
the retention of elements that strongly adsorb to reactive organic and metal (hydr)oxide
surfaces in the solid matrix, while their mobilization through adsorption to and competi-
tion with DOM (Weng et al., 2011) is reduced e.g. Mo (Figure S2.4), Cu (Figure S2.6), Ni
(Figure S2.8), and Pb (Figure S2.17). The magnitude of active treatment effects may differ
between landfills based on the relative importance of these reactive surfaces as observed
in the present study. The observed ratio of SOM to DOM in the investigated landfills may
already represent different maturation stages, where more mature waste is considered to
have a relatively high amount of SOM compared to DOM. Based on our results, Kra can
be considered the least mature waste, followed by Wie and Bra. The magnitude of active
treatment effects may thus decrease in this order, where particularly for contaminants
with a high affinity for OM leachate concentrations may decrease proportionally to the
achieved enhancement of the SOM/DOM ratio.
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Figure 2.7. Concentrations of ammonium and nitrate + nitrite as a function of pH for the top and
middle layer of the Kragge landfill, measured as a function of pH (markers). Arrows indicate the
change in concentrations with time at the specific pH levels.



Interpreting these results, particularly in the context of active treatment, does require
consideration of the used methodology. In the present study, waste was sampled from
the landfill and directly homogenized. While this has proven to be an effective tool to
identify geochemical mechanisms, translating results to the field requires consideration
of waste heterogeneity and preferential flow paths in the landfill. Assessment of actual in-
situ effects of active treatment requires additional temporal monitoring of landfill leach-
ate and pore water composition (Aharoni et al., 2017; Dahan et al., 2009).

2.4. CONCLUSIONS

Landfilled solid waste samples — sampled from three landfills of different waste origins,
at three different depth intervals, and homogenized to acquire representative samples
- were characterized on their geochemical leaching behaviour. pH static leaching ex-
periments showed reactive elements, including ammonium, had maximum solubility at
highest and lowest pH. The pH of the solubility minimum varied for cationic elements,
which resulted from the interplay between the binding affinity for organic matter (OM)
and the tendency of the element to form hydroxy species and mineral precipitates. This
effect was emphasized for more organic-rich landfills. Increasing pH resulted in increased
OM solubility, where the dissolved OM of the most organic landfill became increasingly
dominated by humic substances and particularly humic acid with increasing pH. The geo-
chemical model mostly adequately predicted this behaviour, however arsenic and am-
monium were poorly predicted, presumably due to binding mechanisms not captured by
the model. Poor predictions were also obtained for chromium, due to limitations of the
currently available generic binding parameters for this metal in the NICA-Donnan model.

The results of this research confirm that a reduction in the concentration of specific
contaminant groups require different treatment strategies for different landfills. Non-
reactive contaminants can only be removed from the waste body by enhanced flushing
with water, which may be a relevant treatment technique to lower the leaching potential
of soluble salts for all of the investigated landfills. Our modelling of leaching processes
shows that for contaminants that (strongly) associate with reactive organic and/or miner-
al surfaces, enhancing the reactivity of organic matter and Fe/Al (hydr)oxides in the solid
phase, and reduction of dissolved organic matter in the leachate by aeration of the waste
body, can be an effective strategy to reduce the leaching of reactive contaminants from
landfill waste. This treatment is anticipated to be most effective in less mature landfills
characterized by a low ratio of solid OM to dissolved OM and particularly for contaminants
with a high affinity for OM binding. Overall, this study has shown that landfill-specific
combinations of proposed treatment strategies (aeration, leachate recirculation) may be
necessary to reduce the leaching of specific contaminant groups to below limit values.
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ABSTRACT

Chromium (Cr) is a metal of high environmental concern which exists as Cr(lll) and Cr(VI)
in the environment, with Cr(VI) considered most toxic and mobile. Humic substances may
reduce Cr(VI) to Cr(lll) while simultaneously binding Cr(lll), reducing its bioavailability and
protecting it against (re-)oxidation. Nevertheless, Cr(lll) binding to humic substances is
insufficiently quantified, as binding constants in ion binding models are based on limited
data and consequently uncertain. In this paper, Cr binding experiments to humic- and
fulvic acid were conducted in conjunction with the Donnan membrane technique to de-
termine the free Cr’* concentration. New NICA-Donnan binding parameters were derived
using ORCHESTRA-PEST, exploring scenarios with solely Cr** binding and additionally
considering Cr binding in the form of CrOH** or Cr,(OH),*". Parameters for the scenario of
combined Cr** and Cr,(OH),* binding were deemed most realistic, yet obtained binding
affinities were unexpectedly low, potentially related to the previously suggested over-
estimated electrostatic contribution particularly for trivalent ions in the NICA-Donnan
model. Validating the new parameters showed a significant improvement compared to
the generic NICA-Donnan parameters in predicting Cr-HA binding in a synthetic system
and in predicting free Cr’* concentrations in soil solution, the most relevant species
concerning toxicity and (bio)availability. The new parameters underestimated binding to
organic matter however, resulting in inaccurate predictions of solid-solution partitioning
in organic-poor deeper soil layers. The new parameters ultimately better reflect the spec-
troscopically identified mechanisms of Cr binding to humic substances, yet found limita-
tions highlight the incorrect description of electrostatic binding by the Donnan model.



3.1.INTRODUCTION

Chromium (Cr) is a metal of high concern for environmental pollution, being present
in high concentrations at polluted sites due to its use in several industries, e.g. tanning,
electroplating, and wood-preservation (Coetzee et al., 2020; Tumolo et al., 2020). Effective
remediation of these sites and proper protection of the environment requires knowledge
on Cr transport and availability.

Cr is present in the natural environment either as Cr(lll) or Cr(VI), with the latter being
more mobile and more toxic (Choppala et al., 2018) yet the former prevailing at organic
matter contents typically present in soils (Jardine et al., 2013). A specific fraction of or-
ganic matter, i.e. operationally defined humic substances (HS) (Van Zomeren & Comans,
2007), play an important role in the speciation and availability of Cr. Humic substances
reduce Cr(VI) to Cr(lll) while simultaneously providing a strong binding surface to prevent
reoxidation and reduce the bio-availability of Cr to plants (Jardine et al., 2011, 2013; Mc-
Grath, 1982; Ohta et al.,, 2012; C. Pan et al., 2017; Reijonen & Hartikainen, 2016; Song et al.,
2006; Stewart et al., 2003; Z. Yang et al., 2021). Mobility of HS-bound Cr is restricted by HS
present in the solid phase, and promoted by HS in the dissolved phase. While HS play a
key role in the fate of Cr, binding of Cr(lll) to HS has been insufficiently quantified, limiting
accurate predictions of Cr behaviour.

Multi-surface geochemical models are a commonly used tool for predicting element spe-
ciation, being an assemblage of models for calculating ion binding to different reactive
surfaces, i.e. metal (hydr)oxides, clays, and HS (Di Bonito et al., 2024). Models used for
calculating binding to HS include the Stockholm Humic Model (Gustafsson, 2001), model
VIVII (Tipping, 1998; Tipping et al., 2011), and the NICA-Donnan model (Kinniburgh et
al., 1999). Cr binding parameters used in these models are based on limited experimen-
tal data, with the generic parameters used in the NICA-Donnan model being derived
solely empirically from linear free energy relations (Carbonaro & Di Toro, 2007; Milne et al.,
2003), both resulting in uncertain calculations (Groenenberg & Lofts, 2014). While in sev-
eral cases the Cr solid-solution partitioning has been adequately described using these
parameters (Dijkstra et al., 2009; Groenenberg et al., 2012), significant underestimations
of the free Cr species indicate a correct description of underlying mechanisms is currently
lacking (Koopmans & Groenenberg, 2011). Understanding these mechanisms is critical
for predicting Cr toxicity and availability (Allen et al., 1980; Parker et al., 1995). There is
thus a need for improved Cr binding parameters.

Within the NICA-Donnan model, solely monomeric binding of the free metal ion is con-
sidered, which in case of Cr is the Cr’* ion. Nevertheless, the tendency of Cr to hydrolyse
already at low pH (Rai et al., 1987, 1989) suggests binding of the first Cr-hydroxy species
(CrOH*") to be of potential relevance, as is already considered in other HS binding models
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(Gustafsson, 2001; Tipping, 1998). Additionally, EXAFS analyses showed that the dimeric
Cr species Cr,(OH),* has an important contribution to Cr-binding to purified fulvic acid,
an organic soil (Gustafsson et al., 2014), and a Cr contaminated soil (Lov et al., 2017).
Consideration of CrOH** and/or Cr,(OH)," in the NICA-Donnan model is thus expected
to significantly improve the model description, both in terms of the underlying binding
mechanisms and the accuracy of predictions.

The aim of this paper is to derive newly optimized Cr(lll) binding parameters for the
NICA-Donnan model, investigating the potential improvements by considering potential
binding of CrOH?*" and/or Cr,(OH),*, and to validate the functionality of these new pa-
rameters. To do so, titration-binding experiments of Cr(lll) to isolated fulvic- and humic
acids (FA and HA respectively) were conducted at three pH levels. The Donnan membrane
technique (DMT) (Temminghoff et al., 2000) was used to determine the free crt activity
and thereby to better explore the distinction between specific Cr species. The obtained
data was used to derive optimised binding parameters, considering binding of Cr** alone
and in conjunction with CrOH?*" or Cr,(OH),*". The newly derived parameters were tested
on several environmental samples to test their adequacy.

3.2. MATERIALS AND METHODS

3.2.1. Cr-binding experiments

The binding of Cr(lll) to FA and HA was studied with titration-binding experiments in
which free ionic Cr** was determined using the Donnan Membrane Technique (DMT)
(Temminghoff et al., 2000) in a similar experimental setup as described by Oste et al.
(2002). DMT uses a “donor” cell — containing Cr, background electrolytes, and HS - and
an “acceptor” cell - containing background electrolytes — which are separated by a nega-
tively charged membrane to prevent the passage of Cr-HS complexes. Through this, DMT
distinguishes the “free” fraction, i.e. unbound Cr’* which is only present in the acceptor
cell, from total Cr, as present in the donor cell. Due to the known slow equilibration time
of strongly hydrolysing trivalent cations such as Cr (Gustafsson et al., 2014) or aluminium
(Al)(Weng, Temminghoff, & Van Riemsdijk, 2002a), a pre-experiment was conducted to es-
tablish the required equilibration time within the DMT system. In this pre-experiment the
acceptor and donor cell were both kept at pH 3 and contained a background electrolyte
concentration of 30 mM NaNO; and 2 mM CaCl,; the calcium (Ca) was added to reduce
Cr-membrane interactions (Janot et al., 2021) and the required time for equilibration
(Weng et al., 2005). The donor solution additionally contained 107 M Cr(NOs); without
HS, or 5x10” M Cr(NO); with 167 mg L Tongbersven humic acid (THA)(Kalis et al., 2006;
Temminghoff et al.,, 1997). The acceptor cell was sampled after 1, 2, 4, and 8 days of equili-
bration.



The actual Cr-binding experiments were conducted using THA and Suwannee River
Fulvic Acid (SRFA, IHSS). A donor solution containing either 167 mg L' THA or 334 or
1002 mg L SRFA was titrated with Cr(NOs); at three pH levels, with a background elec-
trolyte concentration of 30 mM NaNO; and 2 mM CaCl, for the THA experiment, which
was adapted to 30 mM NaNO; and 2 mM Ca(NOs), for the SRFA experiment to omit Cl
and thereby simplify the system. For the THA experiments, Cr concentrations ranged
from 3x107 to 5x10 M with an intended pH of 3, 4.5, and 6; for the SRFA experiments Cr
concentrations ranged between 1x10” and 5x10° M with an intended pH of 3, 4, and 5.
Precise intended and actual conditions of the experiments can be found in Tables S3.1
and S3.2; important to note that all titrations were conducted in duplicate, with two DMT
systems running parallel to each other. Formation of insoluble Cr-hydroxides resulted
in detection problems for Cr in the acceptor cell at pH 6 in the HA experiments, hence
for the FA experiment lower pH levels were used. Donor and acceptor cell were sampled
after 4 days for every titration step and analysed for pH, Cr on the Inductively Coupled
Plasma — Mass Spectrometer (ICP-MS Element 2, Thermo Fisher Scientific Inc., Waltham, ),
Ca, potassium (K), and sodium (Na) on the Inductively Coupled Plasma — Optical Atomic
Emission Spectrometer (ICP-OES iCAP 6500 DUO, Thermo Fisher Scientific Inc.,, Waltham, );
the donor cell was further analysed for dissolved organic carbon (DOC) to check the final
HA/FA concentration on the Segmented Flow Analyser (SFA San-++, Skalar Analytical B.V.,
Breda, The Netherlands).

3.2.2. Calculation of free and bound Cr

The activity of Cr** and Na* in the acceptor cell was calculated in ORCHESTRA (Meeussen,
2003), using the Davies equation for activity corrections and accounting for inorganic
speciation using the reaction equations present in the MINTEQV4 database. Inputs in
the model consisted of measured concentrations (Cr, Ca, Na) and pH in the acceptor cell,
and theoretical chloride (Cl) and nitrate (NO3’) concentrations based on the background
electrolyte and varying additions of Cr(NO;); (Tables S3.1 and S3.2). The Na* activity was
similarly calculated in the donor cell, ignoring the presence of HS. The thus obtained
activities of Na™ were used to estimate the Cr** activity in the donor cell according to
(Temminghoff et al., 2000):
(Cr3+)

3
donor ( (Na’+)donor )
(™) sovertor (N@™) wceptor (3.1)
The concentration of total non-bound inorganic Cr in the donor cell was subsequently
calculated using ORCHESTRA, again considering the inorganic speciation reactions pres-
ent in the MINTEQV4 database. Finally, the amount of Cr adsorbed to HA/FA was deter-

mined from the difference between the calculated non-bound inorganic Cr and the total
measured Cr concentrations in the donor solution.
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3.2.3. Optimization of NICA-Donnan parameters for HA and FA

Optimized binding parameters of Cr(lll) to HA and FA were derived for the NICA-Donnan
model (Kinniburgh et al., 1999). An extensive description of the model is given elsewhere
(Groenenberg et al., 2010; Kinniburgh et al., 1999); in short, binding of a component i
is considered for two distinct sites (representing carboxylic and phenolic groups), with
their own affinity distributions. The total amount bound (Q;) at a given concentration (c;)
is calculated according to:

(Fae) [ (Fae) "]
Z,‘(Kilci> 1+[21(Ki10i) ]
()™ [5 (o)

> (ﬁzci)nﬁ 1""[21‘ (Izzq)nn]m (3.2)

Qi = 2 Qmazl,H +

NH1

142
N H2

Qmale

The parameters in equation 3.2 are both intrinsic to the humic material (Qqaxi, 1 and
Qunaxz, 1 describe the maximum proton densities; p; and p, describe the width of the af-
finity distributions) and specific to the component i (E“ and Ei,z describing the median
binding affinities of the component to the humic; n;; and n;, describing the non-ideality
of the component). Charge of the humic is neutralized by co-ion exclusion and counter-
ion attraction within the Donnan volume Vp. This volume is calculated according to (Kin-
niburgh et al., 1996):

lOgVD =b (1 — log I) —1 (3.3)
Where parameter b is an empirical constant and | is the ionic strength.

Optimized NICA-Donnan parameters were derived by fitting the model to experimental
data using a coupling of ORCHESTRA to PE§T (Doherty, 2023) in a similar fashion to
Janot et al. (2017). lon specific parameters Kc,«,l, f(dcm, ne,;and ne,,; were fitted until
calculated Cr-HS binding best approximated measured Cr-HS binding based on sum of
least squares, taking into account inorganic complexation and Ca competition for HS
binding based on experimental conditions (Tables S3.1 and S3.2). The optimization was
conducted in different scenarios. Initially, the binding of Cr was explored using proton
parameters specific for THA and SRFA (Table S3.3) in 3 steps: 1) fitting all four ion specific
parameters for Cr*, constraining n values between 0.1 and 0.99 and with no constraints
on K values; 2) fitting all four ion specific parameters for Cr** and additionally introducing
and fitting four ion specific parameters for the first Cr-hydroxy species (CrOH*"); 3) fitting
all four ion specific parameters for Cr>* and additionally introducing and fitting four ion
specific parameters for the dimeric Cr species (Cr,(OH),™). A detailed description of these
scenarios within ORCHESTRA-PEST is described in the SI (SM3.1), with the constants of Cr
hydrolysis and formation of the Cr dimer listed in Table S3.4.



The most appropriate of the three scenario’s was selected based on several aspects (high-
est R? value; lowest root mean square error (RMSE; (Bennett et al., 2013)); visual goodness
of fit; whether fitted parameter values are deemed realistic, as described in the results
section). The selected scenario was once more conducted, yet using the generic proton
parameters of Milne et al. (2001) (Table S3.3) instead of proton parameters specific for the
used humic material. Thereby new NICA-Donnan Cr parameters are derived, which can be
used in generic speciation calculations based on the generic parameter sets of Milne et
al. (2001, 2003).

3.2.4. Parameter assessment for soil samples

Adequacy of the final derived Cr parameters was assessed through modelling the Cr
speciation of various datasets using both the newly derived parameters and the original
“Milne” Cr parameters (Milne et al., 2003) and comparing model calculations with mea-
surements. Assessments on model ‘accuracy’ are based on calculated RMSE (Bennett et
al., 2013) and a visual comparison between modelled and measured Cr concentrations
and species. The assessment was conducted in three steps, the first step using the dataset
of Fukushima et al. (1995), the second step using the dataset of Koopmans & Groenen-
berg (2011), and the third step using dataset NB from Groenenberg et al. (2012).

The first parameter assessment used the dataset of Fukushima et al. (1995) to model Cr
binding to a peat HA. The total amount of Cr, total amount of Cl, total amount of HA (40
mg L"), pH, and a constant background electrolyte concentration of 0.01 M Na and 0.01
M formic acid were used as model inputs and the amount of unbound Cr and Cr bound
to HA was calculated; a summary of used input data as well as measured bound Cr are
listed in Table S3.5. The MINTEQV4 database was expanded to include the formation of
Cr**-formic acid complexes, based on the values listed by Vinokurov & Bondar’ (2003).
The RMSE was subsequently calculated from the difference between calculated and
measured unbound Cr.

The 2™ parameter assessment used the dataset of Koopmans & Groenenberg (2011)
to calculate the free Cr** species in 2 mM Ca(NOs), soil extracts, which were compared
against free Cr’* concentrations measured using DMT. Specifics on the soil extracts and
available data can be found in the original paper, with a summary of data listed in Tables
S3.6 and S3.7. Modelling was conducted in a similar fashion to Koopmans & Groenenberg
(2011), using pH, total dissolved concentration of Cr, total dissolved concentrations of
competing elements (Al, Ca, cadmium (Cd), Cl, copper (Cu), iron (Fe), K, magnesium (Mg),
manganese (Mn), Na, nickel (Ni), NO5', lead (Pb), phosphate (PO,*), sulphate (SO4%), and
zinc (Zn)) and HA as model inputs, yet deviating from the original paper by inputting
measured FA rather than FA + hydrophobic organic neutrals (HON) as input for FA. Metal
binding was calculated solely considering binding to HS, using generic parameters (Milne
et al.,, 2003) for most competing elements and the parameters of Hiemstra & Van Riems-
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dijk (2006) for Fe binding to FA. Binding of Cr’* was calculated using both the original
generic parameters (Milne et al.,, 2003) and the newly derived parameters.

The 3™ parameter assessment used the dataset from Groenenberg et al. (2012) to calcu-
late the solid-solution partitioning of Cr in different soils rather than free Cr**. Available
data, summarized in Tables $3.8 and S3.9, is similar to the 2™ assessment round, yet
excludes DMT measurements and instead uses total pore water concentrations and 2
mM CaCl, extractable concentrations at different depths of a soil profile to validate model
results. Calculating the solid-solution partitioning rather than only the solution specia-
tion requires the model to be extended to include additional solid reactive surfaces.
Binding to clay was calculated using the Donnan model, whereas binding to Fe/Al (hydr)
oxides was calculated using the generalized two-layer model (Dzombak & Morel, 1990).
Inputs consisted of total amount of Cr determined using the 0.43 M HNO; extraction
(Groenenberg et al., 2017), total dissolved concentrations of competing elements (Al, As,
barium (Ba), Ca, Cd, Cl, cobalt (Co), Cu, Fe, molybdenum (Mo), Ni, Pb, PO, S, antimony
(Sb), selenium (Se), tin (Sn), vanadium (V), and Zn), pH, total dissolved and solid HA and
FA, total hydrous ferric oxide (using Fe oxides as a proxy for aluminium oxide, similar to
Dijkstra et al., 2009), and total clay content. Calculated dissolved Cr concentrations were
compared with measured dissolved Cr concentrations to test model accuracy.

3.3. RESULTS

3.3.1. Equilibration time

The conducted equilibration experiments showed equilibrium within the acceptor cell to
be approximated after ~2 days in the absence and ~4 days in the presence of HA (Figure
S3.1); a slightly longer equilibration time for Cr(lll) than the 30 hours of Fukushima et
al. (1995), around the same time as the 3 - 4 days found for Al by Weng et al. (2002),
yet significantly shorter than the equilibrium time for Cr(lll) of over 211 days observed
by Gustafsson et al. (2014). Yet the long equilibrium times of the latter were found at a
particularly low pH of 2.3 and at high Cr concentrations of 10 M, while the conditions
of Weng et al. (2002) and Fukushima et al. (1995) were more similar to the present study.
Consequently, the found equilibrium time of 4 days is considered well in line with pre-
vious studies and the 4 days of equilibration used in our Cr binding experiments were
therefore considered appropriate.

3.3.2. Titration measurements

A marked difference in data quality is observed between the results of Cr binding to
THA and SRFA (Figure S3.2): significant scatter is found for THA, whereas for SRFA there
is a continuous relation between bound Cr and free Cr*" for all pH levels. This significant
scatter of THA has several potential causes: 1) potential precipitation of Cr(OH)(s) for the



samples at pH 6 obfuscating results (Papassiopi et al., 2014); 2) larger deviation and varia-
tion in measured pH from the intended pH (Table S3.1 & S3.2); 3) a larger difference in pH
between donor and acceptor compared to the SRFA data (Table S3.1 & S3.2). The more
scattered measurements may result in a worse fit for THA compared to SRFA, which needs
to be considered when interpreting the derived binding parameters.

3.3.3. Parameter optimization

3.3.3.1. Fulvic acid

The unconstrained fit of ion specific Cr** binding parameters using specific SRFA proton
parameters resulted in a relatively good description (R* = 0.987, RMSE = 0.231; Table 3.1).
In spite of the good fit, Cr binding is underestimated by the model at pH 5, particularly to-
wards higher Cr concentrations (Figure 3.1a). This is potentially the result of the increasing
prevalence of CrOH*" and Cr,(OH),*" with increasing pH and increasing Cr concentration
(Figure S3.3). As both forms potentially contribute to Cr binding, solely accounting for
Cr** complexation appears to provide an incomplete description with larger discrepan-
cies at higher pH. Including the binding of CCOH," or
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Figure 3.1 Optimized fits of Cr binding to SRFA using specific properties: a) fit solely considering
Cr**binding; b) fit including binding of CrOH?*; ¢) fit including binding of Cr,(OH),*". Optimized fit of
Cr binding to SRFA using generic proton properties, including binding of Cr2(OH)24+ (d).
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Table 3.1 Optimized parameters for the different fitting scenarios of Cr binding to SRFA. Value x rep-
resents parameters values either of the hydroxy or the dimeric species, depending on the scenario.
Fits used proton parameters specific to SRFA, as listed in Table S3.3, except for the fit of “Generic
Cr,(OH),"*"for which generic proton parameters (Milne et al., 2003) were used.

crt Cr* & CrOH* Cr** & Cry(OH),*™ Generic Cr** &
Cry(OH),*™
logK, cr 1.75+0.31 1.59 +0.44 1.55+0.4 -0.82+5.36
Nio 0.99+0.15 0.94 +0.27 0.95+0.25 0.99 +2.71
logKy, c; 6.44 +2.24 5.39+20.2 6.01+6.38 5.64 +0.94
Ny cr 0.79+0.65 0.55 + 7.47 0.58+2.7 0.75 + 0.84
logK, - 0.38+223.7 0.3+10.16 0.13+1.05
Ny - 0.99 +63.22 0.46+ 0.6 0.56 +0.43
logKs,, - 6.34+29 8.01+591 1.56 + 8462.22
Ny - 0.99 + 1.11 0.71+0.94 0.44 + 358,37
R? 0.987 0.993 0.993 0.994
RMSE 0.231 0.171 0.169 0.155

Cr,(OH),* does for both complexes indeed result in an improved fit (Table 3.1). This im-
provement is mainly related to a better description of Cr binding at pH 5 (Figure 3.1b,¢),
where the additional species indeed contributes stronger to the dissolved Cr speciation
(Figure S3.4b,c). The observed improvements in the R? and RSME are similar for both sce-
nario’s, making selection of the most relevant scenario not unambiguous. While binding
of CrOH?" is considered in both model VI/VIl and SHM, the actual occurrence of this bind-
ing mechanism has not been experimentally demonstrated. Conversely, EXAFS analyses
have shown an association between Cr,(OH),*" and humic substances (Gustafsson et al.,
2014; Lov et al., 2017). Furthermore, speciation analysis of the obtained fits showed that
type 1 sites (carboxylic acids) were of significant importance across the experimental
pH range for the Cr,(OH),* fit, but less so for the CrOH** fit at pH 5, where type 2 sites
(phenolic acid groups) became most significant (Figure S3.4b,c). Type 1 sites are expected
to be of highest importance for Cr binding across the experimental pH range, as deduced
from the previously observed limited competition between Cr and Al in the pH range of
3 - 7 and Cr concentration range of 1 — 100 pg L (Gustafsson et al., 2014; M. Yan et al,,
2016) and the preferential binding of Al to type 2 sites (M. Yan et al,, 2016). Based on the
above considerations, the fit based on Cr** and Cr,(OH),* binding is considered the most
realistic representation.

Using generic FA proton parameters (Milne et al., 2001) rather than specific SRFA param-
eters to fit the scenario of Cr** and Cr,(OH),* binding resulted in a surprisingly further yet
small statistical improvement (R* = 0.994, RMSE = 0.155, Table 3.1). Binding is accurately
predicted for all pH levels and Cr concentrations (Figure 3.1d), where solely at the highest
Cr concentration at pH 3 calculated Cr binding is significantly lower than measured. Under



these conditions the model predicts saturation of FA, while the measured binding data
do not yet level off at this Cr loading (Figure S3.2). As this phenomenon is also observed
for all scenario’s using specific SRFA proton parameters, it is unlikely to be related to inac-
curate proton parameters. Instead, the calculated low binding may point to the formation
of trimeric species at this pH and particularly this high Cr concentration (Stuenzi et al.,
1989) which the model does not account for.

Based on LFER calculations, K values for Cr are expected to fall between those of Al and
Fe (Gustafsson et al., 2014). The K; values of the generic fit are between those of Fe and Al,
yet derived K, values are significantly lower than for both Fe (Hiemstra & Van Riemsdijk,
2006) and Al (Weng, Temminghoff, & Van Riemsdijk, 2002a). This difference may point
towards a too low Cr affinity for the type 2 sites, yet it should be noted that comparison
may not be appropriate due to the included contribution of Cr,(OH),* to total Cr binding
in our study, whereas no hydrolysed species were included in the parameter derivation
of the similarly readily hydrolysable Fe and Al (Stefansson, 2007; Xiao et al., 2008). The
derived K values of our generic fit are further significantly lower compared to the fit
with SRFA-specific proton parameters (Table 3.1), particularly for the K; of the Cr** spe-
cies and K, of the Cr,(OH),*" species. A low K; value has previously been derived for Al
(Weng, Temminghoff, & Van Riemsdijk, 2002a), being significantly lower than those of
divalent ions (Milne et al., 2003) and substantially lower than K; values predicted with
LFER (Otero-Farina et al., 2023; Wiersma et al., 2025). These low K; values are related
to the low generic K, value of FA (2.70, see Table S3.3), which is in turn related to the
unrealistically high negative electrostatic potential calculated with the present Donnan
model, including the relation of the Donnan volume with ionic strength (Equation 3.3) for
small humic particles (L. K. Koopal et al., 2025; Pinheiro et al., 2021; Town et al., 2019). The
overestimation of the negative electrostatic potential results in a too high contribution
of the electrostatic binding, which becomes particularly problematic for ions of higher
valency and ultimately results in lower specific binding affinities. The same effect applies
to the obtained low K, value of the dimer. This finding is contrary to that of Gustafsson et
al. (2014), who found an increased importance of dimeric Cr binding at higher pH where
the contribution of phenolic acids becomes more important. The low K; ¢,and K, 4, values
result in high standard deviations (Table 3.1), which are the result of the fitted higher af-
finity of K, 4im and Ky, controlling binding to these sites.

Based on the current uncertain binding parameters, the NICA-Donnan model predicts
that for pH 3 Cr is predominantly present in the Donnan phase across all Cr activities,
while for pH 4 & 5 a shift in Cr species (Cr** to dimeric Cr) from low to high Cr activity cor-
responds with a shift in site binding (from the 2 sites to the 1 sites) related to the respec-
tive affinities of the different species. The high importance of type 2 sites in this study
differs from the findings of Gustafsson et al. (2014), and together with predominance of
the Donnan phase at pH 3 is again an indication of an underestimated K; value.

b4 ‘ Chromium (Ill) Binding to Purified Fulvic and Humic Acid and its Solid Solution Partitioning and Speciation in Soil



Chapter 3

w
[}

The fitted n values for the scenario considering binding of both Cr** and Cr,(OH),*" and
using generic proton parameters closely follow the relation of n, = 0.76 * n, listed by
Milne et al. (2003) (Table 3.1). Nevertheless, derived n values are much higher than those
found for Al and Fe (0.2 - 0.4 (Hiemstra & Van Riemsdijk, 2006; Weng, Temminghoff, & Van
Riemsdijk, 2002a)), with n; ¢, reaching the upper boundary of 0.99. Constraining these n
values to the 0.2 - 0.4 range resulted in a significantly worse fit (Figure S3.5); hence these
constraints were ultimately not implemented and the predictions based on the here-
derived parameter set were considered most accurate. Based on the previously noted
uncertainty of the Fe and Al binding parameters this was deemed acceptable.

3.3.3.2. Humic acid

As a result of the lower quality of the titration data (Fig. S3.2), unconstrained fitting of crt
to THA resulted in a significantly less accurate prediction compared to that of SRFA (R> =
0.892, RMSE = 0.787; Table 3.2). Similar to the SRFA fit the model calculated Cr binding is
signifcantly lower than measured Cr binding, most likely again the result of an incom-
plete description of relevant Cr species binding to the HA (Figure 3.2). Contrary to SRFA,
an overestimation of Cr binding is found at pH 3 and 4.5 at low Cr activities. Both the
predicted over- and underestimation are reduced when considering binding of CrOH**
(R* = 0.923, RMSE = 0.623, Table 3.2) or Cr,(OH),*" (R* = 0.924, RMSE = 0.62, Table 3.2).
Similar to SRFA, the analytical evidence of
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Cr binding to THA using generic proton properties, including binding of Cr(OH),*.



dimeric Cr binding to humic substances (Gustafsson et al., 2014; Lov et al., 2017) led us to
select the scenario of Cr*" and Cr,(OH),*" for the derivation of generic parameters.

When fitting using generic proton parameters (Milne et al., 2001) and considering bind-
ing of both Cr’* and Cr,(OH),", a further unexpected yet small statistical improvement
is again found (R* = 0.933, RMSE = 0.582, Table 3.2). Nevertheless, the overestimation
of Cr binding at low pH and underestimation at high pH remain visible (Figure 3..2d).
Comparison of the obtained K values with those of Al and Fe (Hiemstra & Van Riemsdijk,
2006; Weng, Temminghoff, & Van Riemsdijk, 2002a) and n values with those of Milne et
al. (2003) leads to similar observations as for SRFA, i.e. lower than expected K values and
higher than expected n values. The common trend of n, = 0.76 * n, is however no longer
followed; instead the n, value of both the Cr’* and Cr,(OH),* species reaches the lower
boundary of 0.1. Restricting n, and n, to the 0.2 - 0.4 range (Milne et al., 2003) again
resulted in less-accurate predictions and was not implemented. Contrary to FA, use of
generic proton parameters resulted in increased K; values for HA. This is related to the
higher K, ,, of the generic HA proton parameters (log K; 4 = 2.93) relative to the specific
THA proton parameters (log K,y = 2.21, Table S3.3), resulting in an increased competi-
tion of the proton which needs to be compensated for by higher K; ¢, values to properly
model the measured Cr binding. Consequently, Cr binding to THA is predicted to occur
predominantly to type 1 sites (Figure $3.6d), which is in agreement with previous findings
on limited competition between Cr and Al for Cr binding to organic matter (Gustafsson et
al.,, 2014; M.Yan et al., 2016).

3.3.4. Optimized parameter application

3.3.4.1. NICA-Donnan predictions of chromium binding to humic acid

Calculating Cr-HA binding based on the dataset of Fukushima et al. (1995) shows a sig-
nificantly improved description when using the newly optimized parameters (RMSE =
0.25) compared to when using the generic parameters of Milne et al. (2003) (RMSE = 1.87;
Figure 3.3). The model description using the newly optimized parameters is considered
adequate, particularly in the absence of precise information on background electrolyte
concentrations and pH, which are not listed by Fukushima et al. (1995), and the differ-
ences in properties between the HA used for our parameter derivation and used in the
experiments of Fukushima et al. (1995).

Where application of the generic parameters consistently results in a predicted too high
binding, the newly optimized parameters predict a too high binding for pH 3.25 and 3.79,
a too low binding at pH 4.3, and a consistently adequate binding for pH 3.48. Addition-
ally, higher pH and higher Cr concentrations are marked by more binding to type 1 sites
and particularly more binding of the dimeric Cr species (Figure S3.7), while at low pH Cr
is relatively more present in the Donnan phase. Hence, the observed overestimated Cr-

N ‘ Chromium (Ill) Binding to Purified Fulvic and Humic Acid and its Solid Solution Partitioning and Speciation in Soil



A ‘ Chapter 3

HA binding could be an indication of an overestimated electrostatic potential, where the
underestimated Cr-HA binding at high pH could be an underestimated binding affinity
particularly of the dimeric Cr species.
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Figure 3.3 Cr’* bound to humic acid at varying pH and an ionic strength of 0.01 M as a function of
unbound Cr** as measured by Fukushima et al. (1995)(points); as modelled with the NICA-Donnan
model using our newly optimized parameters (solid lines); as modelled with the NICA-Donnan mod-
el using the generic parameters of Milne et al. (2003) (dashed lines).

3.3.4.2. NICA-Donnan predictions of free chromium in a contaminated soil
Modelling the data of Koopmans & Groenenberg (2011) to predict free Cr** in a 2 mM
Ca(NOs), soil extract resulted in a poor description when using the generic parameters

of Milne et al. (2003) (RMSE = 2.57). No clear trend can be found between measured
and modelled free Cr**, and the consistently lower than measured free Cr’** calculations
indicate an overestimated Cr-HS binding (Figure 3.4). Applying the newly optimized
parameters listed in Tables 3.1 & 3.2 resulted in a major improvement (RMSE = 1.53),
with a clear trend between measured and modelled free Cr*" yet with predicted free Cr**
concentrations consistently 10 times higher than measured (Figure 3.4). Hence Cr bind-
ing to HS appears to be consistently underestimated by our optimized parameters. As
noted during the parameter derivation, use of generic proton parameters statistically
improved fits yet resulted in an unrealistically high importance of type 2 sites and an
unexpectedly low K; value for FA. Translating such results to a soil system consequently
resulted in a poor description of actual binding. This finding highlights the importance
of adequately capturing the underlying mechanisms when deriving parameters, and for



the NICA-Donnan model stresses the importance of improving the electrostatic model,
the previously demonstrated shortcomings of which are exacerbated when investigating
ions with higher valencies.

It is important to note that most Cr is calculated to be bound to FA, with negligible bind-
ing to HA (Figure S3.8), which results from the predicted lower affinity of Cr binding to
HA than FA, and the relatively high fraction of FA in the analysed samples. The above
observations thus particularly reflect the Cr-FA binding parameters; evaluation of both
the new Cr-HA and Cr-FA binding parameters requires comparison with measurements in
soil extracts with a higher proportion of HA.
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Figure 3.4 Measured free Cr** concentrations in 2mM Ca(NO;), soil extracts against the calculat-
ed free Cr** concentration as calculated using the generic parameters of (Milne et al., 2003) (blue
triangles) and as calculated using the newly derived parameters of this paper (green circles). The
dashed line represents the 1:1 line, with the dotted lines representing a factor 10 higher or lower
predictions.

3.3.4.3. Multi-surface model predictions of dissolved chromium in a contaminat-
ed soil profile

Total dissolved Cr, i.e. free ionic Cr and Cr bound to DOM, in the pore water and in 2 mM
CaCl, extracts of a contaminated soil profile (Groenenberg et al., 2012) can be relatively
well predicted using a multi-surface model approach including NICA-Donnan with the
binding parameters of (Milne et al., 2003) (Figure 3.5, left; RMSE = 0.645). Predicted dis-
solved Cr is consistently higher than measured in the collected pore water, whereas no
consistent over- or underestimation is observed for CaCl,-extracted Cr. Speciation calcula-
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tions predict the solid-solution partitioning to be fully controlled by HS, with an increased
contribution of metal (hydr)oxides at lower depths (Figure S3.9); predicted Cr partitioning
is hence purely a reflection of FA and HA solid-solution partitioning. Applying the newly
derived parameters resulted in a decreased accuracy (RMSE = 1.34), particularly in the
deeper parts of the soil profile where dissolved Cr is consistently underestimated by the
model (Figure 3.5, right). Samples at these depths are characterized by a higher pH (up
to pH 6) and a reduced amount of both solid and dissolved HS, together with a reduced
ratio of solid/dissolved HS (Table S3.8) and, similar to the 4 aberrant points in Figure 3.4,
high amounts of HON. The high amounts of HON point towards an inconsistency in the
fractionation, yet including HON in the modelling was found to have limited effects only
(results not shown); the inaccurate description is hence a result of the used parameters.
The low HS content of these lower samples means adequately describing binding to
dissolved HS becomes increasingly important, yet this is inadequately captured by the
model and instead Cr predominantly
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Figure 3.5 Measured total dissolved Cr concentrations in a contaminated soil profile, in solutions
obtained by 1) a 2 mM CaCl, extraction; 2) pore water extraction, and 3) pore water extraction from
an adjacent artificially acidified soil profile (Groenenberg et al., 2012), plotted against Cr concentra-
tions predicted with a multi-surface model (see text for details). The left panel shows model predic-
tions based on the generic parameters of Milne et al. (2003), the right panel predictions based on
the newly optimized parameters.

binds to metal (hydr)oxides (Figure S3.9). A stronger control of HS is expected, as the
modelling using the generic Milne parameters showed HS solid-solution partitioning
likely controls Cr solubility; this again indicates the newly derived Cr-HS binding affinity
is too low. This may further be the result of the newly derived high n values, reducing
the prevalence of high affinity sites which become increasingly important at low HS
concentrations (i.e., in the deeper layers of the soil profile) and further underscore the



underestimated Cr-HS binding. It should thus be emphasized that care should be taken in
applying these parameters to environments with low amounts of HS.

3.4. DISCUSSION

Within the present study, new NICA-Donnan parameters have been derived for Cr binding
to HA and FA, based on new Cr binding experiments in which free Cr** was measured with
DMT. While the generic parameters derived by Milne et al. (2003) adequately predicted Cr
solid-solution partitioning (Dijkstra et al., 2009; Groenenberg et al., 2012), they strongly
underestimated free Cr** concentrations (Koopmans & Groenenberg, 2011), a key species
for understanding Cr toxicity and availability, and strongly overestimated Cr** binding to
HA. The newly derived parameters significantly improved predictions of Cr-HA binding
and free Cr**, and provided a similarly adequate description of Cr-HS binding in the upper
parts of a soil column compared to the generic parameters, yet low K values and high n
values likely resulted in too low Cr-FA binding. This consequently led to an inadequate
description of Cr solid-solution partitioning in the HS-poor lower parts of the soil column,
where accurate description of the heterogeneity of Cr binding becomes increasingly
important. The potential causes of these limitations are described below.

The complexity of Cr, particularly regarding its strong hydrolysis, required certain
concessions to be made to ensure the obtained parameters were as robust as possible.
These concessions were in particular related to the limited range in pH, i.e. only up to
pH 6 for HA and pH 5 for FA. The higher pH for HA resulted in more scattered titration
data and consequently less-reliable derived parameters. It should be considered that
potentially relevant mechanisms that could contribute to Cr binding outside the applied
pH range, such as an increasing importance of phenolic acids or the formation of further
hydrolyzed Cr species, may not have been captured in the derived binding parameters.
Consequently, these parameters may result in a decreased accuracy of predicted Cr bind-
ing at higher pH values.

The model FA used for this experiment (SRFA) may not fully represent Cr-FA
interactions in soil environments, as it has an aquatic rather than terrestrial origin. SRFA is
characterized by smaller and more soluble molecular compounds relative to FA extracted
from soil (Schellekens et al., 2017), with a higher binding capacity and proton affinity of
type 1 sites than generic FA, and for one (out of two) SRFA samples a higher capacity of
type 2 sites (Milne et al., 2001). These deviations would be expected to be suppressed by
using specific proton parameters during the parameter estimation for Cr, yet surprisingly
better fits were obtained when using the generic proton parameters of Milne et al. (2001).
The small size of SRFA may further exacerbate the problems associated with the currently
used electrostatic model (L. K. Koopal et al.,, 2025; Pinheiro et al., 2021), and hence have
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resulted in an overestimated importance of the Donnan phase (Town et al., 2019) and
an underestimation of the specific Cr-FA binding affinity. In addition, the small size of
SRFA is likely to lead to a lower polydispersity, leading to a lower heterogeneity which
may explain the high n values found in this study. The limited representativeness of the
originally aqueous SRFA for the soil system became apparent during the validation steps,
where Cr-binding to soluble FA in CaCl, extracts was more accurately predicted than Cr
binding to both solid and dissolved FA in soil profiles. This difference in properties may
also have contributed to the underestimated dissolved Cr in the deeper soil layers, where
soluble FA became increasingly sparse. Hence, use of SRFA may at least partly explain
observed limitations of the presently derived parameter set, yet it also highlights recently
identified limitations of the representation of electrostatic binding in the current NICA-
Donnan model and the need for proper humic substances characterization to adequately
describe the behaviour of multivalent ions such as Cr in the environment.

While validation of the newly optimized Cr-HA binding parameters showed
significant improvements compared to the generic parameters, there are indications that
the electrostatic contribution is again higher than realistic. The effects nevertheless ap-
pear smaller than for FA, as can be expected from the significantly larger particle size of
THA (Pinheiro et al., 2021).

3.5. CONCLUSION

In this study, new Cr binding experiments to Suwannee River fulvic- and Tongbersven
humic acid were conducted at three pH levels, with analysis of free Cr** concentrations
using the Donnan membrane technique. These measurements were subsequently used
to calculate new Cr binding parameters for the NICA-Donnan model using a coupling of
ORCHESTRA-PEST. Fits were firstly conducted using proton parameters specific to the
humic- and fulvic acid used in the experiments. Different scenarios were explored in the
derivation of the binding parameters, with only Cr’* binding and with inclusion of the
binding of CrOH*" or Cr,(OH),*". This approach, and added insights from previous experi-
mental observations, resulted in a final best fit by using generic proton parameters and
considering binding of both Cr** and Cr,(OH),*" to derive the new Cr binding parameters.
The obtained parameters resulted in a high statistical significance, yet a likely underesti-
mation of K values and unrealistically high n values. The newly derived binding param-
eters were tested against different datasets of Cr binding to purified humic acid and in
soil systems, showing that Cr-HA binding in a synthetic systems, free Cr** concentrations
in pore water and CaCl, extracts, and predictions on the Cr solid-solution partitioning
in the top layers of a soil profile were all improved, yet predictions of Cr solid-solution
partitioning in the deeper layers with low concentrations of humic substances worsened.
The validations indicate a likely underestimated binding of Cr to humic substances,



potentially the result of the overestimated contribution of the Donnan phase in the
NICA-Donnan model. While an improvement of the Cr binding parameters is found, our
results highlight that even when fits provide a good description of experimental data, an
inaccurate description of underlying mechanisms potentially limits the generic quality
of model predictions. It should hence be stressed that known limitations of the electro-
static component of the NICA-Donnan model should be addressed to more adequately
describe metal-HS binding, particularly when concerning higher valency ions such as Cr.
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ABSTRACT

Landfills remain an important endpoint for waste and waste residues, yet current man-
agement in the Netherlands requires eternal aftercare to protect public health and the
environment. Enhanced waste stabilization in landfills through active treatment, i.e. aera-
tion and leachate recirculation, has potential as a sustainable alternative to current landfill
management. However. the influence of active treatment on solid waste properties and
subsequent leaching of hazardous contaminants has only been limitedly investigated.
This study investigates these influences in landfill simulation reactors containing 30 kg
of waste from different origins and that are treated using aeration, leachate recirculation,
and their combination. Large differences in leachate contaminant concentrations were
found between treatments. A shift from leachate recirculation to aeration changed pre-
vailing redox conditions from anaerobic to aerobic and decreased pH and dissolved or-
ganic- and inorganic carbon. Consequently, concentrations of ammonium and inorganic
contaminants with a high organic matter binding affinity decreased, whereas other inor-
ganic contaminants first increased in concentration due to mineral dissolution followed
by a decrease due to mineral precipitation or binding to reactive surfaces. The underlying
mechanisms of these trends could be identified based on geochemical modelling. The
observed changes during aeration were accelerated when aeration was prefaced by
leachate recirculation, and concentrations rebounded when anaerobic conditions were
re-introduced. Our findings ultimately demonstrate that active treatment of landfills re-
quires careful consideration of the most effective strategy, as trade-offs in contaminants
leaching mean their potential risks should be weighed against each other.



4.1.INTRODUCTION

A continuous increase in global waste generation (Hoornweg & Bhada-Tata, 2012; United
Nations Environment Programme, 2024) has led governments to explore sustainable
alternatives to landfills for waste management (Das et al., 2019; European Parliament
and Council of the European Union, 2008; Scharff, 2014). Nevertheless, landfills remain
a necessary waste endpoint due to the existence of untreatable waste and waste resi-
dues. Landfills are a source of hazardous emissions, posing a risk to public health and the
environment through the generation of greenhouse gases, namely methane (EEA, 2024;
Manheim et al., 2021), and contaminant-rich leachate (Dagwar & Dutta, 2024; Kjeldsen et
al.,, 2002; Teng et al., 2021). These emissions are prevented by encapsulating the waste in
artificial barriers (Council of the European Union, 1999), yet this approach delays waste
decomposition and retains the waste emission potential. As a result, the so-called “after-
care” period, i.e. the period following waste acceptance in which landfills are thoroughly
monitored, can be lengthy and in certain cases indefinite, leading to high societal costs
(Scharff etal., 2011).

The need for more sustainable landfill management has led to the signing of a “green
deal” between the Dutch government, landfill operators, and knowledge institutes (E.
Brand et al., 2016). This green deal initiated three landfill-scale pilot projects to assess the
potential of aeration and leachate recirculation as active treatment for reducing contami-
nant emissions to comply with legally accepted emission target values (ETV) (E. Brand et
al., 2016; Dijkstra et al.,, 2018). In conjunction with a large associated research programme,
an extensive monitoring programme has been developed to quantify active treatment
effects on gaseous and leachate emissions (Van Raffe et al., 2023).

Assessing the true potential of long-term active treatment to reduce leachate contamina-
tion requires knowledge of both the changes in leachate contaminant concentrations
and the geochemical evolution of the solid waste and the corresponding effects on con-
taminant transport. Studies of the latter are however scarce, as in-situ monitoring of solid
waste is challenging and costly. A feasible laboratory-scale alternative for determining
solid phase changes are Landfill Simulation Reactors (LSRs), which provide the additional
benefit of an accelerated stabilization rate compared with field treatment to give insights
on shorter timescales. While LSRs are well established, previous research has primarily fo-
cused on gas production, chemical and biological oxygen demand, pH, nitrogen, carbon,
and macro ions (Brandstatter et al., 2015a, 2015b; Cerminara et al., 2020; Erses et al., 2008;
Fricko et al.,, 2021a; Long et al,, 2018; Nikolaou et al., 2010; San & Onay, 2001; Tong et al.,
2015). Crucially, existing studies on inorganic contaminants have largely overlooked the
role of organic matter (OM) (Erses & Onay, 2003; Giannis et al., 2008; Hrad et al., 2013;
H. Kim et al., 2011; Sinan Bilgili et al., 2007), a key factor governing the solid/solution
partitioning of heavy metals (Groenenberg et al., 2012; Kalbitz & Wennrich, 1998; Weng,
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Temminghoff, Lofts, et al., 2002). Furthermore, studies modelling the mechanisms un-
derlying contaminant mobility are scarce, and has to our knowledge been limited to gas
production and trends in pH and macro ions (van Turnhout et al., 2018). Consequently,
the underlying geochemical processes driving the leachability of inorganic contaminants
during active treatment in LSRs remain underexplored.

To address this gap, geochemical mechanisms can be elucidated by coupling dedicated
leaching experiments with “multi-surface” geochemical modelling. This modelling frame-
work calculates chemical interactions — including binding to reactive surfaces, inorganic
complexation, and mineral precipitation (Di Bonito et al., 2024) - and thereby offers a
comprehensive view of chemical speciation. These models have successfully identified
underlying processes in batch extractions of landfill waste (Dijkstra et al., 2009; Van Der
Sloot et al,, 2017; van Raffe, Dijkstra, et al., 2025) and in landfill pore-water (van Raffe et al.,
2026) and thus are a promising tool for exploring contaminant partitioning in LSR studies.

This study investigates the mechanisms underlying ammonium (NH,*) and inorganic con-
taminant leaching from actively treated waste in LSRs. While the broader experimental
design included 16 LSRs representing the three Dutch pilot landfills, this paper focuses
on eight LSRs operated under three distinct conditions: leachate recirculation under
anaerobic conditions, aeration, and a combination of both. The LSRs were operated
for 682 days, with frequent leachate sampling for the analyses of OM and contaminant
concentrations. Observed contaminant leaching trends were interpreted by applying a
mechanistic geochemical model based on established chemical release mechanisms in
landfilled waste (van Raffe, Dijkstra, et al., 2025). The model was parametrized using pH
and in-situ redox measurements, alongside reactive surface data derived from indepen-
dent selective extractions. By coupling the analysis of a broad range of contaminants with
geochemical modelling, our approach offers a more complete mechanistic understand-
ing of contaminant leaching than previous LSR studies. Furthermore, our findings reveal
the complex trade-offs between contaminant leachability and the time required for ef-
fective treatment, providing essential data for validating active treatment as a sustainable
landfill management strategy.

4.2. MATERIALS AND METHODS

4.2.1. Landfill solid waste sampling

Solid waste samples were collected from the three Dutch pilot landfills: Braambergen
11N (Bra), containing contaminated soil, remediation residues, and construction and
demolition (C&D) waste; Kragge (Kra), containing commercial, domestic, and C&D waste;
and Wieringermeer (Wie), containing commercial waste, composting residues, and con-
taminated soils (Yi et al., 2025). Sampling was conducted approximately five years after



the initiation of active treatment at each site: September 2022 (Bra), October 2022 (Wie),
and March 2023 (Kra).

The sampling strategy prioritized obtaining sufficient bulk volume for the LSR experi-
ments (see section 4.2.2) rather than establishing spatial representativeness of the pilot
sites. Vertical drilling was performed using a sonic samp drill at multiple locations (Bra: 7;
Kra: 11; Wie: 3). Drilling proceeded in two-meter intervals until an impenetrable layer or
the basal drainage was reached (maximum depths: 12 m at Bra, 18 m at Kra, and 14 m at
Wie).

To minimize preferential flow paths in the reactors, the collected waste was sieved to <36
mm (<10% of the LSR inner diameter, to limit preferential flow (ISO 21268-3, 2019)) and
thoroughly homogenized prior to filling the LSRs. A subsample was dried at 105 °C to
determine moisture content and characterized for parameters relevant for contaminant
leaching (section 2.3), and to evaluate the pH dependent leaching of contaminants (see
SM1 in the SI).

4.2.2. Landfill simulation reactors

4.2.2.1. General set-up

A schematic overview of the LSRs is provided in Figure 4.1. Briefly, the LSRs consisted of
polypropylene (PP) cylinders (60 cm height, 38 cm diameter). A perforated disc (10 mm
thickness, 10 mm pore size) separated the waste from the leachate reservoir. An aeration
ring was positioned on top of this disc to introduce nitrogen or compressed air; to pre-
vent clogging, this ring was sandwiched between layers of 1 mm PP mesh. Leachate was
recirculated using an impeller pump (Modified F2P10-19, Johnson Pump, Sweden) and
distributed evenly via a custom 3D-printed PP divider. All reactors were insulated with
foam rubber and heated via mats to maintain an internal temperature of 34 °C.

The LSRs were filled with moist waste equivalent to 27 kg dry matter (DM) for Kra and

30 kg DM for Bra and Wie. Subsequently, 1 L of demineralized water was added to
non-recirculation LSRs (final moisture content: Bra 38%, Kra 75%, Wie 41%). Recirculation
LSRs required higher volumes of water were required to ensure pump functionality, with
variable amounts added due to differing waste water retention capacity (added water:
Bra 9L, Kra 5 L, Wie 8 L; final moisture contents: Bra 68%, Kra 90%, Wie 62%). Redox
potential of the waste was logged hourly using an in-situ redox probe (ORP 40-4-B, Swap
Instruments, NL) and a separate reference electrode (Ag/AgCl, KCl, 3 M, REF-12-0-A,
Swap Instruments, NL), at 7.5, 17.5, 27.5, and 37.5 cm (measured from the bottom of the
waste). The redox potential was recalculated from mV to pe, correcting for the reference
electrode (Wolkersdorfer, 2008).
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4.2.2.2. Experimental conditions

The experimental treatment conditions are detailed in Table 4.1. This study evaluates
three distinct operation regimes: i) Recirculation, with leachate recirculation under
anaerobic conditions; ii) Aeration, with aeration and no leachate recirculation. For Bra
and Kra, aeration was followed by an anaerobic period; iii) Recirculation-Aeration, with a
period of leachate recirculation under anaerobic conditions followed by a period of aera-
tion without leachate recirculation. Prior to the start of above treatments, all LSRs had a
139-day anaerobic initialization period without gas input.

Table 4.1 Operational conditions of the landfill simulation reactors (LSR). Anaerobic conditions are
annotated as An. Aeration is annotated as Ae. All treatments were prefaced by a 139-day anaerobic
initialization period without gas input

Operational Condition (An/ Anaerobic Aerobic period Gas input Recirculation
name Ae) period

- [days] [days] [ml/min] [1/w]
Recirculation An 543 - 2 (N, 1

Aeration® Ae - An 108 435 2(N,) + 10 (Air) -
Recirculation-  An-Ae 252 291 2(N,)+10(AIn 1°

Aeration

aThe aeration LSR of Wie was not returned to anaerobic conditions and was kept under aeration.

b Recirculation was applied only under anaerobic conditions, and stopped under aeration.
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Figure 4.1 Schematic overview of the landfill simulation reactors used in this study.

Anaerobic conditions were maintained by continuous N, gas injection (2 ml/min). Leach-
ate recirculation was applied at a rate of 1 L/week (approx. 20 times the field intensity at
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Kra). Aeration was achieved using compressed ambient air with a continuous flow of 10
ml/min (five times the target field rate for Bra and Wie).

For the Recirculation-Aeration LSRs, the operational mode switched to aeration after
139 days of initialization and 252 days of recirculation. To ensure effective aeration, ac-
cumulated leachate was gravimetrically drained prior to the switch. The aeration LSRs
of Bra and Kra were reverted to anaerobic conditions (2 ml N,/min) after 139 days of
initialization and 435 days of aeration. Thus, potential leachate quality changes following
the termination of aeration and the return of anaerobic conditions could be investigated.

To simulate rainfall, 500 ml of demineralized water was added every 2-3 weeks 500 to all
non-leachate recirculation LSRs; for anaerobic LSRs this water was purged with N, prior to
addition to prevent oxygen ingress.

4.2.2.3. Leachate sampling

A 5 cm reservoir between the perforated disc and LSR base (Figure 4.1) allowed for leach-
ate accumulation between sampling events. At each sampling round, 100 ml of leachate
was collected. To ensure that samples represented the specific time interval between
sampling rounds, all remaining leachate was gravimetrically drained from the non-
recirculation LSRs following sample collection (implemented from the second sampling
round onwards). Samples were stored at 4°C prior to analyses.

4.2.2.4. Solid phase sampling

To monitor solid phase changes, six sacrificial PP mesh bags (~250 g wet waste, 3 mm PP
mesh) were embedded in each LSR. At three intervals during operation, a mesh bag was
retrieved through the small lid on top of the LSRs, sieved (4 mm), and stored at 4°C prior
to pre-treatment and analyses.

4.2.3. Sample analyses

4.2.3.1. Leachate analyses

The pH and electrical conductivity were measured immediately upon collection. Samples
were subsequently filtered through 0.45 pm cellulose filters and split into three aliquots.
Chloride and NH," were analysed on a discrete analyser (Skalar Bluvision, Analytical
B.V., Breda, The Netherlands). From round 7 onwards, NH,*, NO,  + NO5’, and total N were
measured using a segmented flow analyser (SFA, San++, Skalar Analytical B.V., Breda, The
Netherlands). Other inorganic contaminants were, after acidification to a concentration
of 0.14 M HNO;, analysed on an Inductively Coupled Plasma — Optical Atomic Emission
Spectrometer (ICP-OES iCAP 6500 DUO, Thermo Fisher Scientific Inc., Waltham, MA, USA)
(Al, Ca, Cu, Fe, K, Mg, Mn, Na, P, Si, Z) and High Resolution — Inductively Coupled Plasma
- Mass Spectrometry (HR-ICP-MS Element 2, Thermo Fisher Scientific Inc.,, Waltham,



MA, USA) (Al, As, Ba, Cd, Co, Cr, Cu, Fe, Mn, Ni, Sb, Sr, V, Zn). The remaining aliquot was
used to determine organic C (OC) by measurement of total and inorganic C (TC and IC
respectively, where OC = TC - IC) using a SFA. In addition, this aliquot was subjected to
rapid batch fractionation (Van Zomeren & Comans, 2007) to determine dissolved humic
substances (HS: humic acid (HA), fulvic acid (FA), hydrophilic acid (Hy), and hydrophobic
neutrals (HON)).

4.2.3.2. Chemical extractions of solid waste

Reactive solid phases were characterized using selective extractions on the mesh bag
samples. Amorphous Al- and Fe (hydr)oxide contents were estimated via ammonium
oxalate (ISO 12782-3, 2012) and ascorbic acid (ISO 12782-1, 2012) extractions, respec-
tively; crystalline Al- and Fe (hydr)oxides were estimated using the dithionite extraction
(1ISO 12782-2, 2012). Concentrations of Al and Fe in the extracts were measured with an
ICP-OES. The total amount of HS and its subfractions (HA, FA, Hy, HON) was determined
through acid-base extraction followed by rapid batch fractionation (Van Zomeren &
Comans, 2007) and subsequent OC determination with a SFA. Clay content was measured
via the sieve and pipette method (Houba et al., 1995), yet not for the mesh bag samples.
Finally, total reactive contaminant contents were determined by 0.43 M HNO; extraction
(Groenenberg et al, 2017) and water-extractable concentrations by ultrapure water
(UPW) extraction (L/S 10) followed by analysis via ICP-OES and HR-ICP-MS for macro- and
trace elements (see section 4.2.3.1 for specific elements).

4.2.4, Geochemical modelling

Geochemical modelling was conducted in the modelling framework ORCHESTRA (Mee-
ussen, 2003) in a similar set-up as van Raffe, Dijkstra, et al. (2025). This approach included
modelling adsorption to reactive surfaces (HA, FA, Al- and Fe (hydr)oxides, clay) together
with the formation of inorganic complexes and precipitation/dissolution of mineral phas-
es based on the thermodynamic constants in the MINTEQV4 database (US EPA, 1999).
Adsorption to HA and FA was modelled using the NICA-Donnan model (Kinniburgh et
al., 1996), considering the generic parameters of Milne et al. (2001, 2003) and taking
the measured dissolved (section 4.2.3.1) and solid (section 4.2.3.2) HA and FA as input
with an assumed carbon content of 50% (Pribyl, 2010). Adsorption to Al- and Fe (hydr)
oxides was modelled using the generalized two-layer model and generic parameters of
Dzombak & Morel (1990) taking hydrous ferric oxide (HFO) as a singular proxy for metal
(hydr)oxides due to the limited database of Al (hydr)oxides (Meima & Comans, 1999).
The content of HFO was based on the measured quantities of amorphous and crystal-
line Al- and Fe (hydr)oxides (section 4.2.3.2). For amorphous (hydr)oxides a molar ratio
of 84 g Al/mol HFO, 95 g Fe/mol HFO (Hiemstra & Van Riemsdijk, 2009), and a reactive
surface area of 600 m?/g (Dzombak & Morel, 1990) was assumed. For the crystalline (hydr)
oxides a molar ratio of 78 g Al/mol HFO, 89 g Fe/mol HFO, and a reactive surface area of
100 m?*/g (Dzombak & Morel, 1990; Van Eynde et al., 2020) was assumed. In line with van
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Raffe, Dijkstra, et al. (2025), calculated HFO was corrected for binding to solid OM and
dissolved OM based on separate model calculations and for dissolution of amorphous
(hydr)oxides based on measured dissolved Al and Fe concentrations in solution. A further
correction was made to account for sulphides in the anaerobic LSRs, as part of the initially
determined oxides likely dissolved and formed sulphides and as during pretreatment of
the waste in the mesh bags these sulphides may have partly dissolved and reformed as
oxides; both instances result in an overestimation of the oxide content. To this end, HFO
contents were halved based on the model-predicted relevance of Fe-sulphide formation
(pH + pe < 8). Contrary to van Raffe, Dijkstra, et al. (2025), adsorption to clay was modelled
using a Donnan model, taking measured clay content as input and assuming all clay to be
illite with a Donnan volume of 1 L/kg (Weng et al., 2001). Additional inputs consisted of
a calculated liquid:solid ratio (L/S), measured leachate pH, pe, dissolved concentrations
of IC and competing elements, and reactive element concentration (0.43 M HNO; extrac-
tion) of the element of which the dissolved concentration is to be predicted, based on
the aforementioned input parameters and in a similar fashion to van Raffe, Dijkstra, et al.
(2025). The model was used to calculate the solid-solution partitioning and speciation of
all analysed elements in both the solid and solution phase for three distinct datasets: LSR
leachate (section 4.2.3.1), the pH-dependent test (section SM4.1, Sl), and the mesh bag
extracts (section 4.2.3.2). Findings from the latter two experiments were used to build the
modelling framework of the LSR leachate modelling and are described in the SI (section
SM4.2); the LSR leachate modelling is described below.

The LSR leachate was modelled as a well-mixed batch system. While the LSRs are dynamic
systems, we believe this batch equilibrium approach was appropriate as the leachate was
collected on average over a period of one month between sampling rounds, following
which leachate was fully drained from the LSRs. Each leachate sample was thus a repre-
sentation of the entire LSR for the entire period between sampling rounds. The L/S ratio
was calculated based on a mass balance approach, with total liquid calculated from added
(initial water and added e.g. through rain simulation) and removed water (drainage and
leachate sampling), and the solid weight being the initial dry weight minus the dry mass
removed with the mesh bags. Dissolved element and OM concentrations together with
pH were measured in the leachate samples. The redox potential (pe) measured at 7.5 cm
from the bottom of the waste was used as model input. The solid reactive surfaces and
reactive elements content was set to those determined in the mesh bags extractions; for
leachate sampling rounds where mesh bags were not sampled, inputs were set equal to
the last round in which mesh bags were analysed. Assumed mineral forms in the model-
ling were based on van Raffe, Dijkstra, et al. (2025) and listed in Table S4.2.



4.3. RESULTS

4.3.1. General parameters

Operational conditions (Table 4.1) significantly influenced the redox potential (Figure
4.2). Under leachate recirculation, strongly reducing conditions (pe = -7.5) prevailed
irrespective of waste origin. In contrast, continuous aeration led to a steady increase in
redox potential, stabilizing at different plateaus for the different wastes: pe = 0 for Kra,
pe = 3 for Bra, and a two-step increase for Wie (pe = -1 then = 3). The Recirculation-
Aeration treatment resulted in a more rapid oxidation for Kra and Wie compared with
continuous aeration. Here Kra exhibited a two-step increase (pe = 0 then = 5), while Wie
directly increased to stabilize at the same level as for continuous aeration (pe = 3). This
accelerated response is likely due to the drainage step performed before switching the
operational conditions, which effectively removed dissolved reductants. Unexpectedly,
the Bra Recirculation-Aeration LSR showed no distinct increase of the redox potential
after the switch to aeration. This absence is probably due to compaction of the finer, clay-
rich waste during leachate recirculation restricting gas permeability, as this compaction
was observed during waste sampling upon LSR termination.

Leachate pH increased slightly during recirculation, exceeding above 8.0 (Figure 4.2),
a value characteristic of methanogenic or stable phase landfills (Sanphoti et al., 2006).
Conversely, aeration caused a pH decrease, consistent with previous LSR studies (Raga &
Cossu, 2013; van Turnhout et al., 2018). This acidification is likely driven by the production
of organic acids during stimulated OM degradation (Sundberg et al., 2004) and proton
release during nitrification (Nag et al., 2018; Rasmussen, 1990).

Reactive organic matter fractions (HA and FA) increased in concentration during recircu-
lation (Figure 4.2), correlated with the observed increased pH (van Raffe, Dijkstra, et al.,
2025). The lower HA and FA concentrations under aeration are attributed to stimulated
microbial degradation and the observed decreasing pH (Figure 4.2).

4.3.2. Inorganic contaminants

Inorganic contaminant concentrations in the LSR leachate showed a strong dependence
on operational conditions (Figures 4.3 & S4.7), driven by the previously described shifts
in redox potential, pH, and dissolved HS. Based on mechanisms identified in the pH-de-
pendent leaching tests (section SR4.1) and mesh bag extracts (Figures S4.4 & S4.5), con-
taminants were categorized as anionic and two cationic subdivisions based on i) redox
sensitivity and ii) the observed pH of minimum solubility (Figure S4.2). The geochemical
model generally captured the observed leaching trends (Figure 5S4.9), yet root mean
square error (RMSE) (Bennett et al., 2013) values frequently exceeded 1 (Figure S4.10),
indicating strong deviations between model calculations and measurements which are
discussed below.
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Figure 4.2 Measured changes in general parameter in the landfill simulation reactors during the op-
eration under different operational conditions. The vertical dotted lines indicate the date at which
the Recirculation-Aeration LSR switched from recirculation to aeration (blue) and when the aeration
LSRs of Braambergen and Kragge switched from aeration to anaerobic conditions (green).

4.3.2.1 Reactive anions

Anionic contaminant concentrations, represented by As (Figure 4.3), generally remained
stable under recirculation and decreased under aeration. The geochemical model
adequately predicts these trends, identifying adsorption to Fe/Al (hydr)oxides as the
controlling mechanism for all operational conditions (Figure 4.4). The observed decrease
in As leachate concentrations during aeration is attributed to increased anion adsorption
to these Fe/Al (hydr)oxides at the lower pH (Hiemstra & Van Riemsdijk, 1999; Kosmulski,
2016). This pH-dependency was clearly demonstrated in the pH-dependent test (Figure



S4.2) and best exemplified by the Bra aeration LSR, where a minor pH increase around
day 500 (Figure 4.2) triggered a simultaneous spike in anionic concentrations (Figures 4.3

and S4.7). In addition to changing pH, the oxidation
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Figure 4.3 Measured (symbols) and modelled (lines) concentrations of contaminants in the LSR
leachates during LSR operation under different operational conditions. The vertical dotted lines
indicate the date at which the Recirculation-Aeration LSR switched from recirculation to aeration
(blue) and when the aeration LSRs of Braambergen and Kragge switched from aeration to anaerobic
conditions (green).
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of Fe-sulphides during aeration may have induced the (neo)formation of metal (hydr)
oxides (Couture et al,, 2013) and thereby provide additional binding sites, which further
explains the observed reduced anion mobility during aeration.

The other anionic contaminants (Mo, Sb, and P) all showed a similar decrease in con-
centrations during aeration, albeit with an initial increase in Mo and Sb concentrations
(Figure S4.7). This was again predicted to be predominantly controlled by Fe/Al (hydr)ox-
ide binding and a predicted formation of calcium-phoshate minerals for P (Figure 54.12).
Under leachate recirculation Mo and Sb concentrations decrease and P concentrations
increase, with the contrary result of the latter potentially related to organic P mineraliza-
tion, as was previously found under anaerobic conditions (Vink et al., 2010), or due to a
stronger pH dependence of P at a pH of 8 (Figure S4.2).

4.3.2.2. Reactive cations

Cationic contaminants can be distinguished based on their response to a changing redox
potential (via changes in their valency or changes in the stability of sulphide minerals)
and their pH of minimum solubility (section SR4.1).

Redox sensitive cationic contaminants

Concentrations of redox sensitive cations, represented by Fe, were stable under leachate
recirculation and initially increased and subsequently decreased under aeration (Figure
4.3). The geochemical model predicted Fe to be present as a sulphide mineral under the
anaerobic conditions of leachate recirculation (Figure 4.4). Upon aeration, sulphide oxida-
tion and mineral dissolution released Fe to solution, following which Fe concentrations
decreased due to the precipitation of first carbonate and then (hydr)oxide minerals (Fig-
ure S4.13). This order of mineral precipitation is consistent with predicted Fe behaviour in
anaerobically deposited soils (Vink et al., 2017).

The reversibility of the above mechanisms can be observed for the Bra and Kra Aera-
tion LSRs, which return to anaerobic conditions on day 591 caused a spike in leachate
Fe concentrations (Figure 4.3) as formed Fe-(hydr)oxides re-dissolved as Fe?*. The model
captured this dissolution, yet predicted a rapid re-formation of Fe-sulphides and a cor-
responding drop in Fe concentrations (Figure 4.4 & Figure S4.13). This drop is not yet
observed in the measurements, suggesting a kinetic lag.

Other redox sensitive metals (Cd, Cu, Mn, and Zn) similarly increased and then decreased
during aeration. The initial increase is for all predicted to be a result of sulphide mineral
dissolution, while the subsequent decrease is either a result of mineral formation (Mn) or
binding to reactive surfaces (Cd, Cu, Zn) (Figure S4.12). Notably, the mesh bag extracts
only showed a clear redox sensitivity for Fe and Cu (Figure S4.5), which could only be



modelled accurately by adjusting pe + pH values upwards to account for oxidation dur-
ing sampling and storage (see section SM4.2).

Reactive cations a with solubility minimum below pH 8

Cationic elements with a solubility minimum below pH 8, exemplified by Cr (Figure
4.3), generally increased in concentration in the recirculation LSRs and decreased in
concentration in the aeration LSRs. These trends parallel trends in HS solubility (Figure
4.2), consistent with model predictions that identify binding to dissolved HS (Figure 4.4)
as the primary control mechanism for Cr (van Raffe, Comans, et al., 2025; H. Wang et al.,
2024). Similar behaviour was observed for Sn and Al in Kra LSRs, which are similarly char-
acterized by a high affinity for OM binding (Milne et al., 2003; Weng, Temminghoff, & Van
Riemsdijk, 2002a).

Reactive cations a with solubility minimum between pH 8 and 10

For cationic elements with a solubility minimum between pH 8 and 10, represented by Ni
(Figure 4.3), concentrations generally increased (Kra) or remained stable (Bra & Wie) in the
recirculation LSRs. During aeration, concentrations initially increased and later decreased.
The model poorly predicted these dynamics, predicting Ni to be predominantly bound
to Fe/Al (hydr)oxides and OM (Figure 4.4 & S4.11) yet with a high uncertainty considering
the poor predictions. The observed differing behaviour of Ni during leachate recirculation
for the different waste is in likelihood related to the different pH of minimum solubility.
For Kra this pH of minimum solubility is decidedly lower than for Bra and Wie (Figure
S4.2), related to its higher OM content (van Raffe, Dijkstra, et al., 2025); the increasing pH
under recirculation thus moves away from minimum solubility and results in increasing
concentrations. For Bra and Wie the pH hovers around the minimum, resulting in stable
concentrations.

The initial Ni concentration increase observed during aeration likely resulted from an
increased competition for surface binding sites following mineral dissolution of other el-
ements, specifically the release of Fe upon sulphide dissolution and the to-be-discussed
Ca release upon carbonate dissolution. This influx of competing ions displaces Ni,
temporarily increasing the leachate concentration. The subsequent decline in Ni aligns
with the eventual decrease of these competing elements, alongside a decrease in pH
and dissolved HS concentrations (Figure 4.2). The inability of the model to capture this
‘peak’ trend suggest that the assumed system equilibrium may not be valid during rapid
geochemical shifts. Si and Co showed similar trends (Figure S4.7), although Si is predicted
to be controlled by the formation of silicate minerals rather than surface complexation
(Figure S4.12).
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Reactive cations a with solubility minimum above pH 10

Cationic elements with a solubility minimum above pH 10, exemplified by Mg (Figure 4.3),
decreased in concentration in the recirculation LSRs and increased before subsequently
decreasing in the aerated LSRs. The geochemical model predicts these trends to be
predominately steered by mineral precipitation as either struvite or sepiolite (Figure 4.4).
Under leachate recirculation, the elevated pH (Figure 4.2) promotes mineral precipitation
(van Raffe, Dijkstra, et al., 2025), thereby reducing leachate concentrations. Conversely,
the release of Mg during aeration likely stems from mineral dissolution at lower pH and
reduced availability of co-precipitating elements. The subsequent decrease under aer-
ated conditions was not captured by the model. Potentially this is the result of a discon-
nect between the waste mass (where mineral precipitation occurs) and the leachate (on
which calculations are based. Other contaminants in this group include Ba, Sr, and Ca,
all of which followed similar patterns(Figure S4.7), yet with differing controlling minerals
(sulphates for Ba, carbonates for Sr and Ca) (Figure S4.12).

4.3.2.3. Ammonium

Ammonium (NH,") tends to accumulate in landfill leachate due to the absence of nitrifi-
cation as a removal pathway under anaerobic conditions (Berge et al., 2005; Zhao et al.,
2024), making it the contaminant of primary concern (Dijkstra et al., 2018; Kjeldsen et
al., 2002). In the LSRs NH,* concentrations decreased under both leachate recirculation
and aeration, with a more pronounced decline during aeration (Figure 4.3) related to dif-
ferences in underlying mechanisms. During leachate recirculation the observed decrease
is likely driven by struvite precipitation, as pH increased towards the struvite solubility
minimum (around pH 8.5 (R. Kumar & Pal, 2015)) and P concentrations were elevated
under leachate recirculation (Figure S4.7). The geochemical model only predicted struvite
formation for Kra (Figure 4.4 and S4.17), however here model predictions of NH," were
also most accurate (Figure 4.3). Under aerated conditions the observed decrease of NH,*
is attributed to nitrification, where NH," is oxidized to nitrate (NO5) by nitrifying bacteria,
a pathway well-documented in aerobically treated waste (Mertoglu et al., 2006; Wu et al.,
2014; Zeng et al., 2012).

The role of competing reductants and growth lag period

A multitude of studies — varying in LSR size, waste composition, and aeration intensity
- have similarly demonstrated the potential of aeration to reduce NH,* concentrations
(Bolyard & Reinhart, 2016; Borglin et al., 2004; Brandstatter et al., 2015b; Fricko et al., 2021;
Hrad et al., 2013; Morello et al., 2016; Nag et al., 2018; Prantl et al., 2006; Ritzkowski et
al., 2006; Slezak et al., 2009, 2015). Remarkably, the required aeration period before NH,*
concentrations decreased was relatively consistent across studies at approximately 100
days. Considering the vast range of aeration intensities applied (from 22 ml/kg/h in this
study to 4800 ml/kg/h (Nag et al., 2018)), this consistency suggests that the oxidation of
competing reductants (e.g. OM and sulphides (Borch et al,, 2010)) and the growth of ni-



trifying bacteria (Prosser, 2007) are rate-limiting steps for nitrification, rather than oxygen
availability. This hypothesis explains why Cossu et al. (2016) did not observe a decrease in
NH," despite applying an aeration rate of 208 ml/kg/h for 90 days; the duration was likely
insufficient to exhaust the competing reduced species and facilitate the growth of nitrify-
ing bacteria. This is further supported by studies where aeration was not preceded by an
anaerobic initialisation phase or where, instead of sampled landfill waste, synthetic waste
was used. In such cases reduced species did not accumulate, and the aerobic microbial
community did not switch their metabolism to a very low rate to survive anaerobic condi-
tions (Diab et al., 1993). Correspondingly, aeration allowed for an immediate oxidation
of and steep decline in NH,* (Borglin et al., 2004; Slezak et al., 2009, 2015). Nitrification
inhibition by sulphides may have further obstructed the removal of NH," (Ivan et al., 2013;
Schalk et al., 2019). This effect is well illustrated by the Recirculation-Aeration LSRs in this
study: the drainage of leachate removed a significant load of dissolved reductants, facili-
tating more effective aeration and oxidation of sulphides which resulted in a more rapid
decline of the NH," concentrations (Figure 4.3).

Rebound effects

The efficiency of aeration for NH," removal is widely recognized (Hao et al., 2010; Ritz-
kowski & Stegmann, 2007), yet to adhere to legislation criteria the permanence of this
removal is critical. A return of the Aeration LSRs of Bra and Kra to anaerobic conditions
resulted in a rebound of NH," concentrations due to ongoing (anaerobic) OM degrada-
tion (Figure 4.3). This rebound effect has been noted previously (Fricko et al., 2021a),
but was deemed limited and related to a significantly increased NH," sorption capacity
of aerated waste. We found no indication of an increased sorption capacity but rather
determined a reduced reactive surface area for our aerated waste (Quist et al., in prep).
As such, achieving a permanent reduction of NH," concentrations via aeration requires
the complete removal of the degradable waste fraction, rather than temporary aeration.

4.4. DISCUSSION

4.4.1. Identifying mechanisms underlying contaminant solubility

The present study aimed to elucidate the mechanisms governing contaminant leach-
ing from actively treated waste in LSRs. Multi-surface modelling, underpinned by initial
pH-dependent leaching tests of untreated solid waste and UPW extracts of solid waste
sampled from the LSR during experimental operation, allowed the identification of key
solubility controlling mechanisms — namely mineral precipitation, binding to reactive
surfaces, and the importance of redox conditions.

The here identified mechanisms aligned closely with those observed in the pore water
of a leachate recirculation landfill (van Raffe et al., 2026). This consistency highlights the
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value of controlled ex-situ LSR set-ups in interpreting complex in-situ processes, as the
LSRs allow for a detailed analysis of the solid-phase and the use of measured, rather than
assumed, redox potentials. This approach revealed the redox sensitivity of Mn and Cd,
which was not identified by van Raffe et al. (2026). This discrepancy suggests that the
importance of redox conditions may be obscured by sample transport and handing, as
could also be noted by the limited redox sensitivity in the results of the mesh bag extracts
and the pH dependent test (section SR4.1).

4.4.2. Achieving effective reductions in contaminant concentrations

The operational conditions employed in this study highlighted the importance of the
hydrological conditions in active landfill treatment. In the Recirculation-Aeration LSRs,
the intermediate drainage of leachate rich in reduced species resulted in rapid changes
in redox conditions, thereby accelerating the onset of nitrification and NH,* removal. This
suggest that the implementation of aeration as an active treatment strategy could be
significantly optimized by actively controlling the hydrological conditions within landfill
bodies, draining the waste of moisture to remove competing reductors and improve gas
permeability and thereby increase aeration efficacy.

Nonetheless, this study also demonstrated that aeration involves a distinct trade-off. The
reduction in NH," was counterbalanced by the mobilisation of other contaminants, where
parallel sulphide oxidation resulted in concentration peaks for several redox-sensitive
elements, including Cd, Cu, Fe, Mn, and Zn. Thus, while aeration effectively targets NH,*, it
risks elevating other contaminants above established target values (Dijkstra et al., 2018).

4.4.3. Implications of active treatment termination

The ultimate goal of active treatment is to reduce contaminant concentrations below
the established ETV, ensuring that residual emissions do not pose environmental harm
(E. Brand et al., 2016; Dijkstra et al., 2018). The current ETV determination assumes a
‘worst-case’ scenario where emissions remain constant upon the termination of active
treatment. However, our results challenge this assumption.

In the aeration LSRs of Bra and Kra, conditions were reverted to anaerobic after 574
days. Within days, concentrations of NH," and Fe rebounded. This return to anaerobic
conditions is a likely scenario in full-scale landfill bodies once active aeration ceases and
residual oxygen is consumed. Consequently, reliance on leachate concentrations alone is
insufficient for determining safe active treatment termination. A comprehensive assess-
ment of the ‘emission potential; i.e. the total amount of potential releasable contaminant,
is required. A full understanding of the emission potential should not be derived only from
developments in leachate concentrations, as discussed in this paper, but also requires the
development of the solid phase characteristics that steer contaminant mobility.
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Figure 4.4 Model calculated solid and dissolved phase speciation of contaminants in the Kragge
LSRs as a function of time. The vertical dotted lines indicate the date at which the Recirculation-Aer-
ation LSR switched from recirculation to aeration (blue) and when the aeration LSRs of Braambergen
and Kragge switched from aeration to anaerobic conditions (green).
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4.5. CONCLUSION

This study elucidated the geochemical mechanisms governing hazardous contaminant
leaching from landfill waste, demonstrating how these mechanisms drive changes in
contaminant mobility during active treatment via aeration and leachate recirculation.
By coupling landfill simulation reactors and pH-dependent leaching test with state-of-
the-art multi-surface geochemical modelling, we quantified the critical roles of pH, redox
potential, mineral formation/dissolution and organic matter leaching in controlling con-
taminant solubility.

The impact of treatment conditions was distinct. Leachate recirculation maintained
strongly reducing conditions, stable humic substances concentrations, and generally
increased pH. Consequently, multiple contaminant concentrations increased due to pH-
driven solubility increases, while sulphide mineral precipitation controlled the solubility
of redox-sensitive elements. Aeration lowered pH and decreased concentrations of both
organic and inorganic carbon as the system became more aerobic. This resulted in an
initial increase in contaminant concentrations due to mineral dissolution, followed by
a decrease driven by binding to reactive surfaces and the formation of new mineral
precipitates (e.g. metal (hydr)oxides). Crucially, the efficiency of aeration was improved
when preceded by leachate recirculation and subsequent gravimetric leachate drainage.
This Recirculation-Aeration strategy effectively removed dissolved reductants prior to
aeration, highlighting the importance of adequate landfill drainage to accelerate active
treatment.

Aeration proved most effective for the decrease of NH," and dissolved OM, yet did intro-
duce a critical trade-off in the temporary mobilization of redox-sensitive contaminants
which at peak levels exceeded emission target values. Furthermore, a return of the
aerated LSRs to anaerobic conditions resulted in a rebound in contaminant (NH,", Fe)
concentrations, challenging the assumption that aeration as active treatment results in
permanent stability. Therefore, environmentally safe termination of active treatment can-
not rely solely on leachate monitoring. It requires a robust characterisation of the solid
waste’s emission potential to ensure the return to anaerobic conditions does not lead to a
future exceedance of emission target values.
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ABSTRACT

Sustainable management of landfills through actively reducing contaminant emissions
requires knowledge on underlying geochemical processes, which is currently limited.
To this end, pore water was sampled across a vertical transect from a landfill subject to
leachate recirculation with an in-situ collection system. The samples were analysed for pH
and the concentration of inorganic contaminants and dissolved organic matter fractions;
all showed similar distributions with depth. The underlying mechanisms of this analo-
gous behaviour were identified using geochemical modelling, which captured measured
concentrations adequately for most contaminants. While non-reactive contaminant con-
centrations were best predicted considering limited interaction with the solid matrix and
reactive anions were best predicted by metal (hydr)oxide binding, adequate predictions
for reactive cations with a high organic matter binding affinity required a description of
humic substance fractions. Predictions of other reactive cations were steered by the for-
mation of carbonate or sulphide minerals. The importance of mineral precipitates devi-
ates from previous lab experiments on sampled solid waste, highlighting the importance
of modelling in-situ samples to explore processes in complex systems such as landfills.
The obtained understanding can be used to test landfill simulation reactor results, to
aid in understanding impacts of proactive waste management strategies and ultimately
facilitate their implementation.



5.1.INTRODUCTION

Worldwide, governments move towards more sustainable waste management, yet
increasing waste generation together with remaining untreatable waste and waste treat-
ment residues implies that landfills remain necessary (Hoornweg & Bhada-Tata, 2012;
Scharff, 2014). Landfills threaten the environment both through the emission of green-
house gases (EEA, 2024) and the production of contaminated leachate, which under im-
proper management can be transported to the underlying soil and pollute ground- and
surface water (Kjeldsen et al., 2002; Siddiqua et al., 2022; Vaverkova, 2019). As per the EU
landfill directive, landfilled waste is isolated from the environment through the place-
ment of engineered barriers and the capture and permanent treatment of generated
leachate (Council of the European Union, 1999); an effective yet unsustainable practice
in which the burden of current waste management is transferred to future generations
(Laner et al., 2012).

Exploring more sustainable waste management practices in the Netherlands has been
furthered by the signing of a “Green deal” in 2015, which initiated three landfill-scale pi-
lots with the necessary infrastructure to test and understand the effectiveness of aeration
and leachate recirculation as active treatment to promote landfill waste stabilization (E.
Brand et al., 2016). If this approach can reduce contaminant concentrations in the leach-
ate sufficiently to meet pre-determined and legally defined emission target values (ETV;
(E. Brand et al.,, 2016; Dijkstra et al., 2018)), use of protective top liners and their costly re-
placement may no longer be necessary, while aftercare of the generated leachate can be
reduced (Berge et al., 2009). The Dutch municipal solid waste (MSW) landfill The Kragge is
subjected to leachate recirculation, with the goal to promote the mixing of nutrients and
microbiota and thereby increase organic matter (OM) stabilization and reduce contami-
nant emissions (Reinhart & Al-Yousfi, 1996; Sinan Bilgili et al., 2007; White et al., 2011).

Although extensive research has been carried out on the effects of leachate recirculation
in landfill simulation reactors (LSR; (Ma et al., 2021; van Turnhout et al., 2018)), research on
full landfill-scale recirculation is limited (Benson et al., 2007; Chung et al., 2015; L. Liu et al.,
2018). Additionally, for both LSRs and landfill scale pilots previous research was limited to
overall gas composition and general leachate quality. Yet the large heterogeneity in both
the chemical composition and the physical/hydrological accessibility of the waste inher-
ent to a MSW landfill (Konstantaki et al., 2016) makes effective treatment challenging.
Moreover, the existence of inevitable preferential flow paths can lead to discrepancies
between the composition of waste body pore water and the collected landfill leachate
(Aharoni et al., 2020). Consequently, the actual effects and processes occurring within the
waste body remain largely unknown, while essential to understand for the development
of effective and sustainable waste management strategies.
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The mobility and release of contaminants is steered by degradation of the landfilled waste
(Brandstatter et al., 2015a; Slezak et al., 2015), hydrological flows (Kosson et al., 1996),
and the chemical environment. Solubility of contaminants is significantly impacted by
parameters such as pH (Dijkstra et al., 2009; Dijkstra, Van Der Sloot, et al., 2006; van Raffe,
Dijkstra, et al., 2025), the concentration of competing ions (Antelo et al., 2005; Hongshao
& Stanforth, 2001; Qin et al., 2006), and the quantity and characteristics of reactive or-
ganic and mineral surfaces (Bao et al., 2022), particularly solid- and dissolved OM (SOM
and DOM) and its subfractions (humic acid (HA), fulvic acid (FA), hydrophilic acid (Hy), and
hydrophobic neutrals (HON)) (Van Zomeren & Comans, 2007). The exact controls behind
contaminant leaching, i.e. inorganic complexation, adsorption to reactive surfaces, and/
or mineral precipitation, can be explored through geochemical modelling (Di Bonito et
al., 2024) as has been done successfully among others in soils (Dijkstra et al., 2009; Uddh-
Soderberg et al,, 2024) and waste (Astrup et al., 2006; Dijkstra, Van Der Sloot, et al., 2006;
van Raffe, Dijkstra, et al., 2025).

This paper presents the composition of pore water samples obtained via an in-situ vadose
monitoring system (VMS) in The Kragge, focusing particularly on the vertical heterogene-
ity of DOM and associated inorganic contaminants. To our knowledge this is the first time
that DOM and its composition along with a wide range of inorganic contaminants is in-
vestigated in in-situ pore water across a vertical transect in a landfill subjected to leachate
recirculation. With this characterization, supported with geochemical modelling, we aim
to elucidate processes controlling in-situ dissolved contaminant concentrations which
were previously only indirectly deduced (Aharoni et al., 2017, 2022) or investigated ex-
situ (van Raffe, Dijkstra, et al., 2025). This study can thus provide important added value
to regular leachate monitoring to understand contaminant mobility in landfills during
active treatment, in support of evaluating the feasibility to obtain compliance with emis-
sion target values (E. Brand et al., 2016; Dijkstra et al., 2018).

5.2. MATERIALS AND METHODS

5.2.1. Site description

In-situ pore water samples were collected from The Kragge landfill near Bergen op Zoom
in the Netherlands. The landfill cell of interest has been in operation from 1997 until 2007
and is filled with predominantly MSW (Yi et al., 2025). The waste has been subject to
leachate recirculation since 2017; prior to the leachate recirculation the waste has been
sampled and characterized for three different depth intervals (van Raffe, Dijkstra, et al.,
2025). An additional solid waste sampling was performed one year after installation of
the VMS described in the following section, for a characterization that more closely coin-
cides with the collected pore water samples.



5.2.2. Pore water sampling

The vadose zone of the landfill was sampled through two VMS (Dahan et al., 2009), re-
ferred to as VMS A & B. Both VMS are made of polyvinyl chloride liners and were installed
at a 45-degree decline in October 2021. Sampling cells were located at ~0.4 metre inter-
vals between 3 - 6.5 metres and between 9.6 — 13 metres below the surface (Figure 5.1). A
detailed description of VMS installation and operation can be found elsewhere (Stringfel-
low et al., 2023). Contact between the sampling cells and the surrounding waste body
was ensured by pumping a grout (5:1:0.8, water.cement:bentonite, Table S5.2) bottom-up
into the VMS. The two sampling rounds (October 2022 & May 2023) presented in this
paper were part of a three-monthly pore water sampling campaign (July 2022 - March
2024) and selected as representative depth profiles to illustrate identified geochemical
processes, specifically regarding pH trends as described in the results section. Samples
were collected in PET bottles and stored at 4 °C prior to pre-treatment and analysis. The
sampling campaigns also include samples from a common leachate collection pit, repre-
senting the overall leachate flowing out at the base of the landfill.
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Figure 5.1 Schematic depiction of (a.) a vadose monitoring system (VMS) sampling port: with the
sampled pore water (a.), collected through a porous ceramic unit (b.), surrounded by quartz flour
(c.). Pore water is sampled via application of under-pressure in the sampling port (d.) and trans-
ported to the surface via a second tube (e.) by applying overpressure. Grout (f.) was pumped into
the VMS during installation to ensure good connection between the sampling port and surround-
ing waste (h.) via attachment pressure (g.). The VMS was installed at a 45-degree incline (b.). The
sampling ports, depicted by the orange circles, are situated in two 10-port clusters with depths from
the landfill surface of 3.0 to 6.5m and 9.4 to 13.0m. The blue circles represent Flexible Time-Domain
Reflectometry probes to monitor water content at three different depths. For VMS A, the sample
port at 11.9m below the landfill surface did not function and is depicted with a red circle.

Geochemical processes controlling

A
-

in-situ contaminant solubility in landfills




N ‘ Chapter 5

5.2.3. Sample pre-treatment and analysis

On the day of sampling, pH and electrical conductivity were measured in unfiltered
samples using their respective electrodes. The pore water samples were subsequently
filtered over a 0.45 um cellulose nitrate filter pre-rinsed with ultrapure water (UPW).
Part of the filtrate was acidified to a concentration of 0.14 M HNO; and analysed on an
Inductively Coupled Plasma - Optical Atomic Emission Spectrometer (ICP-OES iCAP 6500
DUO, Thermo Fisher Scientific Inc., Waltham, ) and an Inductively Coupled Plasma - Mass
Spectrometry (ICP-MS Element 2, Thermo Fisher Scientific Inc., Waltham, ) for Aluminium
(Al), Arsenic (As), Barium (Ba), Calcium (Ca), Cadmium (Cd), Cobalt (Co), Chromium (Cr),
Copper (Cu), Iron (Fe), Potassium (K), Lithium (Li), Magnesium (Mg), Manganese (Mn), Mo-
lybdenum (Mo), Sodium (Na), Nickel (Ni), Phosphorus (P), Lead (Pb), Sulfur (S), Antimony
(Sb), Silicon (Si), Tin (Sn), Strontium (Sr), Vanadium (V), and Zinc (Zn). A second part of the
samples was analysed non-acidified on a Segmented Flow Analyser (SFA San++, Skalar
Analytical B.V,, Breda, The Netherlands) for total carbon (TC) and inorganic carbon (IC)
which gives dissolved organic carbon (DOC) via TC-IC = DOC, Ammonium (NH,"), Nitrite
and Nitrate (NO;™ + NO,), and total Nitrogen (Nts); and on a discrete analyser (Skalar Bluvi-
sion, Analytical B.V,, Breda, The Netherlands) for Chloride (Cl). The DOC in the remaining
filtrate was further separated into HA, FA, Hy, and HON through rapid batch fractionation
(Van Zomeren & Comans, 2007).

5.2.4. Geochemical modelling

Geochemical modelling of the inorganic contaminants was conducted in the modelling
environment ORCHESTRA (Meeussen, 2003), in a similar setup to van Raffe, Dijkstra, et
al. (2025). This modelling approach calculates inorganic complexation in solution and
formation of possibly-occurring mineral precipitates based on thermodynamic equilib-
rium constants present in the MINTEQV4 database, adsorption to HA and FA using the
NICA-Donnan model (Kinniburgh et al., 1996), and adsorption to metal (hydr)oxides us-
ing the generalized two-layer model (Dzombak & Morel, 1990). Modelling is conducted
in separate model runs, using total reactive concentrations of the to-be-modelled ele-
ment and measured dissolved concentrations of all other elements to better represent
potential competition effects. The present modelling set-up deviates from the approach
of van Raffe, Dijkstra, et al. (2025) in the addition of clay adsorption as calculated using
a Donnan model, the use of an improved NICA-Donnan parameter set for Cr (van Raffe,
Comans, et al.,, 2025), Cu, Cd, and Zn (Wiersma et al., 2025), and an adapted set of pos-
sible minerals due to the reducing conditions and higher than atmospheric CO, pressure
occurring within the landfill. All deviations from the generic binding parameter sets for
NICA-Donnan (Milne et al., 2001, 2003) and GTLM (Dzombak & Morel, 1990), together
with possibly-occurring minerals, are listed in Table S5.3.

The large heterogeneity inherent to waste, together with the limited available information
regarding the environment surrounding individual sampling ports, makes geochemical



modelling of solid waste/pore water partitioning processes challenging. To characterize
the waste surrounding the sampling ports, waste was sampled at 11 locations on the
landfill in vertical steps of one to two metres and separated into three depth intervals (0
-6m,6-12m, 12 - 18 m). Waste characterisation for each of these layers was based on
various solid phase extractions as outlined below, and layer characteristics were assigned
to sampling ports based on their depth in the landfill. An overview of the extracted
amounts of reactive organic and mineral surfaces is listed in the SI (Table S5.1). Solid HA
& FA were determined using rapid batch fractionation (ISO 12782-4, 2012; Van Zomeren
& Comans, 2007), and quantified on a weight basis by assuming an OM carbon content of
50% (Pribyl, 2010). Hydrous ferric oxide (HFO) was used as a proxy for Al/Fe (hydr)oxides
(Meima & Comans, 1999). Amorphous Al- and Fe (hydr)oxides were measured through
ammonium oxalate (ISO 12782-3, 2012) and ascorbic acid (ISO 12782-1, 2012) extractions
respectively, assuming molar masses of 84 g Al and 95 g Fe per mol HFO (Dijkstra et al.,
2009), and a reactive surface area of 600 m?*/g (Dzombak & Morel, 1990). Crystalline Al-
and Fe (hydr)oxides were measured using a dithionite extraction (ISO 12782-2, 2012), as-
suming molar masses of 78 g Al and 89 g Fe per mol HFO (Van Eynde et al., 2020) and a re-
active surface area of 100 m*/g. Clay content was determined using the sieve and pipette
method (Houba et al., 1995), yet only for a mixed sample which was not separated based
on sampled depth; hence the clay content was considered constant with depth. Total re-
active metal contents were measured in 0.43 M HNO; extracts (Groenenberg et al., 2017;
ISO 17586, 2016) using ICP-OES and ICP-MS. Further model inputs were the measured
pH, a liquid:solid (L/S) ratio of 1 based on the three-layer measured moisture content of
~100% (dried at 105°C for 24 hours), and measured dissolved concentrations of HA, FA,
inorganic carbon (IC), and competing ions. A pH + pe of 6 was assumed, representative of
a reducing environment, based on preliminary modelling of the redox sensitive elements
Cu, Fe, Mn, and Zn and in line with redox measurements of sampled Kragge waste in a
landfill simulation reactor study. This assumption was made as ex-situ redox measure-
ments were unstable and not representative due to sample exposure to the atmosphere.
The distribution and speciation of the targeted contaminants between the solid and
dissolved phase was calculated. Overall modelling adequacy was determined based on
the root mean square error (RMSE; (Bennett et al., 2013)) of the logarithm of measured
and modelled dissolved concentrations. Two additional modelling runs were conducted
to show the uncertainty of this modelling approach, and particularly the uncertainty of
solid phase characteristics surrounding specific sampling cells: a run using the highest
measured reactive surface contents and lowest reactive concentrations of each element
(being the condition with lowest calculated dissolved concentrations), and vice versa (be-
ing the condition with highest calculated dissolved concentrations).
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5.3. RESULTS

5.3.1. pH and non-reactive contaminants

The pH of the pore water increases with depth in both VMS (Figure 5.2a, b), with the pH
in the lower regions exceeding the pH found in the leachate. While for both VMS a similar
slight increase in pH with depth can be observed in the upper part, the VMS deviate in
the lower region; for VMS A the trend of a slight increase in pH with depth continues,
whereas in October 2022 strongly elevated pH values of up to 13 are found in VMS B.
This strong increase is attributed to leaking of grout used during the installation of the
VMS, corroborated by the elevated ratio of Na/Cl for these samples (> 5, Figure S5.1)
which approach those of the grout (~10, Table S5.2). Pore water samples influenced by
the grout thus deviate from the original surrounding waste environment. Nevertheless,
the elevated pH, and its effects on OM as discussed later, does provide additional insight
in processes that control the distribution and speciation of contaminants, in a similar way
as pH-dependent leaching experiments in the laboratory (van Raffe, Dijkstra, et al., 2025).
Moreover, these conditions provide insights relevant for landfills that are more dominated
by cement(like) materials such as construction & demolition waste (Butera et al., 2014).

Contaminants considered as non-reactive are Cl (Figure 5.2¢, d), K, Li, and Na (Figure S5.2),
all of which are indeed predicted by the geochemical model to have limited interaction
with the solid matrix. Consequently, pore water concentrations are determined by their
initial concentration, water flow, and transport through the waste. The model predictions
for these contaminants are adequate except for Cl, for which the RMSE slightly exceeds 1
(Table S5.4, Figure S5.3). These adequate predictions show that both the extractions and
the moisture content determination of sampled waste represent the waste surrounding
the VMS and provide reliable input for the geochemical model. All non-reactive contami-
nants increase in concentration with depth, potentially due to downward transport from
the top layer and/or waste compaction leading to a lower L/S and accompanying higher
concentration of elements. The concentration of non-reactive elements is variable for the
lowest five sampling ports of VMS B, which can be linked to the previously noted leakage
of grout as elements with a high content in the grout (i.e. Na, Li; Table S5.2) are elevated
in the pore water (Figure S5.2). For VMS A the lowest two sampling ports have reduced
concentrations for all non-reactive elements and dissolved inorganic carbon (DIC) (Figure
S5.4). The reduced concentrations could be an indication of an impermeable layer above
these sampling ports, limiting downflow and thus these pore water samples represent a
waste environment that is distinct from the samples above it. This is further supported by
field observations during waste sampling and VMS installation, where a sudden change
from no to several metres of standing water was encountered around 12 metres depth.
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Figure 5.2 The pH of landfill pore water as a function of depth in VMS A (red circles), VMS B (beige
squares), and measured simultaneously in the leachate collected from a leachate collection pit
(dashed lines) in a.) October 2022 and b.) May 2023. The chloride concentration of landfill pore wa-
terin c.) October 2022 and d.) May 2023.The DOC concentration of landfill pore water in e.) October
2022 and f.) May 2023. The relative contribution of humic substance fractions in DOC of landfill pore
water in VMS A (red) and VMS B (beige), humic acid (circles), fulvic acid (squares) and the hydrophilic
fraction (triangles) in g.) October 2022 and h.) May 2023.
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5.3.2. Organic matter

The DOC concentrations generally increased with depth (Figure 5.2e, f), correspond-
ing with higher water-extractable DOC concentrations in the bottom layer of the same
landfill (van Raffe, Dijkstra, et al., 2025). The relative composition of the DOC in VMS A
shows a small decrease of FA and Hy and an increase of HA with depth, except for the two
lowest sampling ports where the DOC concentration drops and the contribution of HA is
limited (Figure 5.2g, h). The lower DOC concentration in these sampling ports coincides
with the observed reduced concentrations of contaminants (non-reactive as observed in
Figure 5.2 and reactive as discussed below), DIC, and a slightly lower pH. As previously
mentioned, these lowest two sampling ports are potentially below an impermeable layer
and likely to be subject to a different hydrological regime and surrounded by less reactive
waste both in terms of contaminants and OC.

In VMS B, the elevated pH values (>10) found in October 2022 in the five lowest sam-
pling ports coincide with a drop in DOC concentrations for these sampling ports (Figure
5.2e), contrary to an expected increase in OC solubility above pH 10 (van Raffe, Dijkstra,
et al., 2025). The characteristics of the DOC also change; the relative contribution of HA
increases while it decreases for both FA and Hy (Figure 5.2g). In May 2023, the elevated
pH values in the bottom section of VMS B reduced (Figure 5.2b), and DOC concentrations
increased again (Figure 5.2f), with a lower relative contribution of HA and higher FA and
Hy contributions, similarly as in VMS A (Figure 5.2h).

The unexpected pH-DOC relation found in grout-influenced sampling ports was further
explored on waste samples extracted at a similar depth as these sampling ports. Experi-
ments in which the pH of a 1:10 waste to water solution was raised (pH > 12) by addition
of the same grout used to fill the VMS, showed a suppressing effect on DOC solubility and
only a slight increase of the HA contribution (section SM5.1, Figure S5.5a, b). Compared
to pH dependent tests on similar waste without grout and standard pH-adjustment with
0.1 M NaOH, the contribution of FA, Hy and specifically HA to DOC is clearly suppressed
by the grout (Figure S5.5¢, d). At the high pH of the grout-influenced sampling ports,
DOC concentrations are expected to be dependent on the (de)coagulation of OM (H. Gao
et al.,, 2025). Yet, a reduced solubility of OM due to increased coagulation by polyvalent
cations (Wall & Choppin, 2003; Weng, Temminghoff, & Van Riemsdijk, 2002b) in the
grout was tested and found to hold no ground, as addition of a high concentration of
Al (15 mg/l) to isolated HA and FA solutions was found to have only a limited effect on
HA and FA coagulation at the high pH of 12 that was observed in VMS B (section SM5.1,
Table S5.3). The DOC reduction may also be caused by adsorption on reactive mineral
surfaces in the grout, possibly through (multivalent) cation bridging, rather than by direct
cation-induced coagulation reactions. It is also interesting to note that a grout-induced
conversion of HA and FA to HON is apparent, leading to molecular associations that bind
irreversibly to the resin used in the fractionation procedure (Figure S5.5). The elevated



HON contribution to DOC is not found for in-situ sampled pore water; a possible expla-
nation may be that HON adsorbs onto inner tubing of the VMS system during sample
transport to the surface; this interaction is absent in the pH-dependent tests.

5.3.3. Reactive contaminants and major ions

The vertical trends of inorganic contaminants, major ions, and DOC correlate strongly,
with generally increasing concentrations with depth (Figures 5.3, S5.6, S5.7). Geochemi-
cal modelling calculations for most contaminants predicted this distribution in soluble
concentrations adequately (RMSE <1), particularly for the sampling ports not influenced
by grout (Figures 5.4, S5.8, S5.9; Table S5.4). Below we will present and discuss the specia-
tion of compounds for which the model adequately captured the vertical trends in the
pore water. Based on the speciation calculations three groups of compounds with similar
behaviour could be identified, consistent with their pH-dependent leaching in laboratory
extractions of the same waste (van Raffe, Dijkstra, et al., 2025): the previously introduced
non-reactive contaminants, reactive anions, and reactive cations. Speciation diagrams of
representatives of these groups are shown in the SI (Figures $5.11 - S5.16).

5.3.3.1. Reactive anions

Contaminants and major ions that can be grouped as reactive anions are As, Mo, P, S,
and Sb, which all increase in concentration with depth and show elevated concentrations
when influenced by the grout (Figures 5.3 and S5.6). The model only captured these
trends adequately for As and S, while P showed a calculated trend independent with
depth yet with an adequate RSME of 0.77 when omitting grout-influenced samples (Fig-
ure 5.4 and S5.8, Table S5.4) and hence its speciation in the influenced samples will not be
further discussed. The model predicts As to be present as both As(lll) and As(V), as previ-
ously encountered in landfill leachates (Ponthieu et al., 2006) and column experiments
(Ghosh et al., 2006), and to bind to metal (hydr)oxides (Figure S5.11), for which both As(lll)
and As(V) have a high affinity (Dixit & Hering, 2003). Mineral precipitates are predicted to
control the solubility of P (Ca-phosphates, with a best description when allowing brushite
to precipitate (Frost & Palmer, 2011)) and S (Barite (Hanor, 2000) and Chalcocite (L. W.
Wang, 2012)).

5.3.3.2. Reactive cations
Reactive cations can be subdivided based on their calculated affinity for organic matter
binding and the vertical trends in their dissolved concentrations, corresponding with
their pH of minimum solubility as previously established with pH-dependent tests (van
Raffe, Dijkstra, et al., 2025).
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Figure 5.3 Measured pore water concentrations in VMS A (red circles), VMS B (beige squares), and as
measured simultaneously in the leachate collected from a leachate collection pit (dashed lines), of
As in a.) October 2022 and b.) May 2023; Cr in c.) October 2022 and d.) May 2023; Cu in e.) October
2022 and f.) May 2023; Fe in g.) October 2022 and h.) May 2023; Ni in i.) October 2022 and j.) May
2023; Mg in k.) October 2022 and |.) May 2023.



Reactive cations with solubility minimum below pH 8

Reactive cations with a solubility minimum between pH 5 - 8, i.e. Sn, V, Cr, Cu, Fe, Al, and
Pb (van Raffe, Dijkstra, et al., 2025), increase in concentration with

depth and were predicted to associate with DOM in the dissolved phase across the entire
depth of the landfill. An exception is Sn, which due to its high hydrolysing potential (Séby
et al., 2001) is predicted to be predominantly present as inorganic hydroxyl species. The
model adequately describes V, Cu, and Fe; adequately describes Sn when not considering
grout-influenced samples; closely describes the trend of Cr yet with a RMSE above 1; and
inadequately describes Al and Pb (Figures 5.4 and S5.8, Table S5.4). All DOM-associated
cations except Cr are calculated to bind predominantly to FA (Figures $5.12 — S5.14). While
Cr is known to bind to FA (Gustafsson et al., 2014), the presently used binding constants
underestimate its OM binding affinity (van Raffe, Comans, et al., 2025), resulting in an
underestimated Cr solubility (Figure S5.8). Cations associated with DOM in pore water are
in the solid phase predicted to be either predominantly bound to SOM (V, as expected
in organic systems (Gustafsson, 2019)), bound to Fe/Al (hydr)oxides (Cr), or precipitated
as a mineral (Sn, Cu, Fe). Mineral species that provided the best description of analytical
results were Sn hydroxide (Sn(OH),) for Sn (Séby et al., 2001), Cu sulphide (Chalcocite) for
Cu (L. W. Wang, 2012), and a combination of Fe hydroxide (Ferrihydrite; (Hiemstra, 2013))
and Fe carbonate (Siderite; (Koo & Kim, 2020)) for Fe. Precipitation of Fe sulphide (pyrite)
at a pH + pe of 4 further improved Fe predictions, yet significantly worsened predictions
of Cu (Figure 55.9); while a pH + pe of 6 ultimately resulted in a best description, potential
formation of Fe sulphide minerals in reducing pockets is likely.

Reactive cations with solubility minimum between pH 8 and 10

Reactive cations with a minimum solubility from pH 8 - 10, i.e. Ni, Zn, and Co (van Raffe,
Dijkstra, et al., 2025), increase in concentration with depth yet only have a limited associa-
tion with DOM due to their relatively low binding affinities (Milne et al., 2003). All three
ions are inadequately described; however, the description of Co improves substantially
when not considering the grout-influenced sampling ports (Table S5.4). The model pre-
dicts Co binding to metal (hydr)oxides, to which it is known to bind particularly above
pH 7 (Ponthieu et al, 2006). Modelling predictions for Zn significantly improved and
approximated the measurements most closely when considering a pH + pe of 4 and
precipitation of Zn sulphide (Sphalerite). While Sphalerite commonly forms at high tem-
peratures around hydrothermal vents (Keith et al.,, 2014), sphalerite formation has also
been observed in the biofilm of sulphate reducing bacteria (Labrenz et al., 2000), which
are likely to be found in reducing landfill environments (Jin et al., 2020).
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Figure 5.4 Measured pore water concentrations in VMS A (circles) and VMS B (squares) against mod-
el results of Asin a.) October 2022 and b.) May 2023; Cr in c.) October 2022 and d.) May 2023; Cuine.)
October 2022 and f.) May 2023; Fe in g.) October 2022 and h.) May 2023; Ni in i.) October 2022 and
j) May 2023; Mg in k.) October 2022 and I.) May 2023.The 1:1 line is represented by the solid line; 10
times higher and 10 times lower predicted concentrations are represented by dashed lines. VMS B
ports influenced by grout leakage are marked by triangles. Sampling ports close to the surface are
coloured red, deeper ports are coloured black.



Reactive cations a with solubility minimum above pH 10

Reactive cations with a minimum solubility above pH 10, i.e. Si, Mn, Ba, Sr, Ca, and Mg
(van Raffe, Dijkstra, et al., 2025), are all characterized by a decrease in concentration with
depth (Figures 5.3 and S5.6). All these ions are described adequately by the model except
Ca (Table S5.4), the trend of which is nevertheless described correctly (Figure S5.8). All
these ions are weakly-to-not associated with DOM, binding only in the lower layer where
HA becomes more prevalent (Mn) or only binding at the high grout-influenced pH where
DOM is strongly negatively charged (Ba, Sr, Ca, Mg) (Figure S5.16). All the above ions can
also form mineral precipitates, and their trend with depth appears to be determined by
the type of mineral formed (Figures 5.3, S5.6, and S5.16). For Si, which is predicted to form
the silicate Sepiolite (Baldermann et al., 2018; Jones & Conko, 2011), concentrations do
not vary strongly with depth. For Ba, which is predicted to form the sulphate mineral Bar-
ite (Hanor, 2000), concentrations more clearly decrease with depth yet with fluctuating
concentrations in the lower layer concurrent with opposite trends in the concentrations
of S. Finally, Ca, Sr, Mn, and Mg can all form carbonate minerals (respectively Calcite (Man-
ning, 2001), Strontianite (Helz & Holland, 1965; Mavromatis et al., 2017), Rhodochrosite
(Jensen et al., 2002; Sternbeck, 1997), and Magnesite (Power et al., 2017; Qafoku et al.,
2015)) with Mg and Mn additionally forming hydroxide minerals at the high grout-influ-
enced pH (respectively Brucite (Pokrovsky & Schott, 2004) and Pyrochroite, which have
a similar mineral structure (Burns & Burns, 1979) and with pyrochroite typically forming
under reducing conditions (Roy, 1968)). The observed vertical trends of these elements,
i.e. decreasing with depth, are consistent with carbonate precipitation induced by both
the higher pH (Figure 5.2a, b) and DIC (Figure S5.4) in the deeper layers of the landfill.
Except for Mn, model predictions of these elements are improved or remain similar for
the grout-influenced sampling ports, contrary to all other contaminants (Table S5.4). The
elevated pH values due to the grout leakage thereby provide further insights in underly-
ing leaching mechanisms for these contaminants.

5.3.3.3. Ammonium

Particular consideration should be given to NH,, as it is a priority contaminant in (an-
aerobic) landfills (Berge et al., 2005) and farthest from compliance with the ETV (leachate
concentrations: ~1100 mg/l; ETV: 50 mg/l; (Dijkstra et al., 2018)). The model describes
the dissolved NH," concentrations adequately (Figure S5.10, Table S5.4), predominantly
predicting limited interactions with the solid matrix yet with improved model predictions
at higher pH when formation of struvite is predicted (Figure S5.17), which is commonly
found in landfill and wastewater treatment systems (Tansel et al., 2018). Nevertheless,
the pH dependent leaching tests of these waste samples (van Raffe, Dijkstra, et al., 2025)
suggest that relevant processes are unaccounted for by the current geochemical model,
which include release of NH," upon breakdown of SOM (Ladd & Jackson, 1982), potential
adsorption to OM (Nieder et al.,, 2011; Nommik, 1965), and specific binding to the frayed
edges of 2:1 clays (Bruggenwert & Kamphorst, 1979; Evangelou & Lumbanraja, 2002).
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5.4. DISCUSSION

This research highlights the power of combining pore water sampling and geochemical
modelling to elucidate in-situ geochemical processes underlying contaminant leaching
from complex engineered systems such as landfills or heavily contaminated sites. The
pore water samples showed a strong variation in parameters that govern contaminant
solubility, i.e. pH, DOC, and IC, with consequently strongly varying contaminant concen-
trations in which groups with similar behaviour could be identified. Adapting the geo-
chemical modelling set-up from previous pH dependent leaching experiments on solid
waste samples from van Raffe, Dijkstra, et al. (2025) provided an adequate description of
these vertical trends for most contaminants. Building upon previous ex-situ mechanistic
explorations of the same waste to investigate in-situ pore water samples allowed us to
capture the effects of the elevated CO, pressure and the sulphidic environment in the
landfill, resulting in a model-predicted important contribution of carbonate minerals (Fe,
Mg, Sr, Mn, Ca) and sulphide minerals (Cu, Fe, Zn) to contaminant solubility. The pres-
ence of these minerals in municipal solid waste has previously been determined experi-
mentally (Fannin & Roberts, 2006; Flyhammar, 1997; Ostman et al., 2008), yet the exact
control of these minerals on contaminant mobility has not been shown. The extent of this
control as shown in our findings aligns with geochemical modelling of other anaerobic
environments, including sediments (Vink et al., 2017), paddy soils (Y. Pan et al., 2014), and
leachate plumes (Van Breukelen et al., 2004).

While the model provides an adequate prediction for most contaminants, additional
processes may well have been missed in the heterogeneous and complex landfill sys-
tem, particularly given that the applied geochemical multi-surface model has primarily
been developed and tested for aerobic natural and waste environments. Firstly, redox
conditions were estimated rather than measured. Considering the importance of redox
conditions for contaminant leaching (Borch et al.,, 2010), we recommend direct redox
measurements in future pore water research. Secondly, specific solubility-controlling
minerals may have been missed, while the non-included DOM competition for anionic
contaminant binding to metal (hydr)oxides is likely of particular relevance in the organic-
rich environment of the landfill. Lastly there is an uncertainty in solid phase model
inputs. By implementing a three-layer average parametrization per 6-m rather than per
individual sampling port, reactive surface contents assigned to specific ports could have
been more precise, particularly in light of the large heterogeneity inherent to landfills.
Assigning to specific ports was however not feasible given that sampling was conducted
every 2 metres, and the three-layer distinction was considered optimal as it aligns with
previous analyses of the waste (van Raffe, Dijkstra, et al., 2025) and it captures the transi-
tion between the observed two distinct regions around 12 metres depth. Further inac-
curacy of the solid phase is introduced by assuming a reactive surface of 600 m*/g for the
metal (hydr)oxides in this model calculation, based on assumed average soil conditions,



while metal (hydr)oxides present in the waste are probably largely newly formed and
thus have higher surface areas. Nevertheless, the model is relatively insensitive to these
uncertainties and model uncertainties are more so related to uncertainty in OM binding
parameters (Wiersma et al., 2025). This is reflected in a RMSE above 1 for certain elements,
e.g. Al, Ni, Zn (Table S5.4), of which OM binding parameters are known to be less accurate
(Milne et al., 2003).

Applying the VMS unveiled contaminant concentrations changing with depth, and these
changes differing between contaminants. The geochemical model provided insights into
the differing contaminant behaviour, and underlying mechanisms were steered by the
prevailing redox state, pH, and DOC concentrations. These insights could not be obtained
by solely monitoring the bulk leachate, where detailed trends are obscured. In addition,
our results provide an in-situ benchmark of contaminant mobility controlling processes
against which LSR experiments testing the impact of active treatment strategies can be
validated. This benchmark can facilitate the implementation of effective aftercare strate-
gies to reduce long-term landfill after-care.

5.5. CONCLUSIONS

In this study, pore water samples were taken across a vertical transect from a landfill
which has been subject to leachate recirculation using a vadose monitoring system.
Samples were analysed for pH, the concentration of dissolved organic matter and its sub-
fractions, and concentrations of inorganic contaminants. Most parameters increased with
depth, with a sharp decrease for the lowest sampling ports likely due to the presence of
an impermeable layer. Geochemical modelling predicted pH, dissolved organic matter,
and redox state as steering parameters. Contrary to lab studies, reactive cations were pre-
dicted to be largely controlled by the formation of carbonate minerals, and the formation
of sulphide minerals for copper, zinc and iron. These differences showcase the potential
of combining in-situ sampling pore water across a vertical transect with geochemical
modelling to better understand contaminant solubility. The obtained insights can be
used to validate laboratory experiments testing active treatment as a more sustainable
management strategy, and ultimately facilitate effective implementation of active treat-
ment.
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6.1.INTRODUCTION

Global generation of waste is continuously increasing (United Nations Environment
Programme, 2024), and while governments steer towards a circular economy (Pires &
Martinho, 2019) with a focus on waste re-use and recycling (Das et al., 2019; European
Parliament and Council of the European Union, 2008), landfills remain an essential waste
endpoint (B. Kumar, 2025). Landfills pose a threat to human health and to the environ-
ment via the generation of the potent greenhouse gas methane (EEA, 2024) and leachate
rich in traditional (Baun & Christensen, 2004; Christensen et al., n.d.; Kjeldsen et al., 2002;
Marttinen et al., 2003) and emerging contaminants (Capozzi et al., 2023; GodvinSharmila
etal, 2023; P. He et al., 2019; Lang et al,, 2017; Lu et al., 2016; Masoner et al., 2016). These
emissions are restricted in modern landfills via the placement of impermeable barriers
(Council of the European Union, 1999), yet this halts waste degradation and stabilization.
The environmental threat of the waste is consequently retained, and environmental pro-
tection costs are shifted to future generations.

The Dutch government signed a “Green Deal” in 2015 to investigate a more sustainable
alternative (E. Brand et al., 2016), where waste stabilization is accelerated via leachate
recirculation or aeration in an attempt to reduce leachate concentrations until they
adhere to previously derived emission testing values (ETV) (Dijkstra et al., 2018). This
“Green Deal” sparked three landfill-scale pilots to investigate this active treatment and
extensively monitor changes in gas production and quality, leachate quality, and solid
waste characteristics. While there are previous indications of the potential of active treat-
ment on a landfill scale, these indications are mainly related to changes in gas quality
(Reinhart, 1996; Ritzkowski & Stegmann, 2012) or focus on specific (macro) contaminants
(Brandstatter et al., 2020). Studies focusing on more detailed landfill simulation reactors
(LSRs) had a relatively narrow focus on macro parameters (Brandstatter et al., 2015a; Cer-
minara et al., 2020; Fricko et al., 2021a), and knowledge on the underlying mechanisms
behind potential reductions of contaminants and an underpinning of the sustainability
of the achieved reductions remained lacking. As such, the large research program CURE
(coupled multi-process research for reducing landfill emissions) was called into life, to
provide insights in the changes incurred during landfill treatment.

This thesis is a part of CURE and intended to investigate the geochemical mechanisms
underlying contaminant leaching from landfills, and how an understanding of these
mechanisms can help explain how active treatment may reduce contaminant leaching.
In this general discussion, | will first synthesise the main findings of this thesis and place
them in the context of sustainable landfilling (section 6.2). Following this synthesis,
derived conclusions will be used to:

1. Reflect on the used methodologies (section 6.3), to illustrate the limitations and

strengths of the taken approaches.
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2. Further discuss the mechanisms of ammonium solubility (section 6.4), as this is con-
sidered the contaminant of highest priority in landfills.

3. Reflect on the implications for active treatment (section 6.5), specifically with regards
to the previously derived emission testing values and current developments in leach-
ate quality. This places the thesis findings in the context of the feasibility of sustain-
able landfilling.

4. Give recommendations on future research (section 6.6).

6.2. MAIN FINDINGS

The primary objective of this thesis was to define the geochemical mechanisms con-
trolling contaminant leaching from solid waste and how these mechanisms can be
used to further understand the effects of aeration and leachate recirculation on
landfill leachate concentrations. This objective has been explored from the lab to the
field, and in this section | will synthesise the obtained results. Later sections place these
results in context to discuss this research’limitations and implications.

In the most well-defined lab set-up, the pH-dependent test combined with geochemical
modelling in chapter 2, three distinct groups of contaminants could be identified based
on their pH-dependent solubility: non-reactive contaminants, reactive anions, and reac-
tive cations. Non-reactive contaminants had only limited interaction with the solid matrix
and hence did not show any pH dependence, while reactive ions had a maximum solubil-
ity around the upper and lower ends of the pH range. Reactive anions had a minimum
solubility around pH 5, steered by binding to metal (hydr)oxides; for reactive cations mini-
mum solubility occurred at varying pH, based on the tendency of the cations to hydrolyse
(pushing the solubility minimum to a higher pH) and their affinity for organic matter
(OM) binding (pushing the solubility minimum to a lower pH). Mechanisms behind cation
solubility were diverse, including binding to OM, binding to metal (hydr)oxides, and the
formation of minerals. Ammonium (NH,") surprisingly showed behaviour akin to a reac-
tive cation with a solubility minimum around pH 8. A geochemical model was applied
to calculate the chemical speciation of the elements based on inorganic complexation,
formation of mineral precipitates, and binding to reactive surfaces (OM and metal (hydr)
oxides). The model was capable of describing the pH dependent behaviour of most ele-
ments, except for the cationic behaviour of ammonium, due to the absence of binding
parameters, and chromium (Cr), likely due to poor OM-binding parameters.

New OM-binding parameters for Cr were derived in chapter 3, to improve the inadequate
geochemical model predictions of Cr identified in chapter 2. Adequate modelling of Cr
is of particular importance as it is one of the few elements currently not adhering to the
ETV (see section 6.5). The strong tendency of Cr to hydrolyse (Rai et al., 1987, 1989) meant



experimental data of the conducted Cr adsorption experiments could only be adequately
described when considering the binding of Cr,(OH),*" in addition to the free Cr** species.
As Cr,(OH),™ binding to OM was previously spectroscopically identified (Gustafsson et
al., 2014), this was considered a likely hypothesis. Evaluating the new parameters against
three independent datasets showed significantly improved predictions compared to us-
ing the generic parameters of (Milne et al., 2003). The lower binding affinity of the new
parameters resulted, however, in an underestimated Cr-OM binding, with consequently
worsened predictions of dissolved Cr in environments with low OM. While these implica-
tions are of lower importance in the OM-rich landfills, its effects could still be noted in
chapter 4: the pH-dependent solubility of Cr was significantly more accurately described
using the new parameters compared to the results of chapter 2, yet improvements were
less pronounced for the OM poor samples originating from the Braambergen landfill.

The improved model set-up was applied to identify effects of active treatment on
contaminant solubility in landfill simulation reactors in chapter 4. Under leachate recir-
culation, strongly reducing conditions were maintained, with stable humic substance
concentrations and an increased pH. The increased pH led to increased contaminant
concentrations due to hydrolyzation and mineral dissolution, while sulphide mineral pre-
cipitation was identified to control the solubility of several redox sensitive elements, i.e.
Cd, Cu, Fe, Mn, and Zn. Under aeration, aerobic conditions were induced, while dissolved
OM concentrations and pH both decreased. The changes in redox conditions and pH
resulted in an initial dissolution of minerals and a corresponding increase in contaminant
concentrations. This increase was followed by a subsequent decrease upon the predicted
formation of (oxide) minerals or the binding to reactive surfaces. Ammonium concentra-
tions decreased strongly during aeration, likely due to nitrification transforming NH,*
to nitrate. Investigating the contaminant solubility under these significantly different
treatments revealed mechanisms that were not captured in the pH-dependent tests
of chapter 2, particularly the importance of redox conditions. The LSR results reveal a
precarious balance of actively aerating the waste, where a decrease in NH," concentra-
tions coincided with an concentration increase of contaminants which were present as
sulphide minerals.

Obtained insights were ultimately combined to determine solubility and fate of contami-
nants on a landfill scale for the landfill subjected to leachate recirculation using vadose
monitoring systems (VMS) in chapter 5. The geochemical model set-up was once more
applied to determine mechanisms underlying contaminant solubility, considering the
insights from the previous chapters and by estimating solid waste properties based on
distinct extractions of solid waste sampled near the VMS. The measured pore water con-
centrations showed a high covariance, with concentrations of contaminants and organic
matter increasing with depth and with a sharp decrease below 12 meters depth. This
sharp decrease was likely due to the presence of an impermeable layer. The trends in pore
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water concentrations could be disentangled based on the earlier derived mechanisms:
the formation of specific minerals and the binding to reactive surfaces as determined in
the pH-dependent tests in chapter 2, and the importance of sulphide minerals as deter-
mined in the LSRs in chapter 4. Even with limited information of the waste surrounding
the pore water, an estimate based on solid waste samples, together with a thorough
description of the sampled water, proved sufficient to adequately predict pore water
concentrations. This highlights the power of geochemical modelling to provide insights
on contaminant speciation in such complex systems.

6.3. REFLECTION ON THE USED METHODOLOGIES

6.3.1. Investigating different scales

In this thesis, contaminant leaching from solid waste was investigated from the detailed
and well-defined lab scale to the complex field scale. The complementarity of the experi-
ments provided important insights. This section discusses the benefits and drawbacks of
each experiment, to provide reference for data interpretation and for what experiments
best fit potential future research questions.

The lab scale pH-dependent tests in chapters 2 and 4 were conducted in a well-defined
system, as samples were thoroughly analysed on solid phase properties, equilibrated,
and fully mixed to ensure measured concentrations and pH were homogenous and
attributable to the entire system. By additionally stretching the pH range from 2 to 12,
mechanisms such as metal (hydr)oxides and OM dissolution or the formation of mineral
precipitates became apparent and could be accurately modelled. This clearly defined sys-
tem meant controlling mechanisms underlying contaminant leaching could be identi-
fied, and hence why pH-dependent tests are a part of leaching assessment frameworks
(Garrabrants et al., 2021b, 2021a) and have been used to characterize samples of varying
origins (Astrup et al., 2006; Carter et al., 2009; Dijkstra et al., 2004; Dijkstra, Van Der Sloot,
et al., 2006; Komonweeraket et al., 2015; Loncnar et al., 2022; Meima & Comans, 1997).The
analysing conditions are however far from landfill conditions. Waste had to be sampled,
pre-treated to 4 mm size, and extracted at high liquid:solid ratios (10:1), at room tem-
perature, and under atmospheric aerobic conditions. While specific mechanisms could be
clearly identified, e.g. the formation of hydroxide minerals and binding to OM and metal
(hydr)oxides, other mechanisms could not be identified which were shown to be highly
relevant in the other experiments, e.g. redox dependent processes.

The LSR experiments in chapter 4 have a larger scale and complexity than the pH-de-
pendent tests, while the system remains relatively well defined. Being “landfill simulation
reactors’, the LSRs more closely approximated landfill conditions than the pH-dependent
tests, and results are thus more directly applicable to actual processes ongoing in a



landfill. Conditions in the LSR could be controlled well and measured directly, and the
waste could be more efficiently actively treated compared to in the field. Mechanisms
such as the formation and dissolution of sulphides were consequently identified, and ac-
tive treatment effects could be analysed without need for large scale waste sampling and
observed on a shorter timescale than the landfill-scale experiments thanks to the higher
active treatment intensity. While the LSRs were relatively well-defined and similarly char-
acterized to the pH-dependent tests, the larger particle size (3.6 cm mesh size sieves com-
pared to 4 mm for the pH-dependent tests), larger volumes (30 kg compared to 100 g in
the pH-dependent tests), and the non-mixing of the LSRs meant leaching and modelling
results were more variable and at times required the prior knowledge obtained from the
pH-dependent tests for full interpretation. Landfill simulation reactors additionally still do
not fully translate to the field, as the small scale of the LSRs cannot capture the complexity
and heterogeneity of full-scale landfills (Hrad et al., 2013; Ritzkowski & Stegmann, 2012).
This could, among others, be observed in the redox conditions. The LSRs were either fully
aerobic or anaerobic thanks to the introduction of respectively compressed air or nitro-
gen gas; a switch from one gas to the other resulted in a rapid transition of redox states.
In contrast, full-scale landfills simultaneously contain aerobic and anaerobic pockets
(Konstantaki et al., 2016) and are thereby subject to complex interplays of reducing and
oxidizing mechanisms. The used rates of aeration and leachate recirculation in the LSRs
were also significantly higher than field application rates, complicating exact analysis of
how treatment affects the waste in the field. While LSR experiments are thus significantly
closer to reality than the pH-dependent tests and lend themselves well for exploratory
studies, they do not fully represent landfill conditions and translation to the real system
has substantial limitations.

The pore water samples taken using vadose monitoring systems in chapter 5 represent
actual landfill conditions and the identified mechanisms can be directly linked to mecha-
nisms occurring in the landfill. The landfill system is also the most complex, which makes
mechanistic interpretations difficult. This was further complicated by the unknown na-
ture of the waste that influenced individual sampling ports and the absence of an in-situ
measured redox potential; the former could however be approximated from solid phase
characterization of solid waste at different depths near the monitoring systems; the latter
could be approximated based on the redox potentials observed in the LSRs. Yet this com-
plexity means knowledge on mechanisms steering solid-solution partitioning is required
before detailed interpretation as was done in chapter 5 is possible. Hence, previous VMS
studies where this knowledge was not available focused either solely on the vertical dis-
tribution of contaminants and its effect on underlying soil concentrations (Aharoni et al.,
2017, 2020) or more specifically on transformation of nitrogen based on isotopic analysis
(Aharoni et al., 2022). The requirement of prior knowledge can be (partly) alleviated by
better characterisation of the system, e.g. by analysing the waste extracted during sleeve
installation and/or by installing redox sensors at various depths.
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6.3.2. Equilibrium modelling of dynamic systems

Geochemical models calculate speciation and solid-solution partitioning assuming a sys-
tem is in chemical equilibrium (L. Koopal et al., 2020). This assumption likely holds true for
the pH-dependent tests in chapters 2 and 4, as the used equilibration time of 48 hours
previously showed to approximate equilibrium for most elements (Dijkstra, Van Der Sloot,
et al., 2006). The studies on the LSR leachate (chapter 4) and landfill pore water (chapter
5), however, deal with a dynamic system with changing waste properties and ongoing
water flow during active treatment.

In the LSRs, changing waste properties were captured by analysing the solid waste
throughout LSR operation and through this considered in the modelling. Generated
leachate was allowed to accumulate for an extended period prior to sampling, which was
likely sufficient to achieve a (quasi-)equilibrium. Yet for the non-recirculated LSRs, this ac-
cumulated water only had limited contact with the waste during the vertical downflow.
This downflow started as clean water at the top of the LSR, and likely gradually became
enriched with contaminants due to desorption from reactive surfaces and dissolution
of minerals within the waste mass. In case of rapid transport and a quasi-equilibrium,
this desorption/dissolution would be lower than in equilibrium and consequently the
model would overestimate dissolved concentrations. This overestimation for the aerated
reactors can indeed be observed in chapter 4 for Zn, Cd, Pb, Co, Si, Ni, and Mg. For the
recirculated LSRs, the leachate is constantly recirculated and hence there is a significantly
longer contact time between waste and water; predictions of the recirculated LSRs were
consequently more adequate. This could be indicative that the equilibrium assumption
for the non-recirculated LSRs is not valid and is the basis of the poorer model descrip-
tions. This could be further tested for example by analysing recirculated leachate across
different time steps to investigate when full equilibrium is reached and how this affects
model prediction quality. An alternative explanation for the poorer model descriptions
could be changing leachate quality during its accumulation phase, as for an extended
period the leachate was no longer in contact with the waste yet potentially subject to
changes in pH and DOM. This would not have an effect on the actual solubility of the
contaminants, yet may have affected the model predictions.

The flow within landfills is relatively complex, with a mix of preferential flow paths and
stagnant zones (Fellner & Brunner, 2010; Oonk et al, 2013). Based on the yellow to
dark brown colours and the measurable high concentrations of all pore water samples
in chapter 5, the occurrence of a preferential flow path feeding the sampling ports is
unlikely. In the case of preferential flow, there would only be brief contact with the waste
and thus a more diluted solution with lighter colours is expected. It was hypothesized
that there is an impermeable layer in the lower layers sampled by the VMS, around which
there is either horizontal or limited flow. For these layers contact times between waste
and water can be significant, considering travel times within landfill bodies can be several



years (L. Wang & Heimovaara, 2025) and contact times are likely significantly longer in
recirculated landfills such as the Kragge where the VMS were installed. Under such condi-
tions, the equilibrium assumption is likely to be valid. In the higher layers, where sample
colours were observably lighter and concentrations between ports were similar, a higher
connectivity is likely and may have resulted in lower residence times. Indeed, again an
overestimated solubility of Zn, Pb, Cd, Ni, and Co by the model can be observed, particu-
larly for the higher sampling ports. Nevertheless, the model predictions are significantly
more adequate for all ports relative to the LSR predictions.

6.3.3. Geochemical modelling of solid waste

Multi-surface geochemical models have been developed to calculate the chemical
speciation of elements in soils and waters (Di Bonito et al., 2024). Application on various
contaminated materials previously was successful, e.g. for contaminated soils (Carter et
al., 2009; Dijkstra et al., 2004), slags (Loncnar et al., 2016, 2022), and municipal solid waste
bottom- and fly ash (Meima & Comans, 1997; H. Zhang et al., 2008), and has been success-
fully applied to characterize solid landfill waste in my thesis. There are several important
aspects of waste that were noteworthy in the modelling results that are here further
discussed.

The investigated systems, i.e. laboratory batch extractions, landfill simulation reactors,
and field pore water, were all either reduced or aerobic with a high content of OM to
serve as electron donor (Aeschbacher et al., 2010, 2011; Chen et al., 2003; Pham et al,,
2012) and reduce elements such as chromium (Jardine et al., 2011) and vanadium (Gus-
tafsson, 2019). Previous research in paddy soils showed poor predictions of trace metal
solubility under reduced conditions (Y. Pan et al.,, 2016), yet redox sensitive elements were
relatively well described both in the LSRs (chapter 4) and in the pore water (chapter 5).
The strongly reduced conditions over prolonged periods likely resulted in the formation
of sulphide minerals, a process which the model captured relatively well. Other processes
which could influence the model predictions appeared not to significantly influence
model results, e.g. the reduction of metal (hydr)oxides (Suter et al., 1991), the formation
of poorly defined sulphur clusters enhancing contaminant solubility (Luther & Rickard,
2005), adsorption to minerals stable under reduced conditions (Charriau et al., 2011; Jean
& Bancroft, 1986), or a change in OM reactivity due to an increase in sulphur groups (Yu
et al, 2016).

Particularly for the pore water samples of chapter 5, the solid waste surrounding the
sampling ports was only limitedly characterized. This was expected to be challenging
particularly considering the highly heterogeneous nature of landfills, yet the modelling
prediction proved surprisingly adequate and trends were captured for most elements.
Parameters that were directly measured for each sampling port, i.e. pH and dissolved
OM fractions, were thus sufficient to achieve a successful model description for most ele-
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ments. Overall, geochemical models can be an important tool to understand geochemi-
cal speciation even for complex systems with limited characterization.

Contrary to soils, metal (hydr)oxides were predicted to be the predominant binding
surface for most cations in landfill waste (as identified in chapters 2, 4, and 5). This was
for instance the case for copper, which in soils typically associates with OM (Dijkstra et al.,
2004) yet in this thesis was found to be preferentially bound to metal (hydr)oxides. Similar
observations have been made for municipal solid waste incinerator bottom ashes (Dijks-
tra, Van Der Sloot, et al., 2006; Meima & Comans, 1999), which unlike the landfill waste are
oxide-rich and OM-poor and a high predicted importance of metal (hydr)oxide can thus
be expected. The high importance of metal (hydr)oxides for organic matter rich landfill
waste could be due to a combination of: 1) high contaminant concentrations, as high
contaminant/OM ratios reduce their OM binding affinity (Craven et al., 2012) and as high
concentrations result in high ionic strengths and a smaller Donnan volume of the OM (L.
K. Koopal et al., 2005); 2) a general pH above 8, which nears the point-of-zero charge of
oxides (Kosmulski, 2016) and thereby makes them negatively charged and more relevant
to bind cations.

Throughout the experiments in this thesis, higher concentrations and consequently
higher ionic strengths were encountered than typical in soils and waters. The effects on
OM binding were described above, yet the high ionic strengths additionally impact the
compound activities in solution. This is typically corrected for in geochemical modelling
via the Davies equation (Davies, 1938), which has been shown to accurately calculate
activities in concentrated electrolyte solutions up to 500 mM (Samson et al., 1999). The
highest observed total electrolyte concentrations were observed in the pH-dependent
tests at pH 2, with a highest total electrolyte concentration of 467 mM for the Braam-
bergen sample in chapter 4. Hence, applying the Davies equation is justified to model
element solubility in these samples. When modelling systems of a higher ionic strength,
an adjusted Davies equation should be used.

6.3.4. Used ion binding parameters

The used ion binding models use generic parameters to calculate ion binding to their
respective reactive surfaces. The strength of this approach is that parameters have been
derived independently on purified surfaces and the calculated behaviour is based solely
on well-studied and understood mechanisms, contrary to more simplified calculations
using partition functions (Groenenberg et al., 2012). However, the quality of the used pa-
rameters dictates the quality of the model outputs, particularly those of OM (Wiersma et
al., 2025), which can have significant consequences for model results. NICA-Donnan uses
the proton parameters of Milne et al. (2001) and element binding parameters of Milne et
al. (2003) to calculate binding. For several elements these parameters have been derived
from a large number of datapoints and are relatively reliable. Other element parameters



are based on smaller datasets, or are derived from linear free energy relationships (LFER)
(Carbonaro & Di Toro, 2007) when no data was available. Consequently, derived binding
parameters are significantly less reliable. Elements investigated in this thesis which are
considered to have a low reliability are Ba, Cr, Fe, Mg, Mn, Sr, Sn,V, and Zn. The uncertainty
of these parameters is particularly prolific for strongly hydrolysing ions. This could be
observed in chapter 2 for Cr, which required an improved parameter set (chapter 3) to
adequately describe the pH-dependent solubility in chapter 4. Vanadium (V) is another
element known to strongly hydrolyse (Gustafsson, 2019) and which has LFER derived
parameters (Milne et al., 2003); similar to Cr in chapter 2, modelling its pH dependent
solubility resulted in an overestimation which is improved when assuming 50% of dis-
solved OM was humic acid (HA) (Figure 6.1). For such strongly hydrolysing ions, the LFER
derived binding parameters strongly overestimate actual OM binding. Assuming all OM
is present as HA, which binding affinities are lower than FA, results in an assumed binding
which is closer to the "actual” binding. The similar overestimation in binding when us-
ing LFER parameters for Cr and V shows that for such strongly hydrolysing ions, binding
experiments need to be conducted to adequately derive a binding affinity.
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Figure 6.1. Measured (markers) and modelled (lines) concentrations of V as a function of pH in

ultrapure water extracts of solid waste sampled after 6 years of active treatment. Modelling input

consisted of measured HA and FA concentrations (solid line), or only taking HA which is set to 50%

of DOM (dashed line).
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Additionally, the used generic parameters have been derived under oxidized conditions,
and carboxylic- and phenolic acid are considered the predominant reactive groups for
metal binding (Shi et al., 2016). Under the reducing conditions in which (part of) the
experiments in this thesis were conducted, OM is likely to transform and increase in the
amount of reactive sulphide groups (Yu et al., 2016) to which elements can bind (Smith
et al.,, 2002). The generic parameters may thus not fully represent the reactivity of the
organic material.
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6.4. MECHANISMS OF AMMONIUM SOLUBILITY

With NH,* considered the contaminant of highest concern in landfills (Berge et al., 2005),
additional focus went to its geochemical behaviour in chapters 2, 4, and 5. Ammonium
concentrations decreased during LSR aeration in chapter 4, which was likely a result of
nitrification (Brandstatter et al., 2015b; Fricko et al., 2021b). While this was not a consid-
ered mechanism in the geochemical model, the observed decrease was still captured by
the model due to a decrease in the input values for total reactive NH," taken from mea-
sured 1 M KCl extractable NH," concentrations. Contrary to the LSRs, in the landfill pore
water (chapter 5) insights in underlying mechanisms were obtained as NH," concentra-
tions were predicted to be steered by struvite precipitation, an important precipitate
in waste water treatment (D. Kim et al., 2007; R. Kumar & Pal, 2015). This was however
not predicted in the pH dependent tests (chapters 2 and 4), where the reactive cationic
behaviour of NH," was inadequately captured. The NH," kinetics test (chapter 2) showed
a kinetic (de-)sorption at high and low pH resembling that of reactive divalent cations
rather than a monovalent cation (Dijkstra, Van Der Sloot, et al., 2006). This suggests that
in addition to the considered formation of struvite and the electrostatic binding to clay
and OM, other mechanisms steer this pH-dependent solubility. Thus, additional tests
were conducted to identify the potential relevance of specific binding to organic matter
(Nommik, 1970; Rodrigues et al., 2007; L. Zhang et al., 2016) and/or to the frayed edges
of 2:1 clays (Alshameri et al., 2017; Linggi et al.,, 2021). These results are presented below.

Experiments investigating NH," binding to isolated HA and FA showed that, across a
range of NH," concentrations and pH levels, consistently 10% of NH," was bound to OM
(Figure 6.2). Modelling the system without any specific binding to HA and FA resulted
in a significant overestimation of binding by the model, with most NH," being bound
electrostatically. The overestimated binding considering solely electrostatics is surprising,
yet measurements via both SFA (as depicted in Figure 6.2) and ion selective electrode cor-
roborate the low adsorption. The measured low NH," adsorption and the overestimated
modelled binding already when solely considering electrostatics shows that specific
binding to OM is likely not the main mechanism behind the pH dependent solubility of
NH,".
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Figure 6.2 Results of the ammonium binding experiment to a) isolated fulvic acid from ground-
water; b) isolated Tongbserven Humic acid (Kalis et al., 2006). Both fractions were isolated using
the adapted IHSS protocol adopted from Swift (1996). Batches with only NH,, (blanks) and NH," to-
gether with HA/FA (4 g/1) were brought to pH via addition of NaOH, put under N2 atmosphere to
prevent nitrification, and equilibrated for 48h. Further addition of NaOH after 2, 4, 8, and 24 hours
was necessary to establish wanted pH. Samples were filtered after 48 hours (0.45 um) and free NH,*
was measured using a segmented flow analyser, which is geared towards colorimetric detection
of free NH,*. The concentration difference between NH,"-HA/FA batches and blanks was used to
calculate adsorption (symbols). NICA-Donnan binding parameters were fitted using a coupling of
ORCHESTRA-PEST (Janot et al., 2017) (lines).

Specific binding to clay was further investigated via additional model runs on the pH-
dependent experiments of chapter 2, using a Gaines-Thomas ion exchange model rather
than a Donnan model to calculate clay binding. Results in Figure 6.3 show a marked im-
provement in the predictions of both NH," and K* behaviour when using Gaines-Thomas.
Solubility of NH," is indeed predicted to decrease above pH 5 due to a reduced competi-
tion with protons for clay binding, and increase above pH 8 due to the transformation of
NH," to NO,. While the absolute concentrations are not predicted accurately, potentially
related to uncertainties discussed below, the captured trend shows that (selective) clay
binding is a likely mechanism steering the pH-dependent solubility of NH,". These results
imply that previously assumed binding of NH," (Dijkstra et al., 2018) is underestimated
and selective binding to clay minerals drive NH," solubility and transport within waste
landfills and in the underlying soil (Bruggenwert & Kamphorst, 1979; S. Yang & Yang,
2024). This is affirmed by the improved predictions of K* (Figure 6.3), where the use of
Gaines-Thomas exchange also results in significantly improved descriptions compared to
the Donnan model. Modelling of monovalent cations with a (relatively) high selectivity
for clay binding should thus use exchange coefficients rather than the Donnan model for
an adequate evaluation.
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While the modelling predictions improved when using Gaines-Thomas, the absolute
soluble concentrations of NH," were not adequately described. This may be related due
to uncertainties in the clay measurements, as measured clay contents were relatively
low and the used methodology may not be fully applicable for waste samples. An ad-
ditional cause may be uncertainties in the used coefficients. Traditionally model set-ups
assume binding to illite, including the calculations applying the Donnan model in this
thesis, owing to its relative prevalence in temperate soils. Yet for the exchange calcula-
tions presented in Figure 6.3 | instead selected parameters for montmorillonite, because
of a significantly larger database of selectivity coefficients in literature (Bruggenwert &
Kamphorst, 1979). Both illite and montmorillonite are 2:1 clays, and their selectivity coef-
ficients are comparable yet with a slightly higher NH," selectivity for illite. As the exact
clay mineral composition of the waste is unknown, use of the selectivity coefficients for
montmorillonite rather than for illite was deemed acceptable. If illite clays do dominate
waste mineral fractions, the higher NH," selectivity of illite compared to montmorillonite
means the calculated NH," binding may have been underestimated and the predicted
dissolved concentrations overestimated. This makes further characterizing the waste clay
composition and potential improvement of NH,™-illite selectivity coefficients an impor-
tant follow-up research question.

6.5. IMPLICATIONS FOR ACTIVE TREATMENT

In this thesis | investigated the mechanisms behind contaminant solubility to 1) un-
derstand the mechanisms behind observed changes in leachate quality during active
treatment; 2) assess whether observed changes are sustainable. Throughout the thesis
| predominantly focused on the mechanisms governing solubility, and here | will place
these results in the context of leachate quality developments to further discuss the 2™
objective. | will compare leachate quality developments as measured from the full-scale
landfills against the LSR results of chapter 4, and give a perspective of the potential to
fulfil the previously derived emission testing values (ETV)(Dijkstra et al., 2018).

6.5.1. Developments in leachate quality

The key environmental parameters controlling contaminant solubility, i.e. pH and DOM
and its subfractions, fluctuated throughout the active treatment period and showed a
distinct seasonality (Figure 6.4). The pH in the leachate of the aerated landfills (Braamber-
gen and Wieringermeer) slightly increased over time, opposite to the decrease observed
in the aerated
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Figure 6.3 pH-dependent leaching of ammonium (top) and potassium (bottom) as measured in
waste sampled prior to the start of active treatment at three different depths, as shown in chap-
ter 2. Leaching was modelled considering binding with a donnan model (dashed lined) or using
Gaines-Thomas exchange coefficients to model selective binding to clay (solid lines). Gaines-Thom-
as exchange coefficients were based on the average coefficient values listed for Montmorillonite in
Bruggenwert & Kamphorst (1979), with log K values of respectively 0, 0.6, 0.5, and 0.7 for Na, K, Ca,
and NH," with respect to proton binding, in good agreement with parameters used in PHREEQC (US
EPA, 2009).

LSRs. This is likely due to the higher temperatures in the landfill, which inhibits nitrification and
enhances ammonification (Ritzkowski & Stegmann, 2012). A reverse trend between the aerated
landfills and LSRs can likewise be observed for DOC, which concentrations increase in the landfill
leachate. This increase points towards an enhanced degradation of the solid waste and consequent
solubilization of OM. The more efficient aeration in the LSRs likely resulted in subsequent break-
down of the DOC, yet this does not occur in the landfills. The DOC in the leachate of the aerated
landfills has become relatively enriched with HA, pointing towards waste maturation. Under leach-
ate recirculation (Kragge) the leachate pH remains stable, similar to the LSRs. The DOC concentra-
tions decrease - likely due to a combination of flushing and DOC in the ANAMMOX reactors, which
are used to reduce leachate NH,* concentrations (Pereira et al., 2017) — while the relative DOC com-
position remains unchanged.

General Discussion

-
-
©



N ‘ Chapter 6

Braambergen Kragge Wieringermeer

721 :‘{ B
®

[-]

pH

6.8 -ﬁ
. ® . . .
o & SR S S
Date
250 Braambergen Kragge Wieringermeer

400 1
2000

200 ﬁ ] é’ : ] % %
ol v 1500 : ; . eafﬂ o

I3
g
= 200 1
8 1001 1000 ..W ! 8
a w ]

50 500 ~' 100

04— . . . 0 . . . 0

N o> Us o> N o Vs 2 N o> Us o
0> P o P P > > P
Date

5} Braambergen Kragge Wieringermeer
Q 100 - "
(a] @ Humic acid
Y= 0 Fulvic acid
OQ 754 o © Hydrophilic acids
X
3 o pog? o e a” Oy 0y B OoBg
3] ] o oo o
< 50 o ogg~0° og||a umr;':"-'lg opo® o . || oo™ g80 Lo
] ° o 0600 RS ° ° °
% 251 °°«><>°<> P00 000 00 || ® 200 00 & 0¥ %p <>°%°<><> D000 & o
o © %qam %  ©00°° g0 ® °
é © 0000 o® @0©000°%00°

L Logmonnno 07000000 T . . . — Looan 600 :
=]

> N > <b N v G S >
S OO U A A A I S S
Date

Figure 6.4 Developments in pH and dissolved organic matter during the active treatment of the
different landfills. Braambergen and Wieringermeer are subjected to aeration, Kragge is subjected
to leachate recirculation.

The contrasting trends in DOC and pH between the leachate of the aerated landfills and
the aerated LSRs also result in contrasting trends in contaminant concentrations (Figure
6.5). The mechanisms identified throughout this thesis hold true and can be used to un-
derstand leachate contaminant concentrations. Arsenic and Cr increase in the aerated
landfills and decrease in the Kragge landfill with leachate recirculation, following trends
in DOC. This is due to the similar negative charge of As and DOC (Groenenberg et al.,
2012; Qiao et al., 2020), and the high binding affinity of Cr to DOC as identified in the LSRs
(chapter 4) and spectroscopically shown previously in landfill leachate (H. Wang et al.,
2024). Iron concentrations decrease for the aerated landfills and remain relatively stable
in the landfill subject to leachate recirculation, in agreement with the LSRs where decreas-



ing Fe under aeration was the result of Fe (hydr)oxide precipitation while under anaerobic
conditions Fe is likely present as a sulphide mineral with a corresponding stable dissolved
Fe concentration. Nickel concentrations slightly increase in aerated landfills and decrease
for Kragge, following DOC concentrations in agreement with the LSR results. Magnesium
concentrations remain relatively stable and slightly decrease for Wieringermeer, with the
latter likely resulting from the slight increase in pH and consequent formation of min-
eral precipitates as suggested from the LSRs. Finally, NH," concentrations decrease in the
Kragge leachate, in agreement with the observed decrease in the recirculation LSRs. The
decreased concentration in the Kragge leachate is likely related to struvite precipitation
at the higher pH, as identified in the LSRs, together with the removal of NH," from the
leachate in the ANAMMOX reactors prior to their re-introduction into the landfill waste
body and the possible binding to clay minerals as identified in section 6.4. In the aerated
landfills NH,* leachate concentrations are relatively unchanged, while a decrease in NH,*
concentrations due to nitrification is expected based on the aerated LSRs. The apparent
absence of a reduction of NH," can have several possible reasons. Firstly, the presence of
other reducing agents, e.g. reduced Fe and organic matter (Van Breukelen & Griffioen,
2004), likely consume the introduced oxygen and prevent sufficiently oxidized conditions
to induce nitrification. Nitrification did occur in the aerated LSRs due to the higher aera-
tion rates (20x higher than the landfills), yet even so required more than a year of effective
aeration before levels were noticeably reduced (see Figure 4.4). Secondly, oxidation of OM
and NH," is likely reduced in hard-to-reach anaerobic pockets (Konstantaki et al., 2016),
which are less prominently present in LSRs containing sieved waste. Thirdly, there are
signs of N, fixation occurring within the landfills (Yi et al., 2025), which may partly off-set
potential reductions due to nitrification. Finally, previously mentioned high temperatures
occurring within landfills may inhibit nitrification (Stark, 1996).

6.5.2. Achieving waste ‘completion’

The goal of the accelerated waste stabilization ultimately lies in the previously derived
ETV (E. Brand et al., 2016; Dijkstra et al., 2018), which establish the allowable contaminant
concentrations in the leachate to protect the surrounding environment for the next 500
years in case of free outflow of leachate. The ETV of the different contaminants, together
with their average and maximum concentration from June 2024 to June 2025, are listed
in Table 6.1. Most elements are relatively far below the ETV for most or all landfills, and
hence can be considered to no longer pose an environmental threat. The ETV are ex-
ceeded for a singular measurement for Cd and Zn (Wieringermeer) and S (Kragge). While
the average values of S in Kragge and Zn in Braambergen are relatively low and hence the
high concentration likely does not pose

a threat, for Wieringermeer the Cd concentration greatly exceeds the ETV and it should
be assessed whether this measurement is a short spike or a longer term emission before
it can be declared safe or not. Four contaminants exceed the ETV for (nearly) all sites and
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should be considered a potential environmental threat: Cl (except for Wieringermeer), Cr,
Ni, and NH,". Chloride concentrations are strongly decreasing for all landfills and may well
reach the ETV even for Kragge within 5 years. Chromium and Ni concentrations decrease
for Kragge and are nearing the ETV, yet Braambergen and Wieringermeer concentrations
are continuously increasing to further stray from the ETV. Considering this increase is
linked with an increase in DOC concentrations caused by the accelerated waste degra-
dation, the concentrations are reasonably likely to reduce below the ETV once active
treatment is concluded and accelerated degradation is halted. Finally, NH," concentra-
tions are a factor 10 — 20 higher than the ETV, and are only decreasing for Kragge. As
seen in the LSRs, reaching concentrations which adhere to the ETV required creating fully
aerobic conditions, which appears not to be possible in the actual landfills. Additionally,
even when such concentrations were reached in the LSRs, switching from aeration back
to anaerobic conditions resulted in NH,* concentrations increasing once more due the
continued degradation of waste and no further NH," transformation (Chapter 4). Thus,
while decreasing NH," concentrations to an environmentally safe level in itself is already
difficult, this is further complicated by the fact that a permanent reduction to environ-
mentally safe levels can only be ensured by full stabilization of the degradable waste, as
otherwise a re-increase of NH," to above ETV levels may be expected. Within two year of
LSR operation, at 20x higher treatment rates that those in the landfill, this stable phase
was not yet reached. This implies the treatment period of a full-scale landfill is likely to
be vast, and in terms of achieving stable low concentrations of NH," may well not be fea-
sible, even if the signs are more positive for other contaminants. For further studies the
feasibility may potentially be improved by treating the waste during the active landfilling
period, as Berge et al. (2009) already indicated this to more effective.

6.5.3. A note on the environmental testing values

The ETV form an important basis for quantifying effects of active treatment, yet several
notes should be made based on the knowledge gained during this thesis. Firstly, the ETV
assume that leachate concentrations remain constant following release from active treat-
ment. As already noted for NH,", this assumption may be invalid as aerated pilots may
return to anaerobic conditions and lead to a consequent re-increase of NH,", particularly
in the presence of significant amounts of OM. Similarly for leachate recirculation, air intru-
sion into the waste body following the gravimetric drainage of water and the degradation
of impermeable barriers may lead to a return of aerobic conditions, which is potentially
followed by an increase in elements which are present as sulphides, as noted in the LSRs
(chapter 4). Yet in contrast, a reduced reactivity and 500 years of flushing may result in
decreasing concentrations of non-reactive elements and dissolved OM and its associ-
ated contaminants. The potential trends in contaminant release from the waste following
release from active treatment should be further evaluated for individual, potentially
problematic contaminants to provide better risk assessment.
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Figure 6.5 Element concentrations in the bulk leachate as a function of time. Emission testing val-
ues (ETV) are depicted by the black dashed line; ETV were not derived for iron, and have been omit-
ted for arsenic as leachate concentrations trends were obscured by the high ETV values (190 pg/I for
Braambergen and Wieringermeer, and 100 pg/| for Kragge), related to their strong binding potential
in the soils underlying the landfill (Dijkstra et al., 2018).

A second note regarding the ETV is the fact that they have been calculated considering
the parameters that were available at the time. In my thesis | evaluated the geochemical
modelling specifically of NH," and Cr, and noted an overestimated importance of Cr-OM
binding and an underestimated binding of NH," with clay surfaces. With the original
parameters, Cr and NH," solubilities were consistently overestimated, and it is likely that
their transport through the subsurface was also overestimated during the derivation
of the ETVs. This may further be the case for NH,", where biological processes that may
further reduce NH," concentrations, e.g. nitrification, were not considered yet are likely to
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occur in the underlying soil. Hence, derived ETV of these elements are likely stricter than
necessary.

Table 6.1 Emission testing values and the average and maximum leachate concentration measured
June 2024 - June 2025 for the landfill sites investigated in this thesis.

Braambergen Kragge Wieringermeer

ETV Average Max ETV Average Max ETV Average Max
Chloride 450 599 719 160 630 899 2400 580 950
[mg/I]
Arsenic 190 32 75 100 19 24 190 13 19
[pg/l]
Cad- 6.4 0 0 3.6 0 0 13 8 58
mium
(ug/1]
Chro- 210 67 98 14 133 150 37 87 95
mium
[ug/1]
Copper 50 5 5 64 16 21 19 7 12
(ug/1]
Nickel 21 21 27 47 63 77 21 38 57
(ua/1l
Lead 130 5 5 130 0 0 130 19 73
(ug/1]
Zn [ug/l] 160 10 11 120 33 53 39 22 61
Sulphur 233 91 150 67 14 76 467 17 34
[mg/1]
Am- 50 400 570 50 830 930 50 550 740
monium
[mg/I]

6.6 RECOMMENDATIONS FOR FUTURE RESEARCH

Considering my research ultimately had to be constrained, here are additional recom-
mendations of paths future research could take to further improve our understanding of
contaminant behaviour and making waste environmentally safe.

e Measure local redox conditions directly when investigating the total leachate flowing
from the landfill or when sampling landfill pore water. Through this, achieve a better
indication of underlying mechanisms behind contaminant solubility and the impor-
tance of redox potential.

e Improve modelling of element speciation under reduced conditions by deriving pa-
rameters from experiments executed specifically under reduced conditions and using
material isolated from reduced environments.



o Improve description of NH,* behaviour in landfills by characterizing the (clay) mineral
composition of the landfill waste, thereby either adopting selectivity coefficients from
minerals that best describe the landfill situation, or deriving new selectivity coef-
ficients for the relevant minerals.

e Evaluate the generic binding parameters of strongly hydrolysing elements, as the
current linear free energy relation (LFER) derived parameters likely significantly
overestimate binding as these were theoretically derived due to a lack of available/
reliable experimental data. Preferably a hydrolysed species should be additionally be
considered to bind to organic matter, as this will significantly improve model predic-
tions. Most important candidates are vanadium and tin, due to their poor binding
parameters and their strong tendency to hydrolyse.

¢ Expand the scope of assessing active treatment effects beyond inorganic con-
taminants. Evaluate the potential reduction of emerging pollutants, such as PFAS,
pharmaceuticals, microplastics, for which landfills are a known significant source. The
changing reactivity of organic matter within landfills as observed in CURE can be of
use particularly in evaluating pollutants with an affinity towards OM binding, notably
PFAS with a long hydrophobic tail and pharmaceuticals with known high K, values.

6.7 CONCLUDING REMARKS

In this thesis | set out to better understand how contaminants behave within landfill
systems, and if this knowledge can be used to reduce their emissions from landfills and
ultimately keep the environment safe. My research showed the complexity underlying
these contaminant emissions, and the different factors that come into play when tackling
a matrix contaminated with a multitude of contaminants. The dominant factors are the
solution pH, redox state of the system, and the solubility and composition of organic
matter. Their effects on contaminant leaching differ depending on which contaminant is
looked at, which makes achieving a reduction in contaminant emissions not straightfor-
ward: a change in these factors may reduce the leaching of one contaminant yet increase
the leaching of another. My research helps untangle this complexity by giving insights
into how changing factors influence each individual contaminant, to ultimately make
actively reducing landfill contaminant emissions a more realistic prospect. It however
needs to be stated that directly influencing environmental factors on a landfill scale was
shown to be difficult. A more feasible option would have been to instigate accelerated
stabilization at an earlier stage and on a smaller scale.
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Controlling mechanisms behind
contaminant release in solid landfill
waste prior to (an)aerobic stabilization:
pH dependent leaching experiments and

geochemical modelling






Supplementary descriptions

SM2.1 Methodology of the time-dependent ammonium leaching test

To investigate the potential underlying mechanisms behind the observed pH depen-
dent leaching behaviour of ammonium (NH,"), an additional test was conducted where
the Kragge top and middle layer were extracted in a similar fashion to the original pH
dependent test yet only at pH 4, 12, and without altering the sample pH. The extracts
were equilibrated through constant stirring and after 4, 20, and 48 hours pH was directly
measured and 20 ml of solute was sampled and replaced with 20 ml ultrapure water.
Samples were filtered over 0.45 pm cellulose filters and analysed for NH," and nitrate +
nitrite using sequential flow extraction (Skalar San++ segmented flow analyser).
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Figure S2.1. Leachable concentrations (markers) and geochemical model predictions (lines) of po-
tassium (top) and ammonium (bottom) as a function of pH for three different landfills at different
depths. Modelling is conducted without clay (dashed lines) and assuming 20% clay content (dotted
lines).
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Figure S2.2 Concentrations of potassium, lithium, and sulphur as a function of pH for the three
landfills at different depths. Unmanipulated samples are coloured dark grey.
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Figure S2.3 Concentration of remaining elements as a function of pH for each landfill and each

depth, measured in a pH dependent test (markers) and as calculated through multi-surface geo-

chemical modelling (lines). Clay was not considered in the calculations. Unmanipulated samples are
coloured dark grey.
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Figure S2.3 (continued)
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Figure S2.4 A) Model calculated solid and dissolved phase speciation of molybdenum as a function
of pH for all landfills and landfill layers. Measured dissolved concentrations are represented by the
black circles; B) Dissolved phase speciation of molybdenum as a function of pH for all landfills and
landfill layers. Solid colours represent solid species, white-dotted colours represent dissolved spe-
cies. Total concentrations used as model input are above each graph. Shown mineral precipitate is
PbMo04; shown inorganic species are predominantly H2MoO4 (pH 2 - 4) and HMoO4 (pH 4 - 6).
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Figure $2.5 A) Model calculated solid and dissolved phase speciation of chromium as a function
of pH for all landfills and landfill layers. Measured dissolved concentrations are represented by the
black circles; B) Dissolved phase speciation of chromium as a function of pH for all landfills and
landfill layers. Solid colours represent solid species, white-dotted colours represent dissolved spe-
cies. Total concentrations used as model input are above each graph. Shown inorganic species are
predominantly CrO2- and Cr(OH)4- in approximately equal share.
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Figure $2.6 A) Model calculated solid and dissolved phase speciation of copper as a function of pH
for all landfills and landfill layers. Measured dissolved concentrations are represented by the black
circles; B) Dissolved phase speciation of copper as a function of pH for all landfills and landfill lay-
ers. Solid colours represent solid species, white-dotted colours represent dissolved species. Total
concentrations used as model input are above each graph. Shown mineral precipitate is Cu(OH)2.
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Figure S2.7 A) Model calculated solid and dissolved phase speciation of iron as a function of pH
for all landfills and landfill layers. Measured dissolved concentrations are represented by the black
circles; B) Dissolved phase speciation of iron as a function of pH for all landfills and landfill layers.
Solid colours represent solid species, white-dotted colours represent dissolved species. Total con-
centrations used as model input are above each graph. Shown mineral precipitate is ferrihydrite;
shown inorganic species are predominantly Fe2+ (low pH) and Fe(OH)4- (high pH).
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Figure S2.8 A) Model calculated solid and dissolved phase speciation of nickel as a function of pH
for all landfills and landfill layers. Measured dissolved concentrations are represented by the black
circles; B) Dissolved phase speciation of nickel as a function of pH for all landfills and landfill layers.
Solid colours represent solid species, white-dotted colours represent dissolved species. Total con-
centrations used as model input are above each graph. Shown inorganic species are predominantly
NiCl+ (pH 2 - 4), NiCO3 (pH 4 - 6), NiOH (pH 6 - 9), Ni(OH)2 (pH 9 - 11), and Ni(OH)3 (above pH 11).
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Figure S2.9 A) Model calculated solid and dissolved phase speciation of magnesium as a function
of pH for all landfills and landfill layers. Measured dissolved concentrations are represented by the
black circles; B) Dissolved phase speciation of magnesium as a function of pH for all landfills and
landfill layers. Solid colours represent solid species, white-dotted colours represent dissolved spe-
cies. Total concentrations used as input are above each graph. Shown mineral precipitates are Mag-
nesite (pH 9 — 10) and Brucite (above pH 10); shown inorganic species are predominantly MgSO4
(pH 2 -9), MgCO3 (pH 9 - 10), and MgOH+ (above pH 10).
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Figure $2.10 Model calculated solid and dissolved phase speciation of ammonium as a function
of pH for all landfills and landfill layers. Measured dissolved concentrations are represented by the
black circles. Binding to clay is not taken into account in this Figure. Total concentrations used as
model input are above each graph. Shown inorganic species are predominantly NH3 (until pH 9.5)

and NO2- (above pH 9.5).
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Figure S2.11 A) Model calculated solid and dissolved phase speciation of arsenic as a function of pH
for all landfills and landfill layers. Measured dissolved concentrations are represented by the black
circles; B) Dissolved phase speciation of arsenic as a function of pH for all landfills and landfill layers.
Solid colours represent solid species, white-dotted colours represent dissolved species. Total con-
centrations used as model input are above each graph. Shown inorganic species are predominantly
H2AsO4- (pH 2 - 7) and HAsO42- (pH 7 - 11).
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Figure S2.12 A) Model calculated solid and dissolved phase speciation of antimony as a function
of pH for all landfills and landfill layers. Measured dissolved concentrations are represented by the
black circles; B) Dissolved phase speciation of antimony as a function of pH for all landfills and land-
fill layers. Solid colours represent solid species, white-dotted colours represent dissolved species.
Total concentrations used as model input are above each graph.
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Figure $2.13 A) Model calculated solid and dissolved phase speciation of phosphorus as a function
of pH for all landfills and landfill layers. Measured dissolved concentrations are represented by the
black circles; B) Dissolved phase speciation of phosphorus as a function of pH for all landfills and
landfill layers. Solid colours represent solid species, white-dotted colours represent dissolved spe-
cies. Total concentrations used as model input are above each graph. Shown mineral precipitate is
Ca4H(PO4)3; shown inorganic species are predominantly FeH2PO4+ (pH 2) and calcium phosphates
(above pH 4).
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Figure $2.14 A) Model calculated solid and dissolved phase speciation of tin as a function of pH
for all landfills and landfill layers. Measured dissolved concentrations are represented by the black
circles; B) Dissolved phase speciation of tin as a function of pH for all landfills and landfill layers.
Solid colours represent solid species, white-dotted colours represent dissolved species. Total con-

centrations used as model input are above each graph. Shown inorganic species is predominantly
Sn(OH)6-2.
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Figure S2.15 A) Model calculated solid and dissolved phase speciation of vanadium as a function
of pH for all landfills and landfill layers. Measured dissolved concentrations are represented by the
black circles; B) Dissolved phase speciation of vanadium as a function of pH for all landfills and land-
fill layers. Solid colours represent solid species, white-dotted colours represent dissolved species.
Total concentrations used as model input are above each graph.
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Figure S2.16 A) Model calculated solid and dissolved phase speciation of aluminium as a function
of pH for all landfills and landfill layers. Measured dissolved concentrations are represented by the
black circles; B) Dissolved phase speciation of aluminium as a function of pH for all landfills and
landfill layers. Solid colours represent solid species, white-dotted colours represent dissolved spe-
cies. Total concentrations used as model input are above each graph. Shown mineral precipitate is
gibbsite; shown inorganic species are predominantly AISO4+ (low pH) and Al(OH)4- (high pH).
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Figure S2.17 A) Model calculated solid and dissolved phase speciation of lead as a function of pH
for all landfills and landfill layers. Measured dissolved concentrations are represented by the black
circles; B) Dissolved phase speciation of lead as a function of pH for all landfills and landfill layers.
Solid colours represent solid species, white-dotted colours represent dissolved species. Total con-
centrations used as model input are above each graph. Shown mineral precipitates are PboMoO4
(low pH) and Pb(OH)3 (high pH); shown inorganic species are predominantly PbCl+ (pH 2 - 6), Pb
carbonate (pH 6 - 10), and Pb hydroxide (above pH 10).
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Figure S2.18 A) Model calculated solid and dissolved phase speciation of cadmium as a function
of pH for all landfills and landfill layers. Measured dissolved concentrations are represented by the
black circles; B) Dissolved phase speciation of cadmium as a function of pH for all landfills and land-
fill layers. Solid colours represent solid species, white-dotted colours represent dissolved species.
Total concentrations used as model input are above each graph. Shown inorganic species are pre-
dominantly Cd-chloride complexes.
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Figure S2.19 A) Model calculated solid and dissolved phase speciation of zinc as a function of
pH for all landfills and landfill layers. Measured dissolved concentrations are represented by the
black circles; B) Dissolved phase speciation of zinc as a function of pH for all landfills and landfill
layers. Solid colours represent solid species, white-dotted colours represent dissolved species. Total
concentrations used as model input are above each graph. Shown mineral precipitate is Willemite;
shown inorganic species are predominantly ZnCl+ (pH 2 - 6), ZnSO4 (pH 6 — 8), and Zn hydroxides
(above pH 8).
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Figure $2.20 A) Model calculated solid and dissolved phase speciation of cobalt as a function of pH
for all landfills and landfill layers. Measured dissolved concentrations are represented by the black
circles; B) Dissolved phase speciation of cobalt as a function of pH for all landfills and landfill layers.
Solid colours represent solid species, white-dotted colours represent dissolved species. Total con-
centrations used as model input are above each graph. Shown inorganic species are predominantly
CoCl+ (pH 2 - 6), CoSO4 (pH 6 — 10), and Co hydroxides (above pH 10).
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Figure $2.21 A) Model calculated solid and dissolved phase speciation of silicon as a function of
pH for all landfills and landfill layers. Measured dissolved concentrations are represented by the
black circles; B) Dissolved phase speciation of silicon as a function of pH for all landfills and landfill
layers. Solid colours represent solid species, white-dotted colours represent dissolved species. Total
concentrations used as model input are above each graph. Shown mineral precipitates are Wairakite
(pH 6 — 8.5) and Sepiolite (above pH 8.5); shown inorganic species is predominantly H3SiO4-.
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Figure $2.22 A) Model calculated solid and dissolved phase speciation of manganese as a function
of pH for all landfills and landfill layers. Measured dissolved concentrations are represented by the
black circles; B) Dissolved phase speciation of manganese as a function of pH for all landfills and
landfill layers. Solid colours represent solid species, white-dotted colours represent dissolved spe-
cies. Total concentrations used as input are above each graph. Shown minerals are Rhodochrosite
(pH 6 - 10.5) and Pyrochroite (above pH 10.5); shown inorganic species are predominantly MnCl+
(pH 2 - 4), MnSO4 (pH 4 - 9.5), and MnOH+ (above pH 9.5).
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Figure S2.23 A) Model calculated solid and dissolved phase speciation of barium as a function of

pH for all landfills and landfill layers. Measured dissolved concentrations are represented by the

black circles; B) Dissolved phase speciation of barium as a function of pH for all landfills and landfill

layers. Solid colours represent solid species, white-dotted colours represent dissolved species. Total

concentrations used as model input are above each graph. Shown mineral precipitate is Barite.
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Figure S2.24 A) Model calculated solid and dissolved phase speciation of strontium as a function
of pH for all landfills and landfill layers. Measured dissolved concentrations are represented by the
black circles; B) Dissolved phase speciation of strontium as a function of pH for all landfills and land-
fill layers. Solid colours represent solid species, white-dotted colours represent dissolved species.
Total concentrations used as model input are above each graph. Shown mineral precipitate is Stron-
tianite; shown inorganic species are predominantly SrSO4 (pH 2 - 10) and SrCO3 (above pH 10).
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Figure $2.25 A) Model calculated solid and dissolved phase speciation of calcium as a function
of pH for all landfills and landfill layers. Measured dissolved concentrations are represented by the
black circles; B) Dissolved phase speciation of calcium as a function of pH for all landfills and land-
fill layers. Solid colours represent solid species, white-dotted colours represent dissolved species.
Total concentrations used as model input are above each graph. Shown mineral precipitates are
Ca4H(PO4)3 (pH 4 - 7) and Calcite (above pH 7); shown inorganic species are predominantly CaSO4
(pH 2 -9.5), CaCO3 (pH 9.5 - 11), and CaPO4- (above pH 11).
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Figure $2.27 Concentrations of all elements as a function of pH for each landfill and each depth
interval, measured experimentally (markers) and as calculated through multi-surface geochemical
modelling using measured dissolved and solid HA and FA as input (solid lines), or assuming 50% of
dissolved OM is HA (dashed lines) or FA (dotted lines). Unmanipulated samples are coloured dark
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Figure S2.28 Model calculated solid and dissolved phase speciation of copper as a function of pH
for all landfills and landfill layers, calculated assuming solid organic matter is 100% humic acid, and
dissolved organic matter is A) 50 % humic acid; B) 50% fulvic acid. Shown mineral precipitate is

Cu(OH)2.



Supplementary Tables

Table S2.1 Mineral reactions added to the MinteqV4 database in Orchestra format (reactions rep-

resent formation reactions and constants).

Reaction equation in ORCHESTRA

Source

@reaction(Analbite, 3.12E-04, -4.0, H+, -4.0, H20, 1.0,
Na+, 1.0, Al+3, 3.0, H4SiO4)

@reaction(alpha-TCP, 2.45E-14, -4.0, H+, 3.0, Ca+2, 2.0,
H2PO4-)

@reaction(Albite[low], 2.56E-03, -4.0, H+, -4.0, H20,
1.0, Na+, 1.0, Al+3, 3.0, H4Si0O4)

@reaction(Borax, 3.30E-26, 2.0, Na+, 4.0, H2BO3-, 2.0,
H+, 1.0, H20)

@reaction(Ca_Vanadate, 1.48E-03,-2.0, H+, 0.5, Ca+2,
1.0,V02+, 1.0, H20)

@reaction(Ca2Zn[P04]2, 1.32E31, 2.0, Ca+2, 1.0, Zn+2,
2.0, PO4-3)

@reaction(CaCu2[P0O4]2, 5.89E35, 1.0, Ca+2, 2.0,
Cu+2,2.0,P04-3)

@reaction(CaZincate, 1.26E-44,-6.0, H+, 1.0, Ca+2, 2.0,
Zn+2, 6.0, H20)

@reaction(Colemanite, 2.90E-18, 1.0, Ca+2, 3.0,
H2BO3-, 1.0, H+, -4.0, H20)

@reaction(Diopside, 1.30E-20, -2.0, H20, -4.0, H+, 1.0,
Ca+2, 1.0, Mg+2, 2.0, H4SiO4)

@reaction(Ettringite, 7.94E44, 6.0, Ca+2, 2.0, Al[OH]4-,
3.0,504-2, 4.0, OH-, 26.0, H20)
@reaction(Fe_Vanadate, 7.24E01, -2.0, H+, 0.5, Fe+2,
1.0,VO2+, 1.0, H20)

@reaction(Fe2[OH]4Se03, 2.79E-02, -5.0, H+, 1.0,
HSeO3-, 2.0, Fe+3, 4.0, H20)

@reaction(Franklinite, 1.41E-10, -8.0, H+, 1.0, Zn+2,
2.0, Fe+3, 4.0, H20)

@reaction(lllite[1], 6.05E-13, -2.0, H20, -8.0, H+, 0.6,
K+, 0.25, Mg+2, 2.3, Al+3, 3.5, H4SiO4)
@reaction(Inderite, 1.40E-17, 1.0, Mg+2, 3.0, H2BO3-,
1.0, H+, 1.0, H20

@reaction(Inyoite, 2.90E-18, 1.0, Ca+2, 3.0, H2BO3-,
1.0, H+)

@reaction(Koritnigite, 1.26E-22, 1.0, Zn+2, 1.0, AsO4-
3, 1.0, H+, 1.0, H20)

@reaction(LDH_Ni, 6.46E-20, 1.0, Al+3, 0.5, CO3-2,
-6.0, H+, 1.0, H20, 2.0, Ni+2)

@reaction(LDH_Zn, 1.15e-20, 1.0, Al+3, 0.5, CO3-2,
-6.0, H+, 1.0, H20, 2.0, Zn+2)

MinteqV1

MinteqV1

MinteqV1

MinteqV1

MinteqV1

MinteqV1
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Table S2.1 Mineral reactions added to the MinteqV4 database in Orchestra format (reactions rep-
resent formation reactions and constants). (continued)

Reaction equation in ORCHESTRA

Source

@reaction(Leucite, 3.78E-07,-2.0, H20, -4.0, H+, 2.0,
H4Si04, 1.0, Al+3, 1.0, K+)

@reaction(McAllisterite, 1.3E-46, 1.0, Mg+2, 6.0,
H2BO3-, 4.0, H+, 7.0, H20)

@reaction(Nobleite, 1.7E-48, 1.0, Ca+2, 6.0, H2BO3-,
2.0, H+, 10.0, H20)

@reaction(PbMoO4[c], 6.30957E+15, 1.0, Pb+2, 1.0,
Mo04-2)

@reaction(Pinnoite, 2.5E-05, 1.0, Mg+2, 2.0, H2BO3-,
-1.0, H20)

@reaction(Plgummite[2], 6.12E32, -5.0, H+, 1.0, Pb+2,
3.0, Al+3, 2.0, PO4-3, 6.0, H20)

@reaction(Struvite, 3.98E-7,-2.0, H+, 1.0, Mg+2, 1.0,
NH4+, 1.0, H2P0O4-, 6.0, H20)

@reaction(Talc, 8.81E-24, -4.0, H20, -6.0, H+, 3.0,
Mg+2, 4.0, H4Si04)

@reaction(Wairakite, 1.35E-19, -8.0, H+, -2.0, H20, 1.0,
Ca+2, 2.0, Al+3, 4.0, H4Si04)
@reaction(Willemite_lindsay, 1.41254E+13, -4.0, H+,
2.0, Zn+2, 1.0, H4Si04)

@reaction(ZnSiO3, 1.17E-03, -2.0, H+, -1.0, H20, 1.0,
Zn+2, 1.0, H4Si04)

MinteqV1

(Lindsay, 1979)

MinteqV1

MinteqV1

MinteqV1




Table S2.2 Considered minerals and altered parameters for each element

Element Minerals Parameters
Al Gibbsite

As -

Ba barite

Ca Calcite, Ca,H[PO4]5:3 H,O

Cd Cd[OH],

Co -

Cr -

C(Hiemstra & Van Riemsdijk, 2006)
(Hiemstra & Van Riemsdijk, 2006),
HFO (Appelo et al., 2002)

K
Li

PO4
Sb
Si
Sn
Sr
SO4

Zn

Brucite, Magnesite

Rhodochrosite, Pyrochroite

PbMoO,

PbMoO,, Pb[OH],

Ca;H[PO4]5:3 H,0

Sepiolite, Wairakite

Strontianite

Willemite

HFO (Gustafsson, 2003)

HA & FA (Xiong et al,, 2013), HFO
(Meima & Comans, 1998a)

HFO (Meima & Comans, 1998b)

No formation of V(V) species (Dijks-
tra et al., 2009)
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SM3.1 Introduction of first hydroxy and dimeric Cr complex binding
in ORCHESTRA

For scenario’s 2 and 3 as described in the ‘Optimization of NICA-Donnan parameters for
HA and FA’ section in the materials & methods, the first Cr-hydroxy species (CrOH*) and
a dimeric Cr complex (Cr,(OH),*") were introduced besides Cr** to calculate Cr binding to
HS. CrOH?* is already defined within ORCHESTRA; inclusion solely required the formula-
tion of two NICA species in the ORCHESTRA chemistry file: FA/HA1-CrOH and FA/HA2-
CrOH, with the following definitions:

@nicaspecies(FA1-CrOH, FA1, Cr[OH]+2_FA_don, nc: hya Nhis Kerr hya)
@nicaspecies(FA2-CrOH, FA1, Cr[OH]+2_FA_don, Nc: by Nhay Kera hya)

This also results in four additional parameters which are to be fitted: Nci1 hya, Nera, hydr Kert hyas
and KCrZ hyd-

Incorporation of Cr,(OH),*" binding in ORCHESTRA first requires a definition of the spe-

cies, as this is currently absent. Based on the information listed by Gustafsson et al. (2014),
the following reaction was considered:

Cry(OH)y" +2 HY 2 Cr* +2 HyO  |ogk=-s
This reaction was defined in the chemistry file in the following fashion:
@species(Cr2[OH]2+4, 4)
@reaction(Cr2[OH]2+4, 1.0E-5, 2.0, Cr+3, -2.0, H+, 2.0, H20)
Following the species definition, incorporation into ORCHESTRA requires definition of
a Donnan species and subsequently definition of the NICA species FA/HA1-Cr2[OH]2+4
and FA/HA2- Cr2[OH]2+4 similar to Cr(OH)**:
@donnanspecies(Cr2[OH]2+4_FA_don, FA_don, Cr2[OH]2+4, 4)
@nicaspecies(FA1- Cr2[OH]2+4, FA1, Cr2[OH]2+4 _FA_don, Ncy dime Nhis Kert hya)

@nicaspecies(FA2- Cr2[OH]2+4, FA1, Cr2[OH]2+4 _FA_don, N¢iz hyar Nhas Kera hya)

Further incorporation is similar to the introduction of first hydroxy binding.
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Supplementary Tables

Table S3.1 Experimental conditions of the titration experiment with Suwannee river fulvic acid. SRFA
concentration = 1002 mg L' (pH 3) or 334 mg L' (pH 4 & 5). Negative concentrations are set to 1E-20 in
the modelling; sodium, calcium, and nitrate were assumed. *based on an experimental concentration
of 30 mM NaNOs;°based on an experimental concentration of 2 mM Ca(NOs),; “Based on an experi-
mental concentration of 30 mM NaNOs, 2 mM Ca(NOs),, and a varying concentration of Cr(NO;)s.

Intended Intended pHdonor pH Cr donor Cr Assumed  Assumed  Assumed
pH Cr acceptor acceptor Na® ca® NO3¢
[M] [-] [-] [M] [M] [M] [M] [M]
3 1.00E-07 299 3.05 1.03E-07 1.35E-08 3.00E-02 2.00E-03 3.40E-02
3.03 3.06 1.02E-07 1.44E-08 3.00E-02 2.00E-03 3.40E-02
3.00E-07 3.02 3.03 2.44E-07 3.26E-08 3.00E-02 2.00E-03 3.40E-02
3.01 3 2.37E-07 3.58E-08 3.00E-02 2.00E-03 3.40E-02
1.00E-06 3.05 3.05 7.50E-07 1.05E-07 3.00E-02 2.00E-03 3.40E-02
3.05 3.04 7.37E-07 1.08E-07 3.00E-02 2.00E-03 3.40E-02
5.00E-06 3.02 3.02 3.53E-06 5.18E-07 3.00E-02 2.00E-03 3.40E-02
3.03 3.01 3.47E-06 5.42E-07 3.00E-02 2.00E-03 3.40E-02
5.00E-05 3.05 3.08 3.87E-05 7.86E-06 3.00E-02 2.00E-03 3.41E-02
3.05 3.06 3.87E-05 8.34E-06 3.00E-02 2.00E-03 3.41E-02
5.00E-04 2.99 3.01 4.36E-04 1.52E-04 3.00E-02 2.00E-03 3.53E-02
3 3.01 4.36E-04 1.78E-04 3.00E-02 2.00E-03 3.53E-02
5.00E-03 297 3.05 4.99E-03 1.91E-03 3.00E-02 2.00E-03 4.90E-02
294 3.05 4.99E-03 1.95E-03 3.00E-02 2.00E-03 4.90E-02
4 5.00E-08 4.03 4.05 4.62E-08 2.33E-09 3.00E-02 2.00E-03 3.40E-02
4.02 4,03 5.00E-08 -4.87E-09 3.00E-02 2.00E-03 3.40E-02
1.00E-07 4.02 3.98 8.65E-08 5.29E-09 3.00E-02 2.00E-03 3.40E-02
4.03 4 8.46E-08 5.08E-09 3.00E-02 2.00E-03 3.40E-02
5.00E-07 4.05 4.02 4.38E-07 3.07E-08 3.00E-02 2.00E-03 3.40E-02
4.04 4.02 4.27E-07 3.43E-08 3.00E-02 2.00E-03 3.40E-02
1.00E-06 4.01 3.99 8.48E-07 6.20E-08 3.00E-02 2.00E-03 3.40E-02
3.99 3.99 8.32E-07 6.60E-08 3.00E-02 2.00E-03 3.40E-02
5.00E-06 4.04 4.04 4.70E-06 4.57E-07 3.00E-02 2.00E-03 3.40E-02
4,03 4.05 4.65E-06 5.08E-07 3.00E-02 2.00E-03 3.40E-02
1.00E-05 4.02 4.01 9.39E-06 9.18E-07 3.00E-02 2.00E-03 3.40E-02
4.01 4.01 9.17E-06 9.99E-07 3.00E-02 2.00E-03 3.40E-02
5.00E-05 3.97 4 4.81E-05 6.96E-06 3.00E-02 2.00E-03 3.41E-02
3.99 4 4.78E-05 7.82E-06 3.00E-02 2.00E-03 3.41E-02
5.00E-04 3.89 391 4.11E-04 1.48E-04 3.00E-02 2.00E-03 3.52E-02
3.89 391 4.20E-04 1.72E-04 3.00E-02 2.00E-03 3.53E-02
5 1.00E-07 5.03 5.04 9.52E-08 2.54E-09 3.00E-02 2.00E-03 3.40E-02
5.04 5.06 9.33E-08 1.27E-09 3.00E-02 2.00E-03 3.40E-02
5.00E-07 5.01 4.96 4.38E-07 8.04E-09 3.00E-02 2.00E-03 3.40E-02
5.03 5.01 4.44E-07 6.77E-09 3.00E-02 2.00E-03 3.40E-02
1.00E-06 5.01 4.98 8.79E-07 1.63E-08 3.00E-02 2.00E-03 3.40E-02
5.02 5.02 8.87E-07 1.52E-08 3.00E-02 2.00E-03 3.40E-02
5.00E-06 4.97 4.96 4.20E-06 8.91E-08 3.00E-02 2.00E-03 3.40E-02
497 4.96 4.17E-06 8.34E-08 3.00E-02 2.00E-03 3.40E-02
1.00E-05 5.01 4.98 9.68E-06 2.20E-07 3.00E-02 2.00E-03 3.40E-02
5.03 5.02 9.60E-06 2.08E-07 3.00E-02 2.00E-03 3.40E-02
5.00E-05 5.04 5.03 4.89E-05 1.06E-06 3.00E-02 2.00E-03 3.41E-02
5.05 5.06 4.89E-05 9.88E-07 3.00E-02 2.00E-03 3.41E-02
1.00E-04 5.04 5.05 1.02E-04 1.71E-06 3.00E-02 2.00E-03 3.43E-02

5.04 5.05 1.00E-04 1.58E-06 3.00E-02 2.00E-03 3.43E-02
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Table S3.3 NICA-Donnan parameters used for the optimization of Cr parameters with generic HA,
tongbersven HA, generic FA, and Suwannee river FA.

Genericl HA Specific2 HA Generic1 FA Specific3 FA
adon - - - -
bdon 0.49 0.3 0.57 0.77
Qmax 1,H 3.15 23 5.88 5.36
p1 0.62 0.68 0.59 0.59
log K1, H 293 2.21 234 3.06
N1, H 0.81 0.78 0.66 0.73
log K1, Ca -1.37 -3.86 -2.13 -2.13
N1, Ca 0.78 0.55 0.85 0.85
Qmax 2,H 2.55 3.92 1.86 3.08
p2 0.41 0.28 0.7 0.7
log K2,H 8 8.98 8.6 8.6
N2,H 0.63 0.61 0.76 0.83
log K2,Ca -0.43 1.52 -3 -3
N2, Ca 0.75 0.79 0.8 0.8

1 - (Milne et al., 2003) Table 3
2 - (Kalis et al., 2006) Table S-3
3 - (Milne et al., 2001) Table 2 + 4 (FH-15)

Table S3.4 Inorganic chromium(lll) equilibrium reactions used, as listed in the MINTEQV4 database.

Equation Log K
Cr** + H,O  CrOH* + H* -3.66

Cr** +2 H,O « Cr(OH)§ +2 HF -9.57

Cr*" +3 HyO «+ Cr(OH);+3 H' -17.99
Cr** +4 H,O « Cr(OH); +4 H* -27.39
2 Cr*t +2 HyO < Cry(OH)S™ +2 H* -5
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Table S3.5 Data of the chromium-humic acid binding experiment conducted by Fukushima et al.

(1995) and used in this study to validate the newly optimized Cr parameters.

pH DHA Total Cr cl Na Formate Bound Cr
[-] [kg/1l [M] [M] [M] [M] [M]

4.3 4.00E-05 4.99E-05 1.50E-04 1.00E-02 1.00E-02 3.50E-05
43 4.00E-05 4.37E-05 1.31E-04 1.00E-02 1.00E-02 3.31E-05
4.3 4.00E-05 3.88E-05 1.16E-04 1.00E-02 1.00E-02 3.09E-05
43 4.00E-05 3.49E-05 1.05E-04 1.00E-02 1.00E-02 2.77E-05
4.3 4.00E-05 2.98E-05 8.94E-05 1.00E-02 1.00E-02 2.46E-05
43 4.00E-05 2.51E-05 7.53E-05 1.00E-02 1.00E-02 2.11E-05
4.3 4.00E-05 2.04E-05 6.11E-05 1.00E-02 1.00E-02 1.71E-05
4.3 4.00E-05 1.52E-05 4.57E-05 1.00E-02 1.00E-02 1.30E-05
43 4.00E-05 6.22E-06 1.87E-05 1.00E-02 1.00E-02 5.12E-06
4.3 4.00E-05 2.79E-06 8.37E-06 1.00E-02 1.00E-02 2.78E-06
3.25 4.00E-05 4.94E-05 1.48E-04 1.00E-02 1.00E-02 8.12E-06
3.25 4.00E-05 4.45E-05 1.34E-04 1.00E-02 1.00E-02 7.72E-06
3.25 4.00E-05 3.64E-05 1.09E-04 1.00E-02 1.00E-02 6.90E-06
3.25 4.00E-05 3.13E-05 9.39E-05 1.00E-02 1.00E-02 6.06E-06
3.25 4.00E-05 2.49E-05 7.47E-05 1.00E-02 1.00E-02 4.59E-06
3.25 4.00E-05 2.09E-05 6.26E-05 1.00E-02 1.00E-02 5.04E-06
3.25 4.00E-05 1.58E-05 4.73E-05 1.00E-02 1.00E-02 3.99E-06
3.25 4.00E-05 1.09E-05 3.26E-05 1.00E-02 1.00E-02 2.52E-06
3.25 4.00E-05 4.68E-06 1.41E-05 1.00E-02 1.00E-02 8.35E-07
348 4.00E-05 5.01E-05 1.50E-04 1.00E-02 1.00E-02 1.57E-05
3.48 4.00E-05 4.00E-05 1.20E-04 1.00E-02 1.00E-02 1.46E-05
348 4.00E-05 3.06E-05 9.18E-05 1.00E-02 1.00E-02 1.25E-05
348 4.00E-05 2.10E-05 6.29E-05 1.00E-02 1.00E-02 1.00E-05
3.48 4.00E-05 1.07E-05 3.21E-05 1.00E-02 1.00E-02 5.96E-06
3.79 4.00E-05 5.01E-05 1.50E-04 1.00E-02 1.00E-02 1.89E-05
3.79 4.00E-05 4.11E-05 1.23E-04 1.00E-02 1.00E-02 1.70E-05
3.79 4.00E-05 3.13E-05 9.40E-05 1.00E-02 1.00E-02 1.49E-05
3.79 4.00E-05 2.09E-05 6.27E-05 1.00E-02 1.00E-02 1.17E-05
3.79 4.00E-05 1.09E-05 3.26E-05 1.00E-02 1.00E-02 6.82E-06
3.79 4.00E-05 6.19E-06 1.86E-05 1.00E-02 1.00E-02 3.84E-06




Table $3.6 pH, organic matter, and chromium data presented in Koopmans & Groenenberg (2011)

and used in this study to validate the newly optimized Cr parameters.

Sample # pH DFA DHA Dissolved Cr Free Cr
[] [kg/1] [kg/1] [M] [M]

1 5.06 1.52E-05 6.57E-07 3.31E-06 2.70E-09
2 5.1 1.64E-05 7.09E-07 3.38E-06 2.72E-09
3 4.46 7.91E-06 4.38E-07 2.75E-06 1.98E-08
4 4.43 7.15E-06 3.96E-07 2.65E-06 2.04E-08
5 5.53 1.39E-05 6.46E-07 1.55E-06 1.65E-10
6 5.65 1.33E-05 6.19E-07 1.53E-06 2.08E-10
7 4.52 3.58E-06 5.19E-07 1.21E-06 7.94E-09
8 4.6 3.12E-06 4.53E-07 1.13E-06 7.59E-09
9 5.27 1.54E-05 6.65E-07 2.52E-06 2.11E-09
10 5.19 1.69E-05 7.30E-07 2.56E-06 1.94E-09
1 4.57 8.28E-06 4.59E-07 2.31E-06 1.59E-08
12 4.58 7.36E-06 4.08E-07 2.29E-06 1.71E-08
13 5.66 1.42E-05 6.63E-07 1.26E-06 1.32E-10
14 5.72 1.37E-05 6.38E-07 1.24E-06 1.56E-10
15 4.76 3.68E-06 5.33E-07 1.04E-06 9.19E-09
16 4.66 3.22E-06 4.66E-07 9.65E-07 6.58E-09
17 4.64 4.74E-06 2.44E-07 2.29E-06 2.23E-09
18 4.64 4.56E-06 2.35E-07 2.17E-06 3.05E-09
19 4.21 8.31E-07 0.00E+00 1.55E-06 1.07E-08
20 4.2 8.48E-07 0.00E+00 1.43E-06 1.18E-08
21 5.18 8.17E-06 5.69E-07 1.15E-06

22 5.16 8.44E-06 5.87E-07 1.29E-06 5.63E-10
23 4.38 1.66E-06 2.00E-07 6.23E-07 4.85E-09
24 435 1.96E-06 2.36E-07 6.44E-07 4.15E-09
25 4.87 4.56E-06 2.35E-07 1.96E-06 2.31E-09
26 4.87 4.69E-06 2.42E-07 1.92E-06 2.04E-09
27 4.46 8.61E-07 0.00E+00 1.32E-06 1.03E-08
28 443 9.02E-07 0.00E+00 1.25E-06 1.18E-08
29 5.36 8.92E-06 6.21E-07 1.11E-06 1.04E-09
30 4.55 2.05E-06 2.47E-07 6.06E-07 3.96E-09
31 4.53 2.00E-06 2.40E-07 6.29E-07 3.38E-09
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3 ‘ Chapter X

Table S3.8 Soil data and dissolved phase concentrations measured in calcium chloride (CaCl2), pore
water (PW), and acidified pore water (PW acid) extracts as listed in Groenenberg et al. (2012) and
used in this study to validate the newly optimized Cr parameters.

Type Depth pH DFA_kgl DHA_ SFA_ SHA_ CLAY_ HFO_ Tot-Cr
kgl kgkg kgkg kgkg kgkg
[em- [ kgl [kgl"l [kgkg'l [kgkg'l [kgkg'l [kgkg'l [M]
surface]

CaCl2 0-10 4.67 6.60E-07 2.22E-06 1.14E-03 4.57E-02 2.00E-02 1.04E-02 7.12E-04
CaCl2 20-30 4.67 1.84E-06 2.27E-06 7.55E-04 3.32E-02 2.00E-02 9.42E-03 5.64E-04
CaCl2 40-50 4.99 1.51E-06 1.03E-06 2.98E-04 9.22E-03 2.00E-02 4.16E-03 1.08E-04
CaCl2 70-80 5.39 0.00E+00 3.99E-07 1.23E-04 1.93E-03 2.00E-02 3.27E-03 1.90E-05
CaCl2 100-110 5.68 0.00E+00 8.07E-07 1.18E-04 1.39E-03 2.00E-02 3.99E-03 6.47E-06
CaCl2 140-150 5.82 0.00E+00 1.34E-06 6.69E-05 1.56E-03 1.30E-01 4.34E-03 2.85E-06
PW 0-10 5.34 9.23E-05 3.58E-05 1.14E-03 4.57E-02 2.00E-02 1.04E-02 1.07E-02
PW 20-30  4.96 5.78E-05 1.92E-05 7.55E-04 3.32E-02 2.00E-02 9.42E-03 1.31E-02
PW 40-50 5.08 4.27E-05 1.05E-05 2.98E-04 9.22E-03 2.00E-02 4.16E-03 4.30E-03
PW 70-80 5.79 3.30E-05 1.08E-05 1.23E-04 1.93E-03 2.00E-02 3.27E-03 7.59E-04
PW 100-110 5.86 2.53E-05 4.42E-06 1.18E-04 1.39E-03 2.00E-02 3.99E-03 2.59E-04
PW 140-150 6.08 1.50E-05 3.14E-06 6.69E-05 1.56E-03 1.30E-01 4.34E-03 1.25E-04
PWacid 0-10 5.37 6.70E-05 1.75E-05 1.14E-03 4.57E-02 2.00E-02 1.04E-02 1.13E-02
PWacid 20-30 452 5.96E-05 1.94E-05 7.55E-04 3.32E-02 2.00E-02 9.42E-03 1.91E-02
PWacid 40-50 541 4.63E-05 1.41E-05 2.98E-04 9.22E-03 2.00E-02 4.16E-03 4.39E-03
PWacid 70-80 5.46 4.19E-05 4.92E-06 1.23E-04 1.93E-03 2.00E-02 3.27E-03 1.60E-03
PWacid 100-110 5.76 3.56E-05 3.32E-05 1.18E-04 1.39E-03 2.00E-02 3.99E-03 2.12E-04
PWacid 140-150 5.95 2.03E-05 1.74E-06 6.69E-05 1.56E-03 1.30E-01 4.34E-03 1.42E-04
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Figure $3.1 Chromium concentration in the acceptor cell as a function of time, in the absence and
presence (167 mg L") of humic acid in the donor cell. Initial donor solution contained a background
concentration of 30 mM NaNO; and 2 mM Ca(NOs), at pH 3. Cr concentrations are 5.10° M in the
presence of HA and 107 M in the absence of HA.
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Figure S3.2 Cr adsorption to Tongbersven humic acid (left) and Suwannee River fulvic acid (right) at
different pH levels and at different Cr** activities as measured in the DMT acceptor cells.

Supplementaryinformation chapter 3

Y
-]
-



&8 ‘ Chapter X

Cr concentration [%]

pH[

Cr concentration [%)]

Cr(OH),*

PH [-]

6 7

Figure S3.3 Inorganic Cr speciation as a function of pH at a total Cr concentration of 10-7 M (left)

and 10-3 M (right).
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Figure S3.4 Distribution of Cr binding to SRFA across the carboxylic sites (S1), phenolic sites (52),
and the Donnan volume as a function of Cr’* activity for different pH levels. Distributions are calcu-
lated using optimized Cr parameters fitted with specific SRFA proton parameters: a) fit solely consid-
ering Cr’* adsorption; b) fit including adsorption of CrOH*'; ¢) fit including adsorption of Cr,(OH),*.
For d), distributions are calculated using optimized parameters fitted with generic FA proton param-
eters considering Cr** adsorption and the adsorption of Cr,(OH),*".
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using optimized Cr parameters fitted with specific THA proton parameters: a) fit solely considering
Cr** adsorption; b) fit including adsorption of CrOH?"; ¢) fit including adsorption of Cr,(OH),"*. For d),
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Figure S3.8 Distribution of Cr binding to humic acid and fulvic acid calculated using the newly opti-
mized parameters considering generic proton parameters and binding of Cr** and Cr,(OH),* for the
dataset of Koopmans & Groenenberg (2011).
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Figure S3.10 Optimized fits of Cr binding to SRFA using specific proton properties: a) fit solely
considering Cr’* adsorption; b) fit including adsorption of Cr(OH)*; ¢) fit including adsorption of
Cry(OH),™; d) fit using the FA proton parameters of (Milne et al., 2001) including binding Cr** and
Cry(OH),™.
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Figure S3.11 Optimized fits of Cr binding to THA using specific proton properties: a) fit solely consid-
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Supplementary methods

SM4.1 pH dependent tests

Before filling of the LSRs, a representative fraction of the waste was investigated on pH
dependent leaching of humic substances and inorganic elements in a similar set-up to
van Raffe, Dijkstra, et al. (2025). Moist waste was extracted with ultrapure water with a
liquid:solid ratio of 10 L/kg based on dry weight. A pH range of 2 - 12 was investigated
through 9 simultaneous batch extractions, including one extraction at “native” (unal-
tered) pH. The pre-defined setpoint pH values were achieved through continuous pH
measurements and automated addition of concentrated NaOH or HCI. Extractions were
equilibrated for 48 hours following which suspensions were centrifuged and filtered over
0.45 pum cellulose filters. Part of the filtrate was acidified with 0.14 M HNO; and analysed
on ICP-OES (Al, Ca, Cu, Fe, K, Mg, Mn, Na, P, Si, Z) and HR-ICP-MS (Al, As, Ba, Cd, Co, Cr, Cu,
Fe, Mn, Ni, Sb, Sr, V, Zn); part of the filtrate was analysed (unacidified) for chloride (Cl) on
a discrete analyser, and ammonium (NH,"), OC, and IC on the SFA. Remaining filtrate was
further fractionated through rapid batch fractionation to analyse the dissolved HS (Van
Zomeren & Comans, 2007).

SMA4.2 Geochemical modelling

For the pH-dependent tests, total reactive surface inputs were based on the amounts
measured before filling of the LSRs. The L/S was based on the final L/S (~10 I/kg). pH was
directly measured, with pe calculated assuming moderately oxidizing conditions with a
pH + pe of 12, based on the relation of van Raffe, Dijkstra, et al. (2025) which used similar
samples and on an evaluation of the pH dependent leaching of the redox sensitive ele-
ments Fe and Mn. Assumed mineral forms and deviations from the generic parameter
sets for the NICA-Donnan (Milne et al., 2001, 2003) and GTLM model (Dzombak & Morel,
1990) are listed in Table S4.1.

For the extracts of the solid waste in the mesh bags (hereafter “mesh bag extracts”),
model inputs were similar to those used for the pH-dependent test, except for pe. Con-
sidering the different redox environments in the LSRs, both a pH + pe of 6 (reduced) and
12 (moderately oxidized) were used in the model, in order to evaluate the influence of
tials are based on the potentials measured in the LSR, yet are slightly elevated to account
for potential oxidation during sampling, storage, sample pre-treatment, and sample
extraction. Considered mineral forms for the mesh bag extracts modelling are listed in
Table S4.2, used binding parameters are identical to those used for the pH dependent
test (Table S4.1).



Supplementary results

SR4.1 pH dependent leaching

The measured and modelled pH dependent solubility of elements show similarity for
the waste sampled for the LSR study and for waste sampled from the same landfills in
2016 and 2017 prior to instigation of active treatment (TO; Figures S4.1 & S4.2). The TO
samples have previously been carefully investigated (van Raffe, Dijkstra, et al., 2025), and
the identified general leaching patterns identified for the TO samples are also observed
for the LSR waste. The lack of a significant change in mechanisms after 7 years of active
treatment is a potential indication of the limited effects of in-situ active treatment.

The pH-dependent leaching behaviour of reactive elements can be distinguished be-
tween anionic (As, Mo, P, and Sb) with a solubility minimum around pH 5, and cationic
(Al, Ba, Ca, Cd, Co, Cr, Cu, Fe, Mg, Mn, Ni, Pb, Sn, Sr, V, Zn) with a variable pH of minimum
solubility related to the affinity of the cation to bind to OM and the element’s tendency to
hydrolyze (van Raffe, Dijkstra, et al., 2025). For a detailed discussion on element behaviour
and model performance, see van Raffe et al. (van Raffe, Dijkstra, et al., 2025). However, a
significantly improved model description of Cr is achieved compared to van Raffe et al.
(Figure S4.2), based on recently derived improved HS binding parameters for this metal
(van Raffe, Comans, et al., 2025). Where Cr was predicted to be solely bound to HS in both
the solid and dissolved phase in the TO modelling (van Raffe, Dijkstra, et al., 2025), here
Cr is predicted to be predominantly bound to Fe/Al (hydr)oxides in the solid phase and
to occur as HA-bound and inorganic Cr-hydroxyl species in the dissolved phase (Figure
S4.3).



Supplementary Tables

Table S4.1 Considered minerals and parameters differing from the generic parameter databases in
the modelling of the pH dependent test

Element Mineral ND parameters GTLM parameters
Al Gibbsite, Wairakite
As -
Ba BaSrSO, [50% Bal, Barite
Ca Calcite, Ca;,H[PO4]5:3 H,0,
Wairakite
cd - (Wiersma et al., 2025)
Co -
Cr -
Cu Tenorite (Wiersma et al., 2025)
Fe Ferrihydrite (Appelo et al., 2002)
K -
Li -
Mg Nesquehonite, struvite,
brucite
Mn Rhodochrosite, pyro-
chroite
Mo PbMoO4
Na -
Ni -
NH,* Struvite
Pb PbMoO,, Pb[OH],
P Struvite, Ca,H[PO4];:3
H,0
S Barite, BaSrSO4
Sb -
Si Wairakite, Willemite,
Sepiolite
Sn SnH20H6-2
Sr BaSrSO4 , Strontianite
Zn Willemite
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Table S4.2 Minerals considered during the modelling of the water extracts and additional minerals

added for the modelling of the LSR leachate.

Element Minerals water extract Minerals further added for LSR
Al Gibbsite, Wairakite
As -
Ba BasSrSO, [50% Ba], Barite, Witherite
Ca Calcite, Cas[PO,],, Wairakite
cd Cd[OH],, Otavite CdS[s]
Co CoCO;3, Co50,
Cr CrOH;
Cu Tenorite, Chalcocite, Malachite
Fe Ferrihydrite, Greigite, Siderite
K -
Li -
Mg Brucite, Nesquehonite, Sepiolite,
Struvite
Mn Rhodochrosite, Pyrochroite
Mo PbMoO,
Na -
Ni -
NH,* Struvite
Pb PbMoO,, Pb[OH], Galena
P Struvite, Ca,H[PO,]5:3 H,O
S Barite, BaSrSO,, Chalcocite, Macki-  CdS[s] (F. Wang & Tessier, 1999),
nawite ZnS (am)
Sb -
Si Wairakite, Willemite, Sepiolite
Sn H,Sn(OH)g™
Sr BaSrSO,, Strontianite
Zn Willemite, Smithsonite ZnS (am)
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Figure S4.1 Concentration of dissolved fulvic acid (top) and dissolved humic acid (bottom) as a
function of pH in UPW extracted solid waste sampled at different depths in a landfill before start of
active treatment (top, mid, bot samples) or sampled across the entire landfill depth after ~6 years of
active treatment (LSR).
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Figure S4.2 Measured (markers) and modelled (lines) concentrations of elements as a function of
pH in ultrapure water extracts of solid waste sampled from three different landfill sites, Braamber-
gen, Kragge, and Wieringermeer. Waste samples were sampled in 2016 and 2017 prior to field-scale
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Figure S4.2 Measured (markers) and modelled (lines) concentrations of elements as a function of pH
in ultrapure water extracts of solid waste sampled from three different landfill sites, Braambergen,
Kragge, and Wieringermeer. Waste samples were sampled in 2016 and 2017 prior to field-scale ac-
tive treatments at three different depths (TO-Top, -Mid and -Bottom, see also van Raffe, Dijkstra, et al.
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Figure S4.2 Measured (markers) and modelled (lines) concentrations of elements as a function of pH
in ultrapure water extracts of solid waste sampled from three different landfill sites, Braambergen,
Kragge, and Wieringermeer. Waste samples were sampled in 2016 and 2017 prior to field-scale ac-
tive treatments at three different depths (TO-Top, -Mid and -Bottom, see also van Raffe, Dijkstra, et al.
(2025)) and sampled at the same sites after 6 years of active treatment (LSR) (Continued)
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Figure S4.2 Measured (markers) and modelled (lines) concentrations of elements as a function of
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Figure S4.3 Model calculated dissolved phase speciation only (top) and combined solid and dis-
solved speciation (bottom) of Cr as a function of pH in UPW extracts of waste from three different
landfills.
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Figure S4.4 Trends in pH measured in UPW extracts of solid waste sampled at different times from
landfill simulation reactors operated under different conditions. The vertical dotted lines indicate
the date at which the Recirculation-Aeration LSR switched from recirculation to aeration (blue) and
when the aeration LSRs of Braambergen and Kragge switched from aeration to anaerobic condi-
tions (green).
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Figure S4.5 Measured (markers) and modelled (lines) concentrations of Cu and Fe in UPW extract of
solid waste sampled at different times from landfill simulation reactors operated under different condi-
tions. The vertical dotted lines indicate the date at which the Recirculation-Aeration LSR switched from
recirculation to aeration (blue) and when the aeration LSRs of Braambergen and Kragge switched from
aeration to anaerobic conditions (green). For modelling calculations, redox conditions were assumed as
pH + pe = 12 (oxidized, solid line) or pH + pe + 6 (reduced, dotted line).
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Figure S4.6 Measured (symbols) and modelled (lines) concentrations of contaminants in the leach-
ate of the Wie LSR during operation under different operational conditions. The blue vertical dot-
ted lines indicate the date at which the Recirculation-Aeration LSR switched from recirculation to
aeration (blue) and when the aeration LSRs of Braambergen and Kragge switched from aeration to
anaerobic conditions (green).
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Figure S4.7 Measured concentrations of contaminants not listed in Figure 4.3 in the LSR leach-
ate during LSR operation under different operational conditions. The vertical dotted lines indicate
the date at which the Recirculation-Aeration LSR switched from recirculation to aeration (blue) and
when the aeration LSRs of Braambergen and Kragge switched from aeration to anaerobic condi-
tions (green). (Continued)



Braambergen

Wieringermeer

16n eg

16n 1S

1bw e)

1bw g

@  Aeration

Figure $4.7 Measured concentrations of contaminants not listed in Figure 4.3 in the LSR leach-
ate during LSR operation under different operational conditions. The vertical dotted lines indicate
the date at which the Recirculation-Aeration LSR switched from recirculation to aeration (blue) and
when the aeration LSRs of Braambergen and Kragge switched from aeration to anaerobic condi-

tions (green).(Continued)
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Figure S4.8 Measured concentrations of inorganic carbon in the LSR leachate during LSR opera-
tion under different operational conditions. The vertical dotted lines indicate the date at which the
Recirculation-Aeration LSR switched from recirculation to aeration (blue) and when the aeration LSRs
of Braambergen and Kragge switched from aeration to anaerobic conditions (green).
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Figure $4.9 Measured (symbols) and modelled (lines) concentrations of contaminants in the LSR leach-
ates during LSR operation under different operational conditions. The vertical dotted lines indicate the
date at which the Recirculation-Aeration LSR switched from recirculation to aeration (blue) and when
the aeration LSRs of Braambergen and Kragge switched from aeration to anaerobic conditions (green).
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Figure $4.9 Measured (symbols) and modelled (lines) concentrations of contaminants in the LSR
leachates during LSR operation under different operational conditions. The vertical dotted lines
indicate the date at which the Recirculation-Aeration LSR switched from recirculation to aeration
(blue) and when the aeration LSRs of Braambergen and Kragge switched from aeration to anaerobic
conditions (green). (Continued)
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Figure $4.9 Measured (symbols) and modelled (lines) concentrations of contaminants in the LSR
leachates during LSR operation under different operational conditions. The vertical dotted lines
indicate the date at which the Recirculation-Aeration LSR switched from recirculation to aeration
(blue) and when the aeration LSRs of Braambergen and Kragge switched from aeration to anaerobic
conditions (green). (Continued)
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Figure S4.10 Root mean square error (RMSE) of the logarithmic difference between measured and
modelled dissolved concentrations of elements in leachate of landfill simulation reactors operated
under different conditions.



Figure S4.11 Model calculated dissolved phase speciation of contaminants in the Kragge LSRs as
a function of time. The vertical dotted lines indicate the date at which the Recirculation-Aeration

LSR switched from recirculation to aeration (blue) and when the aeration LSRs of Braambergen and
Kragge switched from aeration to anaerobic conditions (green).
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Figure $4.12 Model calculated solid and dissolved phase speciation of contaminants in all Recircu-
lation-Aeration LSRs as a function of time. The blue vertical dotted lines indicate the date at which
the Recirculation-Aeration LSR switched from recirculation to aeration.
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Figure S4.12 Model calculated solid and dissolved phase speciation of contaminants in all Recircu-
lation-Aeration LSRs as a function of time. The blue vertical dotted lines indicate the date at which
the Recirculation-Aeration LSR switched from recirculation to aeration (Continued)
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Figure $4.12 Model calculated solid and dissolved phase speciation of contaminants in all Recircu-

lation-Aeration LSRs as a function of time. The blue vertical dotted lines indicate the date at which
the Recirculation-Aeration LSR switched from recirculation to aeration (Continued)
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Figure $4.12 Model calculated solid and dissolved phase speciation of contaminants in all Recircula-
tion-Aeration LSRs as a function of time. The blue vertical dotted lines indicate the date at which the
Recirculation-Aeration LSR switched from recirculation to aeration (Continued)
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Figure S4.13 Model calculated solid and dissolved phase speciation of Fe in all LSRs as a function
of time. The vertical dotted lines indicate the date at which the Recirculation-Aeration LSR switched
from recirculation to aeration (blue) and when the aeration LSRs of Braambergen and Kragge
switched from aeration to anaerobic conditions (green).
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Figure S4.14 Model calculated solid and dissolved phase speciation of Cr in all LSRs as a function
of time. The vertical dotted lines indicate the date at which the Recirculation-Aeration LSR switched
from recirculation to aeration (blue) and when the aeration LSRs of Braambergen and Kragge
switched from aeration to anaerobic conditions (green).
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Figure S4.15 Model calculated solid and dissolved phase speciation of Ni in all LSRs as a function
of time. The vertical dotted lines indicate the date at which the Recirculation-Aeration LSR switched
from recirculation to aeration (blue) and when the aeration LSRs of Braambergen and Kragge
switched from aeration to anaerobic conditions (green).
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Figure S4.16 Model calculated solid and dissolved phase speciation of Mg in all LSRs as a function
of time. The vertical dotted lines indicate the date at which the Recirculation-Aeration LSR switched
from recirculation to aeration (blue) and when the aeration LSRs of Braambergen and Kragge
switched from aeration to anaerobic conditions (green).
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GEOCHEMICAL PROCESSES CONTROLLING IN-SITU CON-
TAMINANT SOLUBILITY IN LANDFILLS






SM5.1 Grout tests

The VMS were installed using a grout mixture to ensure there is proper contact between
sampling ports and surrounding waste. Considering the found elevated pH values to-
gether with inconsistent contaminant concentrations measured in certain ports, there is
a likelihood of grout leakage. The influence of this grout leakage on OM behaviour was
investigated in two steps.

Firstly, batch leaching tests were conducted, in which solid waste samples were extracted
with ultrapure water (UPW) at a L/S ratio of 10 in six parallel batches at different pH levels.
To achieve this, pH was manipulated by adding the grout mixture as used during VMS
installation. After 48 hours of equilibrium, the samples were centrifuged at 3750 RPM for
20 minutes and subsequently filtered over a 0.45 um filter. The filtrate was further treated
with rapid batch fractionation (van Zomeren & Comans, 2007).

Secondly, the effect of elevated Al concentrations found in the grout on the coagulation
of HA and FA were investigated. Batch systems were created with either HA (300 mg C ")
or FA (100 mg C I'") and 40 ml of UPW or with the addition of 0.56 mM AlCI;'6 H,0. The
solutions were raised to pH 12 either through addition of 1 M NaOH or through addition
of the original grout mixture. The solutions were equilibrated end-over-end for 48 hours
at 30 RPM, centrifuged for 20 minutes at 3750 RPM, and decanted. The supernatants were
filtered over a 0.45 pm syringe filter and an aliquot was brought to pH 8.75 - 9.5 and mea-
sured for DOC. Remaining solution was once more subjected to rapid batch fractionation.
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Figure S5.1 The sodium to chloride ratio as a function of depth in two vadose monitoring systems
(VMS), VMS A (red circles), VMS B (beige squares), and leachate sampled simultaneously (dashed

line) in October 2022 (left) and May 2023 (right).
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Figure S5.2 Measured concentrations of the non-reactive contaminant chloride (Cl), potassium (K),
lithium (Li), and sodium (Na) as a function of depth in two vadose monitoring systems (VMS), VMS A
(red circles), VMS B (beige squares), and leachate sampled simultaneously (dashed line) in October
2022 (left) and May 2023 (right).
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Figure S5.3 Measured pore water concentrations in VMS A (circles) and VMS B (squares) against
model results of non-reactive contaminants in October 2022 (left) and May 2023 (right). The 1:1
line is represented by the solid line; 10 times higher and 10 times lower predicted concentrations
are represented by dashed lines. VMS B ports influenced by grout leakage are marked by triangles.

Sampling ports close to the surface are coloured red, deeper ports are coloured black.
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Figure S5.4 Measured inorganic carbon as a function of depth in two vadose monitoring systems
(VMS), VMS A (red circles), VMS B (beige squares), and leachate sampled simultaneously (dashed

line) in October 2022 (left) and May 2023 (right).
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Figure S5.5 Humic substance fractions and total dissolved organic carbon measured in 1:10
water:waste solutions with solution pH adjusted using A) 0.1 M HCl and 0.1 M NaOH; B) grout used
to fill the vadose monitoring systems. Relative amounts of humic substance fractions of DOC mea-
sured in 1:10 water:waste solutions with solution pH adjusted using C) 0.1 M HCl and 0.1 M NaOH;
D) grout used to fill the vadose monitoring systems.
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Figure S5.6 Measured concentrations of reactive ions as a function of depth in two vadose monitor-

ing systems (VMS), VMS A (red circles), VMS B (beige squares), and leachate sampled simultaneously
(dashed line) in October 2022 (left) and May 2023 (right).
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Figure S5.6 Measured concentrations of reactive ions as a function of depth in two vadose monitor-

ing systems (VMS), VMS A (red circles), VMS B (beige squares), and leachate sampled simultaneously
(dashed line) in October 2022 (left) and May 2023 (right). (Continued)



October 2022 May 2023
=
=
3
Q
— 1.0 1.2 0.0 0:2 0.5 0.8 1.0 1.2
[0
8 01 T T
€
? w
é 51 Bl e e e e ] .Q:)
= S
<10 =
Q.
q) T T
Q 1500 1500
0. T T
l d
] o sl ot o
51 Oy T g==== - mmmmafmmm-— -0 -
Q
101 " -
FFF AGiTat T3 L Elai
1 000 2 000 3000 1000 2 000 3000
0. T T
| d
5 TP %
1 3
Q
101 oA =
: ; —l . p= . .
0 50 100 150 0 50 100 150

Figure S5.6 Measured concentrations of reactive ions as a function of depth in two vadose monitor-
ing systems (VMS), VMS A (red circles), VMS B (beige squares), and leachate sampled simultaneously
(dashed line) in October 2022 (left) and May 2023 (right). (Continued)
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Figure S5.7 Ammonium concentration as a function of depth in two vadose monitoring systems
(VMS), VMS A (red circles), VMS B (beige squares), and leachate sampled simultaneously (dashed
line) in October 2022 (left) and May 2023 (right).
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Figure S5.8 Measured pore water concentrations in VMS A (circles) and VMS B (squares) against
model results of reactive contaminants in October 2022 (left) and May 2023 (right). The 1:1 line
is represented by the solid line; 10 times higher and 10 times lower predicted concentrations are
represented by dashed lines.VMS B ports influenced by grout leakage are marked by triangles. Sam-
pling ports close to the surface are coloured red, deeper ports are coloured black.
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Figure S5.8 Measured pore water concentrations in VMS A (circles) and VMS B (squares) against
model results of reactive contaminants in October 2022 (left) and May 2023 (right). The 1:1 line
is represented by the solid line; 10 times higher and 10 times lower predicted concentrations are
represented by dashed lines.VMS B ports influenced by grout leakage are marked by triangles. Sam-
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pling ports close to the surface are coloured red, deeper ports are coloured black. (Continued)
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Figure S5.8 Measured pore water concentrations in VMS A (circles) and VMS B (squares) against model
results of reactive contaminants in October 2022 (left) and May 2023 (right). The 1:1 line is represented
by the solid line; 10 times higher and 10 times lower predicted concentrations are represented by dashed
lines. VMS B ports influenced by grout leakage are marked by triangles. Sampling ports close to the sur-
face are coloured red, deeper ports are coloured black. (Continued)
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Figure S5.9 Measured pore water concentrations in VMS A (circles) and VMS B (squares) against
model results at a more reduced condition of pH + pe = 4 of redox-sensitive contaminants, in Octo-
ber 2022 (left) and May 2023 (right). The 1:1 line is represented by the solid line; 10 times higher and
10 times lower predicted concentrations are represented by dashed lines. VMS B ports influenced by
grout leakage are marked by triangles. Sampling ports close to the surface are coloured red, deeper
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Figure S5.10 Measured pore water concentrations in VMS A (circles) and VMS B (squares) against
model results of ammonium in October 2022 (left) and May 2023 (right). The 1:1 line is represented
by the solid line; 10 times higher and 10 times lower predicted concentrations are represented by
dashed lines.VMS B ports influenced by grout leakage are marked by triangles. Sampling ports close
to the surface are coloured red, deeper ports are coloured black.
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Figure S5.11 Geochemical model calculated solid phase (top) and dissolved phase (bottom) spe-
ciation of arsenic in landfill pore water as a function of depth in vadose monitoring systems (VMS)

A and B in October 2022 and May 2023. Important to note model calculations below 11 metres for
VMS B in October 2022 are inadequate.
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Figure S5.12 Geochemical model calculated solid phase (top) and dissolved phase (bottom) specia-
tion of chromium in landfill pore water as a function of depth in vadose monitoring systems (VMS)
A and B in October 2022 and May 2023. Important to note model calculations below 11 metres for
VMS B in October 2022 are inadequate.
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Figure S5.13 Geochemical model calculated solid phase (top) and dissolved phase (bottom) spe-
ciation of copper in landfill pore water as a function of depth in vadose monitoring systems (VMS)
A and B in October 2022 and May 2023. Important to note model calculations below 11 metres for

VMS B in October 2022 are inadequate.
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Figure S5.14 Geochemical model calculated solid phase (top) and dissolved phase (bottom) specia-
tion of iron in landfill pore water as a function of depth in vadose monitoring systems (VMS) A and
B in October 2022 and May 2023. Important to note model calculations below 11 metres for VMS B
in October 2022 are inadequate.
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Figure S5.15 Geochemical model calculated solid phase (top) and dissolved phase (bottom) specia-
tion of nickel in landfill pore water as a function of depth in vadose monitoring systems (VMS) A and
B in October 2022 and May 2023. Important to note model calculations below 11 metres for VMS B
in October 2022 are inadequate.



3 October 2022 May 2023
6.5
> .
species
‘©'9.6 Mineral precipitate
8 Sorbed to clay
b= Sorbed to HA
> Sorbed to FA
? 13 Sorbed to oxides
Inorganic
é 3 Free
< Phase
3 Solid
Q65 Dissolved
w
9.6
3 25 50 75 100 0 % 50 75 100
Relative Mg concentration [%]
” October 2022 May 2023
o 4
6.5 1
>
"©'9.6
% Phase
R ODissolved
@ 13 species
' Sorbed to HA
g. 3 ;Sorbed to FA
< norganic
g Free
[
06.5
9.6
3 25 50 15 100 0 2% 50 75 100

Relative Mg concentration [%]

Figure S5.16 Geochemical model calculated solid phase (top) and dissolved phase (bottom) specia-
tion of magnesium in landfill pore water as a function of depth in vadose monitoring systems (VMS)
A and B in October 2022 and May 2023. Important to note model calculations below 11 metres for
VMS B in October 2022 are inadequate.
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Supplementary Tables

Table S5.1 Characteristics of the solid waste sampled around the VMS

Layer Depth SHA® SHA® Clay Fe-Asc® AI-AmOx° Fe-DCB* AI-DCB*
[m - sur-
face] [g/kg]
Top 0-6 5.06 0.93 53.32 11.49 423 26.96 553
Mid 6-12 2.09 0.29 53.32 10.18 1.96 22.01 2.03
Bot 12-18 5.16 0.79 53.32 6.12 3.15 14.94 3.51
*Solid humic acid and solid fulvic acid, determined according to (ISO 12782-4, 2012)
® Amorphous Fe, measured according to (ISO 12782-1, 2012)
¢Amorphous Al, measured according to (ISO 12782-3, 2012)
4 Crystalline iron- and aluminium (hydr)oxides, measured according to (ISO 12782-2, 2012)
Table S5.2 Elemental concentration of the grout used during installation of the VMS
Ca Na EC (mS/
Cl(mg/l) Li(mg/l) Cr(mg/l) Al(mg/l) (mg/l) K(mg/l) (mg/ll) pH (-) cm)
Grout 299 0.4 1.3 18.3 4.9 379 2770 129 224
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Table S5.3 Adaptations from generic binding parameters and relevant mineral forms of the model

set-up of this paper.

Element Minerals Parameters

Al Gibbsite

As -

Ba Barite

Ca Calcite

Cd Otavite

Co -

Cr -

Cu Chalcocite

FA: (Hiemstra & van Riemsdijk,
Ferrihydrite, Franklinite, Siderity, 2006) HFO (Fe*): (Appelo et al.,

Fe (Pyrite) 2002)

K -

Li -
Mg Magnesite, Brucite
Mn Rhodocrhrosite, pyrochroite
Mo -

NH4+ ruvi
Ni Ni[OH],
P CaHPO,
HFO: (Meima & Comans, 1998a),
Pb Pb(OH), HA & FA: (Xiong et al., 2013)
Barite, Chalcocite, (Sphalerite),

S (Pyrite)

Sb -

Si Sepiolite

Sn Sn[OH],

Sr Strontianite

\'

Zn Willemite, ZnCO3, (sphalerite)




Table S5.4 Calculated root mean square errors between the logarithm of model calculated and
measured dissolved concentrations for each element, taking into account all samples (total), all ex-
cept grout influenced samples (total - grout), only grout influenced samples (grout), all samples
between 3 - 6.5 metres below the surface (top layer), all samples between 9.5 - 13 metres (Bottom
layer), all samples between 9.5 — 13 metres except those influence by grout (Bot — grout). Samples
considered to be inadequately modelled (RMSE > 1) are boldened.

Al Ba Li Mo  Sb Sn Sr Vv As Ca Co Cr Cu Fe K

Total 1.41 046 093 1.68 063 1.05 037 091 057 1.16 1.02 1.28 062 049 042
Total -

grout 1.15 037 098 1.76 041 047 037 091 055 1.22 093 1.25 054 045 042
Top

only 073 045 099 143 045 0.12 046 070 063 1.09 1.08 1.49 057 058 045
Bot

only 1.88 047 085 190 078 1.49 025 1.09 051 1.23 095 1.01 066 039 040
Bot -

grout 1.60 0.25 095 2.12 034 087 020 1.16 039 138 066 0.79 048 0.18 0.38

Mg Mn Na Ni P Pb S Si Zn Cl NH4 Cu* Fe* Mn* Zn*

Total 046 059 020 1.36 1.07 1.31 0.77 051 137 1.11 062 3.03 040 0.58 044
Total -

grout 046 042 019 1.31 077 1.21 052 042 145 1.14 057 3.06 030 042 045
Top

only 038 044 021 1.41 091 033 063 052 155 1.17 066 3.04 037 044 044
Bot

only 0.54 071 018 1.29 1.22 1.85 090 050 1.14 1.05 057 3.03 042 0.71 044
Bot -

grout 0.56 040 0.17 1.14 048 1.83 031 022 1.27 1.10 040 3.09 0.18 040 0.46

Table S5.5 Distribution of DOC fractions in batch systems at pH 12 (achieved with TM NaOH) with
HA (300 mg C/1) and ultrapure water (UPW) and pure FA (100 mg C/I) and UPW and batch systems in
which Al was added at 15 mg/I. Additional systems (HA-grout & FA-grout) where pH 12 was achieved
by adding grout solution.

HA FA Hy HON DOC Recovery

(mg C/l) (mg C/l) (mg C/l) (mg C/l) (mg C/l) (%)
HA-UPW 251.0 1.7 4.0 7.3 2953 92.8
HA-AI 254.5 12.2 4.0 4.5 288.3 95.4
HA-Grout 0.9 25 24 1.3 6.2 114.1
FA-UPW 2.2 73.6 3.2 13.7 99.0 93.6
FA-Al 25 74.0 35 4.1 99.0 84.9
FA-Grout 0.2 22.7 2.1 3.2 28.2 99.9
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SUMMARY

Waste generation is increasing globally. Governments are striving to manage the gener-
ated waste via sustainable strategies such as recycling, yet a share of (untreatable) waste
needs to be landfilled. Landfilled waste may lead to adverse impacts on human health
and the environment, as landfills are a significant source of the greenhouse gas methane
and of leachate rich in contaminants. Such adverse impacts are traditionally reduced via
sealing of the waste with impermeable barriers together with capture and treatment
of the gas and leachate; an effective method, yet in which degradation processes are
halted and the potential to pollute remains. Consequently, costs of replacing the barrier
and treating the leachate are shifted to future generations. A potentially more sustain-
able method of landfill management is to instead actively stabilize the waste via active
introduction of air (aeration) or recirculation of the leachate (leachate recirculation). This
so-called ‘active treatment’ intends to either degrade, flush, or retain contaminants, to a
point where the waste ultimately no longer poses a threat to the environment.

To assess the potential of active treatment, three Dutch landfill-scale pilots were instigat-
ed with the infrastructure to extensively monitor changes in gas quality, leachate quality,
and changes in the solid waste. This thesis specifically focused on changes in leachate
quality during active treatment and aimed to elucidate the underlying geochemical
mechanisms. This was done by conducting experiments from the lab- to the field scale,
for each scale identifying the main controlling parameters. The lab experiments were
supported by multi-surface geochemical model calculations - calculations which com-
bine models predicting ion-binding to reactive surfaces (clay, metal (hydr)oxides, organic
matter) with a thermodynamic database to calculate inorganic speciation and mineral
precipitation. Thus, the distribution of contaminants across different chemical species
could be identified, which can be linked to processes controlling contaminant solubility.

Mechanisms were first identified in chapter 2 in the most well-defined lab set-up: the
pH-dependent test. The pH-dependent solubility of contaminants was determined ex-
perimentally, which was supported by geochemical model calculations to identify three
distinct contaminant groups: non-reactive contaminants, reactive anions, and reactive
cations. Non-reactive contaminants had only limited interaction with the solid waste and
did not show any pH-dependent solubility. Reactive ions did have a pH-dependent solu-
bility, with a maximum solubility around the upper and lower ends of the pH range. Reac-
tive anions had a minimum solubility around pH 5, steered by binding to metal (hydr)
oxides. Reactive cations had a minimum solubility at varying pH, based on the cations’
tendency to hydrolyse (resulting in a solubility minimum at higher pH) and their affin-
ity to bind to organic matter (OM) (resulting in a solubility minimum at lower pH). The
mechanisms steering solubility varied between reactive cations and included binding to
OM, binding to metal (hydr)oxides, and the formation of mineral precipitates. Ammonium

Summary




Summary

(NH,") surprisingly showed behaviour akin to a reactive cation with a solubility minimum
around pH 8. The distinction between non-reactive contaminants, reactive anions, and
reactive cations formed the basis of contaminant behaviour interpretation in the next
chapters. Additionally, a discrepancy was observed between geochemical model calcula-
tions and experimental results for NH,", due to the absence of binding parameters, and
chromium (Cr), likely due to poor OM-binding parameters.

A first step in improving model calculations was taken in chapter 3, where new OM-
binding parameters were derived for Cr. Adsorption experiments were conducted where
at different pH levels and in the presence of humic- or fulvic acid, the solution was titrated
with Cr and free Cr was measured to determine total adsorption. This data was used to
fit NICA-Donnan parameters, which could only be done by considering the binding of
the free Cr** species and the binding of Cr,(OH),*. The derived parameters were com-
pared against the originally existing parameters using three independent datasets. The
newly derived parameters showed a significant improvement in predicting Cr binding to
specific OM fractions, and in predicting free Cr concentrations. However, in soil samples
marked with low amounts of (dissolved) OM, binding of Cr was underestimated and the
prediction of dissolved Cr worsened when compared to predictions using the original
parameter set. It was thus concluded that the newly derived Cr parameters were a sig-
nificant improvement in predicting environmental Cr speciation, yet that care should be
taken when applying the parameters to low OM environments.

On a larger scale than the pH-dependent test, 60L landfill simulation reactors containing
waste from all three landfills were applied to identify effects of leachate recirculation,
aeration, and their combination on contaminant solubility in chapter 4. Leachate recircu-
lation was marked by strongly reduced conditions, where dissolved OM concentrations
were stable and pH increased. Based on their identified pH-dependent solubility, the
change in pH resulted in an increase for most contaminants due to hydrolyzation and
mineral dissolution. Contrary to the pH-dependent test, the landfill simulation reactors
supported by geochemical modelling identified that for several contaminants, i.e. Cd,
Cu, Fe, Mn, and Zn, their solubility was steered by the formation of sulphide minerals.
Aeration resulted in oxidized conditions, decreased dissolved OM, and decreased pH.
The oxidized conditions led to a dissolution of sulphide minerals with a corresponding
increased solubility of associated elements, which subsequently decreased as other min-
eral precipitates were formed or the elements bound to different reactive surfaces. Am-
monium concentrations strongly decreased during aeration as the presence of oxygen
allowed for the process of nitrification and NH," was transformed to nitrate. The landfill
simulation reactors ultimately showed the importance of redox conditions, and that in
active treatment there is a precarious balance, and switching treatments and changing
redox conditions may lead to a decrease in some contaminants and an increase in others.



Solubility of contaminants was finally explored on the landfill scale in chapter 5 by
sampling pore water from one of the landfills using vadose monitoring systems. A high
covariance could be observed between the different parameters. Concentrations of
dissolved OM and contaminants increased with depth yet sharply decreased below 12
metres, likely due to the presence of an impermeable layer. By combining the insights of
the previous chapters and estimating solid waste properties based on solid waste extrac-
tions, the geochemical model could capture these trends well for most contaminants.
Thus, the importance of binding to specific reactive surfaces, formation of minerals, and
importance of redox could be coupled to specific contaminants, and their concentrations
could be well-predicted based mostly on measurements of pH and dissolved OM. This
shows the applicability of geochemical models to identify contaminant speciation even
in such complex systems.

Finally, all content chapters were synthesized in chapter 6, and their findings were out-
lined against the overall research goal of elucidating mechanisms underlying contami-
nant solubility in landfills. A reflection was made of the used methodologies in this thesis,
particularly regarding the investigation of the different scales (what scales tell what) and
the different assumptions made and problems encountered when applying the multi-
surface model. Considering the poor model description of NH," in the different content
chapters, an attempt was made at improving this description by performing NH,-OM
adsorption experiments and by modelling pH-dependent NH," solubility considering
selective binding to clay; particularly the latter proved promising for future studies. The
implications of this thesis’ findings for active treatment were discussed by interpreting
changes in leachate quality of the full treated landfills and by discussing the criteria for
when a landfill can be considered safe for the environment. Ultimately, this thesis’ find-
ings show the potential and the pitfalls when actively treating landfill waste to reduce
contaminant emissions.
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